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Summary 
Australia has a successful history of recycling kerbside collected municipal metal, plastic and 
paper. The progressive implementation of many garden waste collection and diversion programs has 
also furthered a reputation for high municipal waste recycling rates. Yet, municipal food waste (FW) 
has largely remained untouched by efforts in recycling kerbside waste. FW instead is most 
commonly disposed of to landfill along with inert and non-recyclable metals, plastics and other 
municipal waste. In landfill, FW is a significant contributor to environmental pollution. Government, 
at all levels have therefore begun focusing on the diversion of FW away from landfill, using more 
stringent policy measures including landfill levies, source separation incentives and renewable 
energy incentives, to promote alternative collection and treatment methods. Whilst, many FW 
management and treatment alternatives are technologically feasible, the environmental and human 
health impact of treatment technologies have yet to be comprehensively assessed, especially in the 
context of Australia.  
Environmental and human health impact needs to be measured in a manner that can fairly 
compare FW treatment technologies. This is inherently difficult in waste management as treatment 
technologies often have different pre-requisite conditions to their treatment method, for example, 
household source separation of FW. Moreover, by-products from a treatment technology may have 
impacts or benefits to the environment. This necessitates a treatment technology to be considered 
as part of a wider waste management and treatment system. It is crucial, therefore, that the 
methodology for comparing the environmental impact be considered in the context of a waste 
service, ensuring the same quantity of waste collected and quality of treatment is maintained across 
systems. Not comparing systems in this way may lead to misleading outcomes, with the potential to 
shift the burden of environmental impact from one process to another.  
To ensure a more complete environmental evaluation, life cycle assessment (LCA) has become a 
widely used method for comparing waste management systems. LCA has been used in over 200 solid 
waste management studies worldwide, and over 22 papers focus explicitly on FW management. 
Many studies however have not compared systems but instead used LCA to investigate weak points 
of high environmental impact within systems, or have used the method to focus on the treatment 
process exclusively. Other studies use theoretical waste flows in their analysis and may often unfairly 
compare systems.  
This research focused on the whole waste service provision and used two Australian case studies 
in order to provide real life examples. The investigation focused on seven contemporary waste 
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management systems. Landfilling of FW along with gas capture represents the business-as-usual 
waste management system. The composting of FW and garden waste, either at a centralised 
composting facility or a small-scale home composter, were the second and third alternative systems 
assessed, whilst the remaining four systems were variations of waste management systems that 
utilise anaerobic digestion (AD) as the key FW treatment technology.  
AD is a technology that can generate energy and a valuable compost product from organic 
wastes. AD is most commonly used in Australia to treat sewage sludge (SS) generated at wastewater 
treatment plants (WWTPs).  Yet, within the past decade many AD facilities in Europe and east Asia 
have been successfully treating FW. A small number of WWTPs have also begun simultaneously 
treating FW and SS known as anaerobic co-digestion (AcoD). In these cases AcoD has been shown 
consistently to have a synergistic effect; making AD more efficient, boosting energy production, as 
well as stabilising and increasing the amount of key nutrients in the compost product. As WWTPs are 
the largest users of AD in Australia, with existing expertise, and often underutilised infrastructure. 
AcoD provides a unique opportunity for WWTPs as a practical means to optimise nutrient and 
energy recovery from sludge. Additionally, AcoD offers a new and localised treatment alternative of 
FW management. Therefore, AcoD formed the fourth FW management system assessed in this 
research using LCA. The fifth system was also based on AcoD but included a different FW collection 
mechanism – via in-sink maceration and sewer transportation. The sixth and seventh systems 
assessed were based on the AD of FW as a single susbtrate, with these systems being differentiated 
by either digesting source separated FW or mechanically separated FW.  
The use of LCA in this study for systems comparison aims to enable the ranking of FW 
management systems according to key environmental impact categories including global warming 
potential, acidification, eutrophication, ozone depletion, photochemical oxidation and human 
toxicity. The research also provided an insight into the effect of crucial parameters and assumptions 
through sensitivity analysis, as well as examining the effect inventory data uncertainty has on the 
results by using Monte Carlo analysis coupled with lognormal uncertainty distributions according to 
the pedigree matrix.  This research also provided a comprehensive mass balance across the entire 
waste service, depicting where and how much a certain type of waste stream or by-product comes 
from and ends up. Moreover, a life cycle costing (LCC) of all waste management systems was 
produced in order to determine the expected cost for all stakeholders involved in a waste service 
including local governments, contractors, and residents.   
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Waste management systems were then ranked from best to worst in terms of cost and 
environmental impact for all categories. In ranking seven of the most likely FW management systems 
this study provides waste managers and decision makers with the analysis and data to determine the 
most suitable waste management system for their waste catchments. The research also provides an 
analytical framework where decision makers are able to use sensitivity analysis to explore key 
parameters that can significantly alter the performance of systems. Moreover, the research provides 
uncertainty analysis for a probabilistic representation of performance that quantifies and compares 
the environmental risk associated with systems.  
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Chapter One 
1  Introduction 
1.1 Introduction and problem statement 
There is a growing need to divert municipal food waste (FW) from landfill. It represents one of 
the biggest waste streams ending up in landfill, where it contributes significantly to the generation 
of greenhouse gases and leachate. Governments at all levels in Australia recognise this problem and 
have highlighted their desire to divert greater quantities of FW. Some governments have initiated 
various policies, and financial incentives to support FW diversion. There are however difficulties in 
diverting FW, chiefly, the lack of available alternative treatment infrastructure and the cost of 
alternative treatments.  
The lack of infrastructure has provided a void whereby all alternative FW treatment technologies 
can be considered, but also an imperative to urgently develop treatment capacity. As such 
wastewater treatment plants have become interested in using their pre-existing anaerobic digestion 
(AD) expertise and infrastructure to co-digest sewage sludge (SS) with commercial and industrial 
food and organic waste. Australian water utilities Sydney water, Yarra Valley Water, Western Water, 
City West Water and South Australia (SA) Water have all developed their own anaerobic co-digestion 
(AcoD) research programs with Yarra Valley Water and Sydney Water including the possibility of 
using kerbside collected FW.  
Aside from AcoD, other technologies including composting and single feedstock FW AD have 
entered the FW treatment market. New centralised composting facilities that compost both garden 
waste and FW have been recently commissioned, and a number of AD plants treating industrial or 
commercial organic wastes are accepting limited quantities of FW, although the extent of AD’s use is 
largely undocumented. Because these alternative treatments can recycle valuable nutrients from FW 
by producing compost or biosolids and generate bioenergy, in the case of AD, they are generally 
considered by local governments as better for the environment than FW ending up in landfill 
(Metropolitan waste and resource recovery group, 2016; Zero Waste SA, 2010).  
However, some scientists, engineers and landfill operators have postulated that, with state-of-
the-art landfill gas (LFG) capture infrastructure, capping and leachate controls, a landfill is an 
adequate alternative treatment technology that recovers energy and reduces environmental impact 
(Buratti et al., 2015; Damgaard et al., 2011; Di Maria et al., 2016b; Pickin et al., 2010). This argument 
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is driven largely by the notion that LFG, generated by the degradation of the biodegradable fraction 
of waste in landfill cells, is either captured and used to generate energy, or contained under the cell 
cap instead of being emitted to the atmosphere. LFG is approximately 50% CH4 gas, a greenhouse 
gas that has more than twenty five times the global warming potential of CO2. As such when it is 
combusted to generate energy it is oxidised to the less impactful CO2, reducing the global warming 
potential of the air emissions. Further, to the argument is the use of leachate containment and 
treatment systems whereby highly polluted leachate cannot enter the groundwater, and is treated 
to remove pollutants.   
Assessing the capability of each of the many alternative FW treatment technologies’ to meet key 
objectives of governments, namely minimising environmental impact, minimising cost and 
prioritising resource recovery over disposal; is an innately complicated task. Many alternative FW 
technologies’ dictate changes to activities before and after their treatment processes’ (i.e. collection, 
pre-treatment and end-use activities); therefore there is a need to consider alternative FW 
treatments as part of a wider waste management system. Moreover, each government jurisdiction 
operates under different local parameters (i.e. different demographics leads to different collection 
regimes, waste rates, and waste quantities) which may affect the environmental and financial 
impact of a FW management system. Unfortunately, there is a limited amount of studies on the 
environmental and financial impacts of current FW management systems let alone on alternative FW 
management systems. Therefore to decide upon and implement an alternative FW management 
system which meets government goals is even more complicated.       
1.2 Objectives and scope of the study 
The central aim of this work was to determine the environmental and financial impact of 
treating kerbside collected FW with AD based waste management systems, including the AcoD of FW 
with SS, and identifying the specific factors that constrain the use of AD or AcoD, like key operating 
parameters, government policy settings, or competition from other FW management and treatment 
technologies. 
Therefore, the objectives of this work were to;  
I. Investigate and profile the existing use of AD and the influence of government policy on 
AD implementation in Australia 
II. Develop modelling tools to facilitate the determination of mass flows and life cycle 
inventory (LCI) data across FW management system processes, including AD and AcoD  
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III. Evaluate and examine the environmental impact using life cycle assessment (LCA) of AD 
and AcoD case studies, and compare the results against the environmental impact of 
other alternative FW management systems  
IV. Determine and examine the financial impact of AD and AcoD using life cycle costing (LCC), 
and compare against other alternative FW management systems 
V. Determine and test the effect of identified operating and policy scenarios on the 
environmental and financial impact of FW management systems including AD and AcoD  
VI. Disseminate this research to local councils, water utilities, and the wider waste 
management community in the form of a decision support tool   
1.3 Purpose of the work 
The primary purpose of the work was to empower decision makers to direct political will and 
financial support toward the best performing solution for FW management by providing up to date 
assessment and comparison of numerous FW management systems’ environmental and financial 
impact.  
A secondary purpose was to introduce new alternative FW management systems based on 
anaerobic co-digestion and as such assess the value of the anaerobic co-digestion of FW and sewage 
sludge for both wastewater utilities and municipal solid waste managers alike.  
1.4 Research questions 
 
I. To what extent is AD used overseas and in Australia to treat FW. And how do government 
policies support or limit alternative FW treatments?  
 
II. What are the most likely competing alternative FW management systems in the current 
Australian regulatory, social, environmental and financial context, aside from AD and 
AcoD? 
 
III. How do FW management systems including AD and AcoD compare in relation to their 
overall environmental impact?  
 
IV. How do FW management systems including AD and AcoD compare in relation to their 
overall cost? And to what extent can they recover energy and saleable products? 
 
V. Why, and to what extent, do key parameters contribute to environmental and financial 
impact? Including the effect of various policies and indirect societal costs (i.e. policy’s 
that promote energy and resource recovery from FW)? 
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1.5 Design of the research  
The literature review represented the first step of this work. It was divided into three 
components. Firstly, it focused on the extent and use of AD and AcoD in Australia and overseas. This 
stage of the research assessed the drivers and barriers of AD and AcoD in a select number of 
Organisation for Economic Cooperration and Development (OECD) jurisdictions. Most critically, this 
component included compilation of the first substantive published profile of AD technologies, the 
substrates fed into AD systems, and the determination of the use of AD bioenergy in Australia. The 
literature review also looked at the role government policy and incentives have played, or are 
playing, in limiting or promoting AD and AcoD in Australia. The second component of the literature 
review was to determine the FW treatment technologies that were likely to compete with AD or 
AcoD in the Australian context. The final component was to compile and critically assess previous 
decision support and analytical assessment tools for determining environmental impact and financial 
cost of systems. LCA and LCC  tools were assessed along with mass-balance modelling techniques. 
This component provided a foundation of work that informed subsequent stages. The literature was 
continually reviewed to ensure state of the art knowledge was included in the subsequent stages of 
the research.  
Stage one of the research, represents data collection, mass flow modelling and validation, and 
LCI development. This involved sourcing primary data through a series of industrial site visits and 
data surveys of local landfill, composting and digestion facilities. Primary data was also obtained 
from water utilities operated by Western Water, Sydney Water, and local government councils that 
provided data pertaining to their collection of kerbside waste, which assisted in validation of 
kerbside collection modelling results. Secondary data and background data was used to provide 
further context and complete data gaps. This data was gathered from procuring pre-existing LCI 
databases, primarily Ecoinvent and the Australasian Unit Process LCI, and from industry publications, 
contacts and peer-reviewed literature.   
Stage one also produced mass flow and input/output models for all processes within the waste 
management systems. In doing so, the stage provided the inventory for subsequent stages of LCA 
and LCC. It did not directly answer any overarching research questions, however, it provided the 
models and data required for subsequent steps. The outcomes were published in a one journal 
article and another currently under the 2nd round of review.     
In stage two, life cycle impact assessment (LCIA) and interpretation were the primary activities. 
The need to perform impact assessment and interpretation using an iterative approach meant that 
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stage two was often performed concurrently with stage one. Environmental impacts of different 
waste management systems under different scopes were concluded. The environment impacts 
assessed were abiotic depletion, fossil fuel depletion, global warming potential, ozone layer 
depletion, acidification, eutrophication and human toxicity. Sensitivity and uncertainty analysis were 
also performed, using both the adaptive inventory models produced in stage one and SimaPro 
software, to facilitate impact assessment. Uncertainty analysis was performed using Monte Carlo 
simulations, with the quality of the inventory data being quantified using the pedigree matrix. 
Rankings of systems across environmental impacts were achieved, and ranking with the inclusion of 
uncertainty data was also achieved using a novel approach. The adaptive mass flow modelling 
approach enabled flexibility of the decision support tool to include and exclude key flows, processes 
and parameters. The outcomes were published in two journal articles, with each publication 
representing different systems, waste services, and variables being assessed.   
Stage three, represented the integration of all prior stages of work with economic techniques to 
provide a financial analysis of systems. This involved both an Environmental LCC of all waste 
management systems and a Societal LCC. The sensitivity of the costing models was also investigated, 
and the flexibility of the decision support tool was demonstrated by the testing of different policy 
scenarios.   
1.6 Significance of the study 
Words for waste in many languages derive from either its uselessness or its repulsiveness. 
Understandably ancient civilisations focused on its swift removal and disposal away from townships 
and cities. In modern times with an ever increasing global population, unprecedented urbanisation 
and the creation of inexpensive consumer products; the quantity of waste societies manage has 
increased. Moreover, unintended consequences of waste management practices like high energy 
needs, the loss of finite resources, and globally significant environmental impacts, have made the 
pure disposal of waste an unsustainable activity.  
Given this context a belief has developed within the waste management industry that a 
transition is needed from the current resource inefficient, linear ‘take, make, dispose’ model of 
production and consumption to a resource efficient, ultimately regenerative system – ‘a circular 
economy.’ A circular economy, regarding the waste industry, dictates that waste is a resource and a 
resource that should be maintained at its highest utility at all times. At this juncture in time the 
technology and the political will may well be aligning in such a way to make the transition to a 
circular economy possible, for FW at least.  
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AD is a well-proven technology capable of both recovering energy and valuable nutrients from a 
perceived waste. Viewing the technology’s benefits alongside the waste management industry’s 
desire to prioritise energy recovery and recycling, it is difficult to understand why AD has not been 
used to any great extent to treat FW. The point of this work, therefore, is to add to AD knowledge 
and to demonstrate objectively and quantitatively the benefits and disbenefits, both 
environmentally and financially of using AD and AcoD for FW management. Moreover, the work 
seeks to illuminate the importance of a systems approach to FW management and using this context 
demonstrate and discuss the value of competing FW management systems. Finally, by using real-life 
local waste catchments as case studies the effect of local physical parameters and financial policy 
incentives can be probed providing a robust assessment of AD and AcoD to inform waste managers 
and local government decision making. 
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Chapter Two 
2 Overview of the thesis 
 
This thesis is organised into ten chapters, and is predominantly composed of journal papers 
either published in, being reviewed by, or prepared for submission to; Q1 ranked journals (the most 
influential 10% in their field according to SCImago). Each journal paper is presented as an individual 
chapter, being preceded by a literature review (Chapter 3) and completed by a conclusions and 
recommendations section (Chapter 10). The structure of the thesis is as follows: 
• Chapter 1 presents an introduction to the problem that motivates this thesis, as well as 
details the research objectives, purpose, design and significance.  
 
• Chapter 2 is an overview of the thesis structure. 
 
• Chapter 3 is a literature review that discusses the background of the research, along with 
descriptions of key studies that has paved the way for this work.  
 
• Chapter 4 presents a profile of anaerobic digestion (AD’s) utilisation in Australia. It 
compares the profile against a number of other OECD nations and examines the drivers 
and barriers in each nation, with an aim to enhance the fundamental understanding of 
the use of AD, and discuss the extent to which government policies have promoted its 
use.  
 
• Chapter 5 describes a deterministic kerbside waste collection model based upon 
Australian conditions. The chapter includes a detailed description and validation of the 
model using Australian local government case studies. It goes on to demonstrate the 
truck and fuel requirements associated with particular collection regimes including the 
addition of a dedicated kerbside bin for municipal food waste (FW). 
 
• Chapter 6 details a life cycle inventory (LCI) of seven FW management systems. The 
chapter includes descriptions of mass and energy balances across entire systems and 
argues the benefits of the inclusion of waste management system performance indicators 
to replace, or at least compliment, the existing waste management performance 
 Joel Edwards – PhD Thesis   Chapter 2—8 of 271 pages 
  
indicators that do not adequately portray the resource recovery efficiency of a waste 
management system.  
 
• Chapter 7 provides a life cycle assessment (LCA) comparing the environmental impacts of 
landfilling FW against the anaerobic co-digestion (AcoD) of FW with sewage sludge (SS). 
The chapters narrowed scope, whereby it focuses on two waste management systems, 
enabled an in-depth look at the effect of key sensitivities in the systems including 
methodological parameters like the accounting of biogenic carbon, the subtracting of 
environmental impacts caused by avoiding electricity generation from the grid mix, and 
whether a landfill performs under average or case specific conditions.  
 
• Chapter 8 is a complete LCA of all seven modelled waste management systems across 
two case studies. The chapter demonstrates the flexibility of the integrated inventory by 
expanding the system boundary to include garden waste. It ranks and compares all 
alternative systems, including AD based systems, against the current system, and includes 
detailed sensitivities of parameters pertaining to the technologies themselves. It also 
traduceses a novel ranking approach that incorporates uncertainties inherent in the LCI 
data. 
 
• Chapter 9 depicts a life cycle costing (LCC) of all seven waste management systems. It 
uses two methods of LCC; Environmental LCC and Societal LCC to provide a unique dual 
perspective of the cost of each FW management system. It also demonstrates the varied 
financial impact of systems across local governments in Australia.  
 
• The final chapter, Chapter 10, presents the concluding remarks of the work along with 
limitations and recommendations for future work.  
The diagram of the structure of the thesis, and how the thesis chapters relate to the objectives, 
is shown in Figure 2-1. 
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Figure 2-1 –  Overview of thesis 
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Chapter Three 
3 Literature review 
 
This literature review focuses on different topics relevant to the research including; alternative 
treatment technologies of municipal food waste (FW), the aspects of decision making in Australia, 
and the various decision making methods and tools that are, or have been, used. The review begins 
by clearly defining FW and the driving force behind why government, at all levels, are looking to 
divert FW from landfill and into alternative treatment methods. Secondly the review investigates the 
context and considerations critical for any FW management decision, and provides a summary of 
potential alternative treatments, along with providing an introduction to viewing FW treatment 
technologies as part of an integrated waste management system. Next the review looks into 
decision making methods, and finally, describes why life cycle assessments (LCA) is a preferred 
industry method to assessing environmental impacts, including identifying its key features, and 
considering the accumulated knowledge gained from previous studies and LCA based decision tools.  
3.1 Background 
3.1.1 Food waste  
FW is a non-prescriptive term, and has been used to describe waste derived from food 
manufacturing facilities, fruit and vegetable market waste, the organic component of café and 
restaurant waste, and commercial kitchen waste (Mata-Alvarez et al., 2014; Moriarty, 2013; Wei et 
al., 2017). FW in the context of this work is defined as food scraps, and kitchen waste that is 
generated within a household and deposited in a bin for collection at the kerbside. The FW definition 
for this work is therefore related to the terms ‘biowaste’ and ‘organic fraction of municipal solid 
waste’ although these two definitions also attract the same non-prescriptive nature and have 
equally been used to describe commercial and industrial wastes; with the former often including 
garden waste (German Federal Government, 2001; Randell et al., 2014; Sustainability Victoria, 
2015).    
Regarding the items which make up FW, an audit of over 1600 bins by EC sustainable (2013) was 
achieved and the results can be seen in Table 3-1. The EC sustainable (2013) describes the products 
in which FW is derived from, but in terms of managing and treating FW elemental composition is 
also useful. Numerous studies have been conducted worldwide that characterised FW, with varying 
scope on the elements included but there is a lack of available data for Australian FW with only one 
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study providing elemental composition (Hla and Roberts, 2015). Elemental composition of FW has a 
fundamental influence on environmental emissions, as well as being an important factor in 
determining the recycling and re-use potential (Bisinella et al., 2017). Table 3-2 shows the elemental 
composition of FW recorded in various studies.   
Table 3-1 –  Items which make up FW (Victorian audit)  
Adapted from (EC Sustainable, 2013) 
Item 
Percentage 
(wet weight) 
Item 
Percentage 
(wet weight) 
Salad leaves and pre-prepared 
salads 
2.7% Staple food (rice, flour etc.) 3.2% 
Fruit 5.7% Cake/dessert/confectionery/snacks 2.1% 
Vegetables 8.0% Processed fruit 0.3% 
Bakery 16.3% Skins of fruit and vegetables 16.5% 
Meals 12.9% Bones/pips/corn cobs/egg shells 5.1% 
Meat and fish (uncooked) 3.4% Tea bags and coffee grinds 2.3% 
Dairy and eggs 8.8% Peelings/stems/stalks 10.9% 
Condiments including herbs and 
spices 
1.1% Drinks 0.9% 
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Table 3-2 –  FW characterisation according to select studies  
Item Unit Banks 
et al. 
(2011) 
Zhang 
et al. 
(2012) 
Hansen 
et al. 
(2007) 
Boldrin 
et al. 
(2011b) 
 la 
Cour 
Jansen 
(2004) 
Sample 1 
la Cour 
Jansen 
(2004) 
Sample 2 
Hla et 
al. 
(2015) 
Fisgativa 
et al 
(2016) 
Region of 
study 
 UK UK DK DK SWE SWE AUS Multiple 
Total solids 
(TS) 
% wet 
weight (ww) 
27.7% 23.7% - 23.0% 32.0% 31.0% 22.8% 29.4% 
Volatile 
solids (VS) 
% of TS 88.1% 91.5% - 94.8% 87.0% 80.0% 88.2% 77.1% 
Ash % of TS -  - 8.40% 5.00% - - -  6.10% 
O % of TS - - - 39.4% - - 33.2% 34.8% 
H  % of TS - - - 6.60% - - 7.00% 6.7% 
C % of TS - 47.6% 49.2% 47.7% 48.00% 45.00% 45.5% 48.4% 
N % of TS - 3.44% 2.50% 1.90% 3.10% 2.90% 2.80% 2.94% 
P % of TS 0.19% 0.54% 0.40% 0.23% 0.30% 0.70% 0.50% - 
K % of TS 0.33% 1.43% 1.00% 1.27% 1.00% 1.80% 1.20% - 
S % of TS - 0.15% 0.20% 0.18% 0.20% 0.30% 0.40% 0.20% 
Al % of TS - - - 0.10% - -   - 
Fe % of TS - - - 0.03% - - 0.05% - 
Ca % of TS - - - 0.56% - - 1.60% - 
Na % of TS - - - 0.31% - - 2.20% - 
Mg % of TS - - - 0.12% - - 0.20% - 
F % of TS - - - 0.01% - - - - 
Cl % of TS - - 0.50% 0.56% - - - 0.86% 
As mg/kg of TS - - - 0.26 - - - - 
Cd mg/kg of TS - <1 - 0.09 - - 0.30 - 
Cr mg/kg of TS - 29.0 - 5.20 - - 28.0 - 
Cu mg/kg of TS - 7.20 - 12.5 - - 23.0 - 
Hg mg/kg of TS - 0.01 - 0.02 - - 0.30 - 
Mn mg/kg of TS - - - 86.0 - - 62.5 - 
Mo mg/kg of TS - - - 0.87 - - 1.20 - 
Ni mg/kg of TS - 7.00 - 2.60 - - 10.0 - 
Pb mg/kg of TS - <10 - 1.00 - - 18.0 - 
Zn mg/kg of TS - 33.0 - 25.0 - - 87.0 - 
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3.1.2 The need to divert food waste from landfill 
Australia has a successful history of recycling kerbside collected municipal metal, plastic and 
paper. Garden waste collection and diversion programs have also furthered a reputation for high 
municipal waste recycling rates. Yet, municipal FW has largely remained untouched by efforts in 
recycling kerbside waste. In Australia, and many other nations, municipal FW is one of the largest 
components of household waste (Becker et al., 2017; Iacovidou et al., 2012b). FW represents 35–
45% of household residual waste in Australia, with the nation generating 1.6 Tg annually (Randell et 
al., 2014). This equates to approximately 80 kg per capita, with a maximum of 11% being recycled, 
and the remainder disposed of to landfill (DEPI, 2013; Randell et al., 2014).  
In landfill, FW is a significant contributor to environmental pollution, primarily through the 
emission of methane gas, a potent greenhouse gas, as well as through groundwater contamination 
(Becker et al., 2017; A Bernstad and la Cour Jansen, 2012; Kim and Kim, 2010; Laurent et al., 2014a). 
Moreover, FW being disposed of in landfill is consider a missed opportunity as the majority of its 
valuable nutrients and energy potential are lost to non-anthropogenic purposes (Department of the 
Environment Water Heritage and the Arts, 2009). Because of this, many governments have begun 
focusing on the diversion of FW away from landfill, implementing policy measures that aim to 
disincentivise the landfilling of FW and promote alternative FW treatment methods that recycle or 
recover energy from FW (DEPI, 2013; Metropolitan waste and resource recovery group, 2016; NSW 
Government; Environment Climate Change and Water, 2011).  
3.2 The decision making context 
FW managers and decision makers in local government are legally obliged to consider the cost 
and environmental impact of a waste treatment technology (The Government of New South Wales, 
1997; Victorian Government, 1970). Government policy provides an order of preference to expedite 
waste management decisions. The order of preference, known as the waste hierarchy, is detailed in 
Error! Reference source not found.. 
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Figure 3-1 - Waste hierarchy 
Despite, the simple structure of the waste hierarchy, it becomes complicated as legislation also 
explicitly states that the waste hierarchy should be applied in conjunction with: 
I. the integration of economic, social and environmental considerations 
II. improved valuation, pricing and incentive mechanisms  
III. the principle of integrated environmental management  
Further complicating the decision framework is a lack of a practical definition of each preference 
within the waste hierarchy. This had led to basic assessment inconsistencies when reporting key 
metrics designed to assist decision makers; whereby  the use of the term ‘recycled’ may mean either 
‘recovered for recycling’ or ‘diverted from disposal’ (Carre et al., 2014). Moreover, measures 
typically refer to the mass or rate at which waste is ‘recovered for recycling’ or ‘recovered for energy 
generation,’ referring to the  waste that has been made available as an input into a physical or 
chemical process that generates a valuable product, substance or material (Carre et al., 2014; 
Randell et al., 2014). This definition is distinct from the mass of a useable product, material or 
substance derived from a waste. Therefore, measuring the quantity of waste ‘recovered for 
recycling’ or ‘recovered for energy’ is not able to provide an accurate measure of the efficiency of a 
recycling or energy recovery system to turn waste into a resource (Bartl, 2014; Gharfalkar et al., 
2015).  
3.2.1 Alternative treatments for FW in the Australian context 
There are numerous proven full-scale treatment alternatives for FW. These are best divided into 
biological treatments (composting and AD) and thermal treatments (incineration, gasification and 
pyrolysis). Each treatment technology offers the ability to treat FW whilst either recovering energy 
and/or recycling key material and nutrients. 
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3.2.1.1 Biological treatments 
3.2.1.1.1 Composting 
In the Australian context, biological treatment alternatives are commonplace for treating other 
organic waste streams. Composting uses micro-organisms in an aerobic environment to decay 
organic matter generating a nutrient rich soil that can be sold or further blended into compost, soil 
conditioner, and mulch or landscaping fill. During the composting process micro-organisms 
metabolise organic substances and in turn emit air emissions, largely CO2 but also, and particularly if 
the process is not optimised, air emissions of N2O, CH4, NH4 and other volatile compounds can arise 
(Amlinger et al., 2008; Buratti et al., 2015; Sharma and Campbell, 2007).  
Composting is used throughout Australia to treat and recycle garden waste, with the majority 
using windrow technology but some in-vessel facilities are also used (Sharma and Campbell, 2007). 
In-vessel operations are typically referred to as mechanical biological treatments (MBT) or 
alternative waste treatment. Primarily due to lower capital costs, especially for windrow operations,  
composting is the most common alternative treatment for garden waste (Sharma and Campbell, 
2007). Recent advancements in management, quality, safety, and technological processes has also 
led to the composting  of mixtures of garden waste with SS, as well as commercial and industrial 
organic wastes (Hogg et al., 2007; Levis et al., 2010).  
Municipal-level composting of FW and garden waste has also commenced. A small number of 
local governments have begun trialling FW being deposited along with municipal garden waste in co-
mingled organic bins ready for municipal kerbside collection. This has meant a number of 
composting facilities previously engaged with only composting municipal garden waste are now 
composting both FW and garden waste together. Moreover, these facilities have allowed for a 
modest increase to the small amount of FW already being treated by composting (Randell et al., 
2014). Composting both FW and garden waste can help optimise the composting process as the 
carbon rich garden waste mixed with the more nitrogen potent FW makes for a more appropriate 
C/N ratio (Sundberg et al., 2011). A C/N ratio between 25-35 is one of the key parameters to an 
efficient composting process (Amlinger et al., 2008; Boldrin and Christensen, 2010; US EPA, 1994).  
The high moisture content of FW can also help the process (Sharma and Campbell, 2007). These 
facilities require pre-treatment steps to remove contamination, most commonly performed by 
physical inspection, sieving and a mechanical trommel (Sharma and Campbell, 2007). FW 
composting also necessitates strict odour and human health controls and some sites nearby to urban 
areas have had to close down or be relocated due to such concerns (Randell et al., 2014). The typical 
FW and GW composting facility relies on windrow composting sited in or adjacent to existing landfill 
 Joel Edwards – PhD Thesis   Chapter 3—16 of 271 pages 
  
sites typically because these sites exist away from residential or commercial precincts and odour 
complaints are therefore reduced (Randell et al., 2014).     
Home composting or backyard composting of FW along with GW is also commonplace in 
Australia and actively encouraged by municipal waste managers (Metropolitan Waste Management 
Group, 2009; Zero Waste SA, 2010). The biological process is the same as aforementioned in this 
section, although, home composting requires individual composting equipment like a composting 
unit, and adequate space that may not be available to every household.   
3.2.1.1.2 Anaerobic digestion 
Anaerobic digestion (AD) uses micro-organisms to degrade organic material in an enclosed 
environment absent of free oxygen. The mechanism of organics degradation during AD is best 
divided into hydrolysis, acidogenesis and acetogenesis steps, which break down organic compounds 
into acetic acid and hydrogen gas, with the final step involving methanogenic bacteria converting the 
acetic acid and hydrogen gas into CH4 and CO2 known collectively as biogas (Parry, 2014). The biogas 
can then be combusted to generate steam, or further processesed (water vapour removal through 
condensation and scrubbing of CO2 and other trace gases) to be used akin to natural gas. Aside from 
biogas, biosolids are also produced and can be used or further blended into compost, or soil 
conditioner. The use of biosolids typically requires a thickening step to remove water, whereby the 
water is then treated to remove pollutants or also used on land, although this depends on the 
technology and the process efficiency, as well as regulations.  
The extent of AD use in Australia was largely unknown and unavailable (did not exist) prior to 
work detailed in Chapter 4 of this thesis. A brief description of some of the findings discussed in 
detail in Chapter 4 is provided as follows.  
AD is used predominantly at wastewater treatment plants to treat SS. Across Australia, forty six 
digesters are installed at WWTPs to treat SS and generate bioenergy; representing approximately 
60% of the total number of digesters in Australia in 2014. The technology is also employed to treat 
agricultural resiudes (15 digesters) and industrial residues (13 digesters) like meat rendering waste 
or chicken and pig manure. In addition, four digesters, one commissioned as recently as 2017, are 
fed commercial food wastes derived from markets, restaurants and food manufacturing facilities.  
There are numerous technology variations for AD. However the most common form in Australia 
is single stage continually stirred tank reactors that operate in a mesophilic (approximately 37˚C) 
temperature range (Chen et al., 2008). Covered anaerobic lagoons are also commonplace when 
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treating agricultural wastes in regional areas. An MBT facility that included dry, thermophilic (55˚C) 
AD [waste feedstock with a total solids content above 20% (Nagao et al., 2012)] followed by an in-
vessel composting post-treatment step, was set to be commissioned in 2015. However, the project 
ran into undisclosed difficulties and although the plant was in the commissioning phase it is unclear 
whether the technology was functioning as designed. The waste to be treated by this process was 
the mechanically separated organic fraction of municipal solid waste, and was to be the first 
anaerobic digestion facility of its kind in Australia (Walker et al., 2011).  
3.2.1.1.3 Anaerobic co-digestion 
Anaerobic co-digestion (AcoD) is the simultaneous digestion of two or more organic wastes. It is 
a broad term typically defined as using SS or manure as the chief feedstock with more readily 
biodegradable feedstock like FW being supplementary. For this work it is exclusively used to define 
the digestion of FW and SS. Large water utilities have all developed their own co-digestion research 
programs, beginning with the co-digestion of commercial or industrial FW, and with many of the 
water utilities looking to progress FW as a co-feedstock. A recent report by the Australian Renewable 
Energy Agency (ARENA) also highlighted the wastewater industry’s interest in co-digestion - rating it 
as one of three highest interest topics to water utilities (BECA Consultants, 2015).  
Water utilities in Australia are attracted to AcoD for a number of reasons. Firstly, AD reactors 
operating at WWTP have significant potential to treat FW with augmentation to existing reactors or 
replacing end-of-life reactors. Excess capacity can be found in pre-existing digesters treating just SS, 
where digesters were built to cater for never eventuating population growth (Krupp et al., 2005), or 
where excess capacity can be achieved by optimising methanogenesis through co-digestion, the rate 
limiting step when using sludge as a lone feedstock. The latter is a prime example of the improved 
performance formed by co-digesting SS with FW. Swift and efficient methanogenesis needs a C/N 
ratio between 12-70, SS ranges from 3.5-7 (Metcalf & Eddy, 2003). Adding FW supplies more C 
increasing the C/N ratio (Zhou et al., 2013). Moreover, co-digestion dilutes potentially inhibitory 
substances and introduces desirable micronutrients providing further synergistic effects in the 
hydrolysis, and fermentation phases (Gómez et al., 2006; Mata-Alvarez et al., 2011, 2000; Parkin and 
Owen, 1987; Zhou et al., 2013).  Put simply, co-digestion of SS and FW can increase biogas yield, 
enhance biosolids stabilisation, and quicken biogas production rates; all-in-all leading to better use 
of an existing AD reactor’s capacity and solids retention time (H.-W. Kim et al., 2011; Kim et al., 
2004; Marañón et al., 2012; Parkin and Owen, 1987; Zupančič et al., 2008). Moreover, wastewater 
utilities have identified they can charge a gate fee for accepting FW and are in a unique position to 
maintain a competitive gate fee as they can receive the full value of any electricity they generate by 
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offsetting the high electricity demand of the wider wastewater treatment plant processes like 
aeration.  Other AD facilities may have their business case based on having to export their electricity 
to the market which typically means the lower wholesale price is received for electricity, unless 
subsidies or renewable energy generation incentives are available. 
3.2.1.2 Thermal treatments 
Thermal treatment involves combusting waste to high temperatures in order to destroy harmful 
or toxic substances and additionally to provide useful energy output as a by-product in the form of 
specific gases like CO, H2, CH4 (gasification and pyrolysis) or steam (incineration). Ash, tar or biochar 
is also produced and may be a useful commodity, depending on regulations, process controls, and 
markets (Christensen, 2010; Psomopoulos et al., 2009; Yin et al., 2008). The combustion process 
releases numerous substances to the air including greenhouse gases, acidifying substances (e.g. HF, 
SOx) and toxic substances (e.g. Hg, dioxins), although flue gas cleaning ensures most of this is 
collected (Damgaard et al., 2010).   
Thermal treatment for FW or mixed municipal waste is currently not practiced and the use of 
thermal treatment technologies in Australia is rare, despite thermal technologies, particularly 
incineration, being common in other areas of the world (European Commission, 2006; WSP 
Environmental, 2013a). A report by GHD (2016) identified six thermal based waste treatment 
facilities, all of which treat medical, clinical or hazardous wastes; four facilities used stepped hearth 
incineration, whilst one used pyrolysis and one used a plasma furnace (GHD, 2016). Given this, the 
use of thermal treatment in Australia is largely based upon destruction of toxic or harmful 
substances and not energy or resource recovery, converse to thermal treatment facilities of 
municipal solid waste in many areas overseas including Europe, east Asia and north America 
whereby the focus includes energy recovery (Christensen, 2010; European Commission, 2006). 
There are two cement kilns that act as a proxy thermal treatment and accept limited quantities 
of municipal waste as an input; accepting processed engineered fuel, a similar product to refuse 
derived fuel, but typically derived from commercial or industrial mixed waste streams that are high 
in calorific value (Warren et al., 2013). This fuel is however, carefully formulated in order to meet 
very specific calorific value objectives. FW would be deemed inappropriate as a feedstock for 
processed engineered fuel for cement kilns, as it has a low calorific value of approximately 1.4 to 3.8 
MJ/kg and high moisture content (Astrup et al., 2015; Hla and Roberts, 2015). FW’s low calorific 
value does not suit the needs of thermal treatments that focus on energy recovery. New incineration 
facilities in Europe are now required by regulation to maximise energy recovery (R1 equation, 
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(European Council, 2010)) in order to receive operating licenses. Moving grate incinerators, the most 
commonly adopted thermal treatment technology for municipal waste, are therefore designed to be 
fed waste that has a calorific value between 10.5 and 12.5 MJ/kg (European Commission, 2006). 
Therefore, FW is usually separated at the household or by mechanical separation processes prior to 
incineration. If this is not the case and it is combusted as part of a mixed residual stream, it must be 
managed carefully and be a small component of the feedstock in order to not reduce the calorific 
value below design requirements (Astrup et al., 2015; European Commission, 2006; Obernberger, 
1998; Psomopoulos et al., 2009)  
Recently published Australian regulations for the use of thermal treatment for municipal waste 
have emphasised the importance of energy recovery. Regulation maximises energy recovery 
efficiencies similarly to Europe (EPA NSW, 2014; EPA Victoria, 2013; WSP Environmental, 2013a). 
Some jurisdictions even adopt the European R1 regulation (EPA Victoria, 2013). Therefore, the 
combustion of high levels of FW without sorting may pose a problem to energy output efficiencies. 
This suggests that the treatment of FW using thermal treatment, although technologically feasible, is 
limited due to its low calorific value.   
3.2.1.3 Landfill adaptation: landfill gas capture  
To add to the variety of biological and thermal treatment alternatives, many large landfills in 
Australia have been retrofitted to collect landfill gas (LFG) using state-of-the-art LFG capture 
infrastructure. Landfills have been considered by many as large bioreactors, whereby an anaerobic 
environment ensues, therefore degrading organics and generating LFG comprising CH4 and CO2 gas, 
similarly to biogas from an anaerobic digester. As LFG can be combusted for energy, a landfill with 
LFG capture can effectively be considered as an energy recovery method (Pickin et al., 2010).  
FW when deposited to landfill as part of a typical sample of residual municipal waste has been 
shown to represent more than half the methane potential (Pickin et al., 2010). This is due to its high 
rate of degradation under landfill conditions along with a high amount of degradable organic carbon 
when compared to other wastes (Department of the Environment, 2014a; Pipatti et al., 2006). Large 
landfills that accept greater than 100,000 Mg of waste annually collect the majority of Australia’s FW 
(Pickin, 2013). These landfills are also likely to have LFG capture infrastructure installed, with 61% of 
large landfills operating LFG capture in 2010, and the number believed to have increased due to 
specific government policy interventions (Pickin, 2013). LFG capture efficiency rates (the quantity of 
LFG captured for energy generation or flaring and not released to the atmosphere) can range 
between 40 – 98% (Barlaz et al., 2009; Spokas et al., 2006; Xue and Liu, 2013). An average Australian 
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rate for large landfills is reported to be 75% (Pickin et al., 2010). Although, on average, LFG capture 
rates that incorporate all sizes of landfill in Australia range between 18% and 45%, depending on the 
specific landfill site. LFG capture rates depend not only on the caps, pipes, and pipe array used, but 
also on the rate at which waste degrades, for example FW may degrade quickly starting from year 1, 
before permanent LFG infrastructure can be installed and capture any gas released. Climatic 
conditions may also mean a significant proportion of degradation may occur after thirty years, 
whereby LFG infrastructure may no longer be in use. 
3.2.2 An integrated waste management system 
FW management is an amalgamation of many processes; not just treatment, but also including 
sorting, collection, pre-treatment and end-use. Typically, a change to one aspect of a process is likely 
to bring about subsequent changes further up or down the process chain. This is why it is 
increasingly common to look at FW management as part of an integrated system (De Feo and 
Malvano, 2009; Hanandeh and El-Zein, 2010; Lombardi et al., 2015). Therefore, in the context of 
decision making, the environmental and  financial impacts of all processes within the system need to 
be considered, and all key parameters acting on each process should be analysed according to their 
impact on the wider system (Bartl, 2014; Massarutto et al., 2011). For example, as shown by 
Bernstad et al. (2013) before sending  FW for AD, a pre-treatment step is crucial for both the quality 
of treatment and the quality and quantity of the biogas and biosolids by-products. Moreover, for 
many AD facilities, including anaerobic co-digestion, it is only possible to treat source separated FW 
(Bolzonella et al., 2006; Fernández-Nava et al., 2014; Zhang and Banks, 2012), whilst for other 
biological treatment facilities mechanical sorting is sufficient (Walker et al., 2011). Source separation 
requires a new collection method (i.e. a dedicated FW bin for kerbside collection). However, the 
manner in which source separated FW is collected may differ for anaerobic co-digestion; with one 
possible option being the use of in-sink maceration disposers transporting FW via the sewer system 
(Iacovidou et al., 2012a; Lundie and Peters, 2005).    
Many parameters are also specific to waste catchments, and vary significantly across local 
government areas. The most obvious, is the quantity of waste being managed. Whilst it may be 
possible to extrapolate the quantity of waste available in a specific waste catchment from an 
average value for a nationwide annual household yield as modelled in (Schacher et al., 2007), when 
provided with local catchment data, annual yields have been shown to vary by as much as 100 
kg/household (NSW EPA, 2013). Moreover, the efficiency of households to correctly sort waste is 
another example of the importance of considering local conditions. This parameter is dependent on 
factors including advertising initiatives, bin type, bin size and lot size (Department of Environment 
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and Conservation NSW, 2007; European Commission, 2015; Sustainability Victoria, 2011; Zero Waste 
SA, 2010).  
The collection, treatment and end-use processes’ environmental and financial impact are also 
intertwined with local conditions. Kerbside collection of waste has been shown to be dependent on 
the number of households, the distance between bins, the distance to treatment facilities, truck 
type and size as well as traffic congestion (Agar et al., 2007; Larsen et al., 2009; Sonesson, 2000). 
Although, Khoo et al. (2010) suggested the environmental impact of collection is not of consequence 
to the environmental impact, others note its significance (Fernández-Nava et al., 2014; Saer et al., 
2013). Regarding treatment and end-use processes, the performance of a landfill is known to be 
highly variable and, outside of the waste composition, is largely dependent on climate. A wetter 
climate bringing about a greater quantity of waste contributing to groundwater (Camba et al., 2014) 
but also when coupled with tropical temperatures a higher quantity of LFG (Department of the 
Environment, 2014b).  Moreover, ensuring a by-product like LFG is sold in its highest utility has been 
shown by Van Dael et al. (2013) and DEFRA (2013) to depend on the specific local marketplace, for 
example  a customer for not only electricity but heat can mean higher value for the bioenergy 
captured. 
Viewing FW management as a system necessitates expanding the number of stakeholders 
involved. Local government is either directly or indirectly responsible for the operation and 
procurement of a waste service (Sustainability Victoria, 2015). Yet, many stakeholders are involved 
and are relied upon to play their own role to provide an efficient and reliable service. Households 
generate and sort waste, industry directly collect and treat waste and indirectly purchase by-
products derived from waste, and finally, overarching state and federal government set policy and 
regulation. This network of stakeholders, therefore, requires a decision making methodology which 
incorporates each stakeholders relevant process (Metropolitan Waste Management Group, 2009; 
Sustainability Victoria, 2015).   
3.3 Decision support methods for assessing waste management systems 
There are many methodologies for assisting decision makers when it comes to evaluating 
competing waste systems environmental performance, likewise, for determining the cost and 
benefit of competing systems. This literature review describes the most commonly utilised in 
government decision making.   
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3.3.1 Performance indicators and indices 
Integrated indicators are best defined as simple measures designed to represent a state of 
environmental development or sustainability (Ness et al., 2007). Indicators are of course not 
exclusive to assessing environmental development and are also used commonly to measure social, 
technical and economic development (Karellas et al., 2010; Pubule et al., 2015). In regards to waste 
management, indicators are typically quantitative measures of the waste being treated, collected or 
disposed of. A current example of a popular indicator used in Australia and other nations is the rate 
of landfill diversion, which refers to the waste sent to landfill divided by waste generated. Another 
popular example as mentioned in Section 3.2 is recovered for recycling which can be calculated using 
different methods, but is typically the amount of waste directed to a recycling facility (EPHC, 2010). 
Targets for such indicators are generally applied so progress can be assessed on a temporal scale 
(Sustainability Victoria, 2016). Decision can then be made in order to advance progress.   
Indicators are largely seen as necessary and adequate at providing quantitative data for decision 
makers (Ness et al., 2007; Park and Chertow, 2014). However, the chief criticism of these indicators 
is not necessarily concerning the practice of incorporating them into decision making, more the 
current suite of indicators may not adequately integrate with environmental impacts and policy 
agendas like maximising resource and energy recovery (Bartl, 2014; Gharfalkar et al., 2015; Park and 
Chertow, 2014). They, therefore, are unlikely to advance environmental development unless they 
are adequately designed to measure features of a waste management system that pertain to the 
policy agenda. 
3.3.2 Material flow /substance flow/energy flow analysis 
Material flow methods analyse the metabolic pathway a material takes, tracing its mass across 
boundaries, usually set at a societal, national or macro-economic level (Bringezu and Moriguchi, 
2002; Hendriks et al., 2010; Turner et al., 2016). The method puts together a mass-balance 
quantifying the input and output flows of a single material or multiple materials. Energy and exergy 
have also been included in such analysis whereby instead of mass being used as the reference flow, 
joules are the focal point (Cie and Auto, 2008; Sciubba et al., 2003). When material flows and energy 
flows are combined the method demonstrates similarities and synergies with LCA, in particular the 
determination of a systems LCI. Moreover, it can provide singular metrics for recycling efficiency or 
energy recovery efficiencies across an entire system.  In fact, because of these synergies the coupling 
of the two methods has over the past four years, been included in many mixed method waste 
management assessments alongside LCA (Tonini et al., 2013; Turner et al., 2016).     
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However, in much the same way as indicators, material flow analysis is not integrated with 
environmental impacts or financial valuation. The method describes the use of raw materials, the 
interaction and alteration of the material through processes, and even the release of a material to 
the anthroposphere, but does not, in itself, apply any method to determine the effects this has on 
the environment or human health (Hendriks et al., 2010).  
3.3.3 Environmental impact assessment 
Environmental impact assessment (EIA) is one of the earliest methods of assessing a project or 
policy’s environmental sustainability, used since the 1960’s (Ness et al., 2007). The focus is generally 
on measures, whether technical or policy based, that mitigate a projects environmental impact and 
provide a framework for systematic monitoring, if and when the project is implemented. According 
to Wood (2009) there is no set process for an EIA across the many nations that use the method. 
However, in general an EIA abides by the following steps [adapted from (Wood, 2009)]: 
I. Designing the selected proposal 
II. Determine whether EIA is necessary 
III. Deciding on environmental impact topics to be considered 
IV. Preparing an EIA report, including input from the public 
V. Reviewing the EIA report, including input from the public 
VI. Making a decision on the proposal using the report and opinions expressed 
VII. Monitoring the impacts of the proposal  
EIA provides an effective procedural method to gauge the impact of a project for environmental 
management purposes (Höjer et al., 2008; Thomas, 2005). With the primary objective behind EIA 
being to support a decision regarding whether to issue a permit or license to a proponent (Steen, 
2002). However, EIA does not focus on a functional unit (International Organization for 
Standardization, 2006a). Hence it is a process not typically used when comparing the efficacy of 
alternative systems that achieve the same function (Steen, 2002). Instead, EIA is a procedural 
framework that may integrate environmental impact results from another analytical method like LCA 
or MFA, which does stipulate a relative approach by focusing on a functional unit (Jensen, Astrup 
and Remmen, 2006; Steen, 2002).  
3.3.4 Cost-benefit analysis 
Economic techniques are used in a cost-benefit analysis (CBA) to monetise environmental 
impacts and use this as a basis for decision making (Ness et al., 2007; Steen, 2002). CBA is used “to 
assess whether the decisions or choices that effect the use of scarce resources promote efficiency,” 
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(Fuguitt and Wilcox, 1999, p. 35). The analysis involves the systematic identification of policy 
consequences, followed by the valuation of social benefits and costs. The aim being to increase 
social welfare by demonstrating to decision makers the condition with the highest net social benefit 
(Fuguitt and Wilcox, 1999). CBA is mostly used by decision makers to assess the efficacy of a single 
project or policy, although comparison of alternatives is still possible.  
Constraints in the analysis exist primarily due to high levels of uncertainty with the need to value 
social and environmental impacts that are not priced by the marketplace, for example air emissions 
of particulate matter. Methods for translating pollution or human health impacts into monetary 
values are based typically on a survey of a communities willingness-to-pay for mitigation of an 
impact, or of a communities willingness-to-accept certain environmental impacts (Martinez-Sanchez 
et al., 2017a; Ness et al., 2007). Hedonic pricing also takes place, which is based on analysing house 
prices depending on their proximity to certain point sources of pollution like a landfill (Ness et al., 
2007; Woon and Lo, 2016).  
These methods are often location specific, meaning extrapolation to other geographical regions 
is often difficult. Moreover, the understanding of those surveyed with the risk of certain pollutants 
can differ, meaning survey results may not represent the real damage (Rabl et al., 2007). This is 
often why expert opinion is also integrated into valuations based on the  willingness-to-pay 
approach, or expert opinion is used as a stand-alone method, particularly where there is a lack of 
available data at the resolution required for regional or community based CBA (Eshet et al., 2006; 
Rabl et al., 2007). It must be noted that these constraints are not exclusive to CBA and are applicable 
to all economic techniques that translate environmental and social impacts into monetary units 
(Ness et al., 2007). One CBA specific constraint is the lack of consistency around what is included in, 
and excluded from the assessments, as an example the scope for environmental and social benefit 
or impact is often drawn arbitrarily if CBA is not carefully applied (Fuguitt and Wilcox, 1999). 
Additionally, CBA has tended not to include analysis across the life cycle of a system or a product, 
meaning social costs can be excluded from the system boundary or deferred onto other stages of a 
projects’ or policies’ life cycle (Dong et al., 2014). 
3.3.5 Multi-criteria decision analysis 
Multi-criteria decision analysis (MCDA) is a useful decision support method providing a 
framework for systematically balancing competing social, environmental and economic goals and 
objectives, as well as finding trade-offs in-order to find the best decision (Ness et al., 2007). MCDA 
distinguishes itself from other forms of decision making tools in its ability to consider social factors 
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(Linkov and Seager, 2011; Lohri et al., 2013; Ness et al., 2007). However, it is largely a qualitative 
approach.  MCDA does not utilise a large amount of specific data and as such its results are 
dependent on the ranking of goals and objectives typically achieved in a subjective qualitative survey 
of experts  (Linkov and Seager, 2011).  It generally works by inputting quantitative impact data 
derived from other methods and applying factors based on the importance of the particular impact 
according to survey results. In this way it has been used frequently as a weighing step in LCA, helping 
decision makers to weigh up the importance of one environmental impact over another (Heimersson 
et al., 2014; Hermann et al., 2007).  
3.3.6 Life cycle assessment 
LCA is a formalised quantitative assessment tool with clearly defined frameworks, the most 
common of which is published by the International Organisation of Standardisation (International 
Organization for Standardization, 2006a; International Standard Organisation, 2006). It was 
developed to manage energy and waste problems and was adopted initially with a focus on the life 
cycle of a product (e.g. a beverage container), or a building material (e.g. steel beam), in order to 
prove/disprove environmental sustainability claims (Udo de Haes, 2002).  
Many definitions for LCA exist but it is probably most succinctly defined as; “a tool for the 
systematic evaluation of the environmental aspects of a product or service system through all stages 
of its life cycle,” (United Nations Environment Programme, 2009).  The technique assesses the 
environmental impact of products or services by following four key steps (European Commission and 
Joint Research Centre Institute for Environment and, 2010; International Organization for 
Standardization, 2006a): 
I. Setting a clearly defined goal and scope 
II. Compiling a LCI of relevant material and energy inputs and outputs including pollutants of 
a product or service based  
III. Evaluating the environmental impact associated with the inventory  
IV. Interpreting the results of the environmental impact in relation to the goal of the study 
LCA methodology differentiates itself from many other environmental assessment tools by 
including a product or service over its whole life cycle. Other decision support tools, as discussed 
previously, often limit their scope to single processes or stages within a services life, for example just 
assessing the environmental impact of a composting facility, not the collection and transportation of 
the waste or the end-use of the related compost product. By incorporating all life cycle stages LCA is 
able to limit the shifting of environmental burden from one process to another (European 
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Commission and Joint Research Centre Institute for Environment and, 2010). It also provides a 
framework for a fair and balanced comparison between alternative technologies that in practice 
operate differently but perform the same function (Guinee, 2002). Such comparison studies are 
known as “comparative assertion LCA.”  
One of the primary limitations for LCA in the waste management context is the lack of inventory 
data specific to waste types and treatments, meaning compiling a LCI can be a costly and time 
consuming activity (Blengini, 2007; Gentil et al., 2010). As LCA was originally focused on consumable 
products, most of the existing inventory databases are geared toward manufacturing, building 
construction and product use consumption activities. Moreover, data and impact assessment 
methods should be specific to the region being assessed and unfortunately no Australian specific 
impact assessment method is available (Renouf et al., 2016). Moreover, Australian databases are not 
as well developed as their European or North American counterparts meaning Australian LCA studies 
are likely to rely on international data sources.  
3.3.7 Life cycle costing  
Life cycle costing (LCC) is a unification of LCA and a financial analysis. It is often performed as a 
complimentary analysis to an LCA (Huppes et al., 2008). LCC, like CBA, also uses economic 
techniques to monetise environmental impacts and focuses on maximising social welfare by 
highlighting a system that provides the greatest net-social benefit. However, it differentiates itself 
from CBA given the system boundary and scope is based upon a functional unit like LCA, and thus it 
is a relative assessment over the entire life cycle of a product or system. Typical cost items in an LCC 
include; construction and capital costs (calculated in accordance to net-present value), operating 
costs, including labour, rent, materials, equipment, and energy, and the sale of by-products (De Feo 
and Malvano, 2012; Martinez-Sanchez et al., 2015; Woon and Lo, 2016). The aforementioned costs 
items are known as ‘budget costs.’ Studies may also include taxes along with budget costs, with such 
a study known as an Environmental LCC and should be presented alongside the environmental 
impacts. A Societal LCC is another common form of standardised LCC.  It excludes taxes, but 
incorporates budget costs and monetises environmental impacts i.e. non-market goods like pollution 
and human health impacts that are normally not valued by markets (known as externalities) 
(Martinez-Sanchez et al., 2015). Just as the case for CBA, LCC has the same methodological 
uncertainties and lack of available data constraints when it comes to valuing non-marketed 
externalities (Eshet et al., 2006; Rabl et al., 2007).  
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3.4 Life cycle assessment as industry standard 
LCA, is the most well-developed and widely used decision support method practiced in the solid 
waste management industry (A Bernstad and la Cour Jansen, 2012; Carre et al., 2014; De Feo and 
Malvano, 2009; Ferreira et al., 2014; Laurent et al., 2014a; Martinez-Sanchez et al., 2015). Over 130 
published studies worldwide have used LCA to investigate environmental impact of solid waste 
management systems since 2007, and over 220 since 1995 (Laurent et al., 2014a). Studies were a 
mixture of single system analysis or comparisons between systems. Most LCA studies were 
conducted in Europe followed by, the USA and East Asia (Laurent et al., 2014a). This is 
representative of a general trend in LCA use where European nations and organisations (to a lesser 
extent USA and Japan) champion the development and practice of LCA. In terms of treatment 
processes included in these studies; landfilling (130 studies), and incineration (138) were the most 
common, composting (74) was the most common biological treatment followed by AD (53). 
Processes prior to treatment or post-treatment that were assessed in these LCA studies included; 
collection and transportation (135), mechanical pre-treatment steps(60), whilst the use of by-
products on land was uncommon (22) and the use of bioenergy was not recorded.  
In regards to LCA of both FW and commercial or industrial food wastes, a recent bibliometric 
review found 28 published studies between 1997 and 2014 (Chen et al., 2016), with another 4 
studies published in 2015 (Buratti et al., 2015; Carlsson et al., 2015; Jin et al., 2015; Xu et al., 2015), 
confirming the prevalence and importance of the assessment tool within the industry. Many of these 
early studies do not compare systems but instead used LCA to investigate; weak points within a 
current system, the treatment process exclusively, or theoretical waste flows (Anna Bernstad and la 
Cour Jansen, 2012; Jin et al., 2015; Patterson et al., 2011). 
3.4.1 Critical review of previous food waste LCAs  
Over the past 10 years, LCA studies in Europe in particular, have been used to compare different 
management and treatment technologies for FW (Bernstad and la Cour Jansen, 2012; Eriksson and 
Baky, 2010; Kim and Kim, 2010; Koroneos and Nanaki, 2012; Righi et al., 2013; Zupančič et al., 2008). 
These publications provide useful examples of comparative LCA. Although, the varied results, the 
differences in defining system boundaries, the use of overseas conditions, the lack of sensitivity and 
uncertainty analysis, and the choice of technologies assessed means, that according to Laurent et al. 
(2014b) it is difficult to draw any general conclusions about which FW treatment technology has the 
smallest environmental impact. This, in many cases is not a symptom of a poorly conducted LCA but 
more likely due to the differing goals of each individual study, coupled with the uniqueness of every 
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local FW management system; suggesting a need to focus on specific waste catchments (A Bernstad 
and la Cour Jansen, 2012).     
As an example of the importance of local context as well as methodological decisions, overseas 
LCA studies comparing FW management and treatment technologies, particularly in Scandinavia, 
tend to focus purely on the FW stream without investigating all municipal household wastes 
collected, inclusive of inert and garden waste. This is often because FW is already source separated 
in the jurisdictions studied; therefore FW is easily assessed as a separate flow (Anna Bernstad and la 
Cour Jansen, 2012; Franchetti, 2013; Righi et al., 2013). In Australia, source separation of FW is rarely 
achieved and FW instead is typically deposited to the mixed municipal garbage bin along with non-
organic waste, or into the garden waste bin, where it would be treated collectively. Therefore, 
Australian based LCAs should include the management of the non-organic waste and garden waste 
streams as well as FW, as they are intrinsically tied into the waste management system. This means 
expanding the assessment boundary and changing the functional unit; setting an inherently different 
goal and scope then other similar FW LCA studies.   
3.4.1.1 Goal, scope and system boundary concerns  
The determination of a functional unit is a fundamental component to any LCA, particularly for 
comparative LCA. The functional unit is responsible for translating the purpose of a good or service 
into a clearly defined quantitative value (International Organization for Standardization, 2006a). 
Guniee (2002) used an example of the painting of a 10 m2 wall that protects the wall for 10 years, to 
illustrate a functional unit, whereby Paint A, achieves this ‘function’ with 100 mL but needs to be 
repained every 5 years, whilst Paint B requires 300 mL but lasts 10 years.  
Not setting an appropriate functional unit has shown to be of concern for many waste 
management LCA studies. Laurent et al. (2014b) showed that over 50% of studies use functional 
units that are defined simply as a unitary measure, for example 1 Mg of waste input to a treatment 
technology. This functional unit does not provide any detail on the function being performed, as the 
waste type is not identified, nor the goal of the treatment process. Moreover, when considering a 
comparative LCA, such a functional unit is liable to compared systems providing different functions 
to each other. For example, 1 Mg of FW treated using anaerobic digestion, is vastly different to the 
composting of 1 Mg of FW. The former may treat FW with a TS concentration of 10% (due to added 
water) whilst the latter may treat FW at a TS value of 50%. Setting a functional unit that clearly 
relates to a waste stream with defined characteristics is required for such a circumstance (Laurent et 
al., 2014b).  
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Another example described by Bernstad and la Cour Jansen (2012), also demonstrated an 
inconsistently applied unitary measure as the functional unit; whereby one study used the same 
inventory for Option 1, the incineration of mixed residual waste including FW, and Option 2 the 
combustion of FW alone. This example is useful at pointing out; 1) the misuse of inventories, by not 
including the necessary fuel addition for FW only incineration as incineration of mixed residual waste 
ordinarily has enough energy potential to not require additional fuel input for combustion, whilst if 
incinerating FW alone additional fuel is highly likely, adding to the energy requirements and thus 
environmental burden of the process, and 2) the use of an unfair functional unit where the  multi-
functional system that incinerates FW and residual waste is compared to a system that only has the 
one function of treating FW. In order to overcome the first point inventories should be matched as 
closely as possible to the circumstances being modelled. To overcome the second point and ensure 
the fair comparison of multi-functional systems, a study may adopt either system expansion or 
allocation. 
System expansion is a term used to “make several multifunctional systems with an only partly 
equivalent set of functions comparable,” (European Commission and Joint Research Centre Institute 
for Environment and, 2010, p. 23). As per the incineration example identified above, using system 
expansion would require including the function of treating residual waste as well as FW in both 
compared systems. This would involve adding to Option 2 the inventory associated with the 
alternative treatment of residual (whether it landfilling or gasification etc.)  
As mentioned, another way to manage multi-functional systems is to use allocation, although it 
is the least preferred method. Allocation describes the process of allocating inputs and outputs to 
the product/s or service/s provided, by using an allocation key based upon a physical or economic 
relationship. Using the aforementioned example of FW incineration, this may involve the functional 
unit being related to FW management exclusively, but FW in Option 1 being allocated 20% of the 
inventory associated with both FW and residual waste incineration (with the 20% value being 
derived from an assumption for the purposes of the example that 20% of the input mass to the 
incinerator is FW). There are concerns with the use of allocation as it “nearly always fails to maintain 
mass and energy balances,” (Weidema and Schmidt, 2010, p. 192). This would be likely, particularly 
when considering the energy balance as per the above example. However, it is a useful way of 
minimising data requirements and can lead to results perfectly justifiable and suited to the goals of a 
study. But given allocations inconsistency when maintaining a mass and energy balance, system 
expansion is prioritised when modelling multi-functional systems; highlighted by LCA guidelines and 
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LCA academics alike (European Commission et al., 2010; International Organization for 
Standardization, 2006a; Weidema and Schmidt, 2010).   
Another aspect highlighted by the influential review performed by Bernstad and la Cour Jansen 
(2012), found that the setting of system boundaries did not often include all relative processes and 
were often not fairly applied across systems. This viewpoint was also supported by Laurent et al. 
(2014b) in the second part of their two part review of studies involving the LCA of all solid waste 
management systems. For example the use of biosolids or compost on land was rarely included, and 
given the likelihood of recycling phosphorous to the soil and thus reducing the need for 
phosphorous mining; by not expanding the system to include a credit for the recycled phosphorous 
[i.e. subtractive system expansion whereby the environmental impact of phosphorous mining is 
subtracted from the waste system that recycles phosphorous (Joint Research Centre, 2011a)] may 
inadvertently disadvantage such systems performance (A Bernstad and la Cour Jansen, 2012; Møller 
et al., 2009). Moreover, sometimes system expansion is inconsistently applied across systems being 
compared, where Kim et al. (2011) did not include bioenergy generation from the co-digestion of FW 
with SS, but did include bioenergy generation and subtractive expansion when just digesting FW as a 
single feedstock.   
Other goal and scope aspects of importance when designing an LCA study are; time horizon, 
choice of energy mix, and whether to use attributional or consequential modelling. Regarding time 
horizon, studies typically set the scope of the study to consider emissions to the biosphere up to 100 
years. This is mainly because landfills are slow to release emissions into the biosphere, so too 
compost or biosolids applied to land (Evangelisti et al., 2014; Gentil et al., 2010; Joint Research 
Centre, 2011b). Energy use and generation is always a significant contributor to FW management 
systems environmental impacts, typically LCA practitioners use the electricity mix relevant to the 
geographical region in which they are studying (Gentil et al., 2010). How energy generation of a 
system is modelled attracts a bit more variation in studies and depends on whether attributional or 
consequential studies are being undertaken. This in turn depends on the scale of the system, with 
clear guidelines set out by (European Commission et al., 2010; Joint Research Centre, 2011a).  
Attributional or consequential modelling is a modelling approach that must be identified when 
forming the goal and scope a LCA. Attributional modelling refers to the LCI modelling principles, 
whereby historical, fact-based, measurable data with known, or ‘know-able’ uncertainty is used 
(International Organization for Standardization, 2006a; Joint Research Centre, 2011a). In this way a 
system is modelled as it is or as it is forecast to be. Consequential modelling on the other hand uses 
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a change orientated, market based approach; including the effect the foreground system makes on 
the background system. As such it does not reflect the actual inventory  or supply chain but a 
hypothetical inventory based on market considerations like changes to marginal producers/suppliers 
(Joint Research Centre, 2011a; Laurent et al., 2014b). Consequential modelling is used for LCA 
studies with a national or global scale and significance where foreground changes have large scale 
effects on the background system; whilst attributional modelling is utilised for small scale studies 
when localised decisions are not expected to significantly affect wider markets in the background 
data (Gala, 2015). Key aspects to consider when selecting a modelling approach are; 1) if a product 
generated by a system is entering a market which is growing, 2) whether products generated are 
likely to significantly affect production of competing products in such a way as to cause the 
decommissioning of already installed equipment, 3) the quantity of a product generated by the 
foreground in relation to the market size, for example whether the foreground process generates 
less than 0.05% of total electricity generation (European Commission et al., 2010; Joint Research 
Centre, 2011a). Gala (2015) and Zamagni (2012) note that the borderline between attributional and 
consequential approaches is often not clear and a mixture of approaches may be taken in some 
circumstances.    
3.4.1.2 Life cycle inventory matters 
As emphasised by Laurent et al. (2014b, p. 598) “one of the major hurdles in the application of 
LCA to solid waste management systems… is the access to up-to-date, site specific data.” This 
statement reiterates that any solid waste management system is context specific, and therefore 
requires, where possible, local data. Because LCA is a data driven exercise that requires large 
amounts in order to provide adequate confidence in the assessment; there is the inevitable need to 
draw on average data recorded in literature sources, likely to be outside the technical and 
geographical context in which the modelling is taking place (Laurent et al., 2014b). Using databases 
for literature defined data for background processes like the electricity mix, construction of a plant, 
or the manufacturing of fertiliser, is commonplace. However, its use in foreground systems should 
be minimised, relying on local waste flow models based on local technological and climatic 
conditions (A Bernstad and la Cour Jansen, 2012). If literature data is used, transparency of the 
source, and an assessment and critical discussion of the potential effect the use of averaged data 
may have on results is crucial in LCA (European Commission and Joint Research Centre Institute for 
Environment and, 2010; Guinee, 2002; International Organization for Standardization, 2006a).  
In the context of FW LCA studies many LCA practitioners  point out the critical importance of 
providing an elemental characterisation of wastes, identifying clearly where local or average data for 
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such characterisation is used, referencing such data, and being able to use the data to apply mass-
balance calculations as a waste proceeds along its treatment pathway (A Bernstad and la Cour 
Jansen, 2012; Eriksson and Baky, 2010; Gentil et al., 2010). As an example, pre-treatment steps were 
shown to reduce the degradability of FW, potentially reducing the generation of biogas. This 
phenomenon is rarely modelled in FW LCAs (Bernstad et al., 2013; la Cour Jansen et al., 2004).  
Inventories should also be able to track different waste flows so the ability of waste quantity or 
quality changes can be assessed as a sensitivity analysis given the high variability of FW, and other 
waste streams (Boldrin et al., 2011a; Götze et al., 2016; Hla and Roberts, 2015; Laurent et al., 
2014b). Providing this detail is one reason why material flow analysis has been integrated to various 
extents with the LCI step (Eriksson et al., 2002; Tonini et al., 2013; Turner et al., 2016). Many of 
these integrated systems have become standalone decision support tools specific to the local areas 
in which they are modelling (Boldrin et al., 2011b; Gentil et al., 2010) (see Section 3.4.2).  
Clearly identifying the sources of energy, particularly electricity, is also important for the 
inventory. Energy use makes a significant contribution to the environmental impact of waste 
management systems (Joint Research Centre, 2011b). The use of electricity grid mixes specific to the 
geographical area is the most common method, this means local data, as previously mentioned, is 
critical for an accurate assessment (Gentil et al., 2010). It may also be beneficial, as Gentil et al. 
(2010) describe, if the electricity mix is not only clearly described, but can be altered for the benefit 
of sensitivity analysis so testing how such a system’s environmental impact would change if the 
energy mix altered could be performed.  
3.4.1.3 Issues regarding impact assessment and interpretation 
There are a number of different LCA impact assessment methods to choose from. The CML 
method was demonstrated to be employed in approximately 30% of solid waste management LCA 
studies, making it the most common (Laurent et al., 2014b). Why the CML method was used most 
prevalently was not reported although it is likely that it is because most studies have a European 
origin, with the second and third most used assessment methods also being European in origin 
(Environmental Development of Industrial Products (21% of studies) and Eco-indicator 95/99 (14%).     
Determining which impact method to choose should consider the goal and scope of the study more 
specifically the region in which the study is performed and the time horizon for assessment. 
 As most LCA studies of FW focus on global warming potential over 100 years and most impact 
assessment methods use factors provided by the Intergovernmental Panel on Climate Change; the 
choice of impact method is likely to be based on which impact categories are included outside of 
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global warming potential i.e. human toxicity, eutrophication. Many methods are better suited to 
geographical regions, with European methods being the most common, due once again to the 
prevalence of European LCA studies (A Bernstad and la Cour Jansen, 2012; International 
Organization for Standardization, 2006a). No method is available for Australia, specifically, although 
Australian best practice guidelies recommend the use of CML (Renouf et al., 2016). All methods 
achieve a mid-point analysis where they apply impact factors to the inventory, and provide a 
summation of the result for the particular impact category. However, others include normalisation 
and weighting steps, the latter of which is inherently subjective as it ultimately ranks the importance 
of one environmental impact over another. Weighting steps may also be achieved by incorporating 
mid-point assessment with economic analysis and a qualitative MCDA (Hermann et al., 2007). 
Crucially, weighting  is not to be considered in a comparative LCA revealed to the public according to 
International Standardisation Organisation guidelines because it is a qualitative judgement that may 
disadvantage one technology or industry unfairly (International Organization for Standardization, 
2006a; International Standard Organisation, 2006). 
3.4.1.3.1 Sensitivity analysis 
The use of sensitivity analysis to assist with interpretation of life cycle impact assessment is 
common. Sensitivity analysis is undertaken to assess the impacts of variations to key model 
parameters and methodological choices (International Organization for Standardization, 2006a). 
Previous FW management LCA projects showed that altering the electricity generation mix, or 
removing subtractive system expansion were the most commonly applied sensitivities (72% of FW 
LCA studies). These sensitivities were revealed to significantly affect the global warming potential of 
systems, sometimes by as much as 20% in FW LCA studies (A Bernstad and la Cour Jansen, 2012; 
Eriksson and Baky, 2010). The second most common form of sensitivity analysis was for testing 
variations in treatment emissions, i.e. a ± 20% increase in methane gas emissions from landfill, with 
seven of 22 studies completing such a test. What is not included or infrequently included in 
sensitivity analyses includes many local specific parameters, and this may be due to many FW LCA 
studies having a scope set at a large national scale or on theoretical flows that do not represent 
practice. The effect of household sorting efficiency is included only once in LCA studies despite it 
having a significant effect on global warming potential (A Bernstad and la Cour Jansen, 2012; Cleary, 
2009). The variations in modelling emissions from fertiliser application on land and crediting 
fertiliser production was only included twice despite showing a meaningful change in environmental 
impacts on these occasions (A Bernstad and la Cour Jansen, 2012). Finally, parameters not included 
in any sensitivity analysis include the biogas output from AD systems, the LFG capture efficiency of 
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landfills, and the effect of the end-use of biosolids (for example whether they are applied to 
agricultural land, forestry land or landfilled). The methodological effect of whether to consider 
biogenic carbon as a having a global warming potential, and to consider the impact of its 
sequestration have also rarely been tested (A Bernstad and la Cour Jansen, 2012), despite such 
parameters being likely to have a significant impact (Christensen et al., 2009).  
3.4.1.3.2 Uncertainty analysis 
Uncertainty analysis is a procedure to determine how the cumulative uncertainty in data and 
assumptions affect the reliability of impact results (International Organization for Standardization, 
2006a). The application of the procedure is far less common than sensitivity analysis; only 6% of the 
222 solid waste LCA studies included some form of the procedure (Laurent et al., 2014b). With a 
sundry of potential points of uncertainty in an LCA of waste management systems, as pointed out by 
Clavreul et al. (2012) its absence in such a study needs to be justified and documented (Laurent et 
al., 2014b). Reasons for the exclusion of uncertainty analysis may be due to the additional data 
required reflecting data imprecision (e.g. probabilities, confidence intervals). It may also be due to 
time and resource constraints brought about from calculation techniques like Monte Carlo 
simulation, fuzzy logic modelling, or Bayesian inference modelling  (Clavreul et al., 2012; Di Maria et 
al., 2016a; Eriksson and Baky, 2010; Lo et al., 2005).  Uncertainty in consequential modelling is often 
regarded as too high due to the need to predict complicated market dynamics, this may also be a 
reason for the exclusion of uncertainty analysis (Joint Research Centre, 2011a). Despite its limited 
use, uncertainty analysis is a useful method in testing the robustness and reliability of results and 
supporting any decision recommendations stemming from the results (Hanandeh and El-Zein, 2010; 
Hong and Li, 2011; Pires et al., 2011). The provision of uncertainty data in studies that have included 
uncertainty analysis, has, however, been insufficient to assist interpretation on many occasions, as 
pointed out by Laurent et al. (2014b). The use of the pedigree matrix, as described by (Weidema and 
Wesnaes, 1996), which translates five quality data indicators (pertaining to reliability, completeness, 
temporal accuracy, geographical accuracy and technological accuracy) for each data point and into a 
square of the standard deviation (σ2), has provided greater transparency in the management of 
uncertainty analysis data and interpretation (Carre et al., 2014; Ciroth, 2013).      
3.4.2 Existing LCA decision making tools 
LCA studies reviewed have varied in their goal and scope – from an assessment of a single 
treatment technology of only one waste stream, to a comparison study of kerbside waste systems. 
In this section only LCA tools that are classified as the latter are discussed. These LCA tools enable a 
user to input particular data and propose different waste management systems in order to treat 
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certain waste streams. The tool’s themselves are integrated to some extent with the generation of 
inventory data; modelling a processes inputs and outputs based upon specific user supplied data. As 
many as 15 LCA tools of this kind have been developed from as early as 1994, making many out-
dated, however, at least three are still actively applied in many waste LCA studies and are 
continually reviewed and updated (Gala, 2015; Gentil et al., 2010).  
The sizeable number of LCA tools is largely a result of the need to consider local conditions at 
least at the national level. LCA tools are generally developed with a country-specific focus. In fact 
Gentil et al (2010, p. 2,647) concludes in their comprehensive review of the LCA tools “the models 
have been optimised in their respective countries of development therefore tend to be most suitable 
for studies in the country where they have been designed.” Most LCA tools are designed for 
European nations; Denmark (EASEWASTE), United Kingdom (WRATE), and Sweden (ORWARE). 
Canada also has an waste management LCA tool, whilst the USA has two one having been developed 
in 2014 (SWOLF) (Levis et al., 2014). SWOLF has also recently been used to integrate LCC that 
includes environmental externality costs (Martinez-Sanchez et al., 2017b).  Australia does not have 
any dedicated waste management LCA tool.    
Given the variation across localised waste catchments, one particular process of each LCA tool 
that must consider local conditions, often with higher resolution than just national boundaries, is the 
collection process (Gala, 2015). Some of the LCA tools rely on user inputs for fuel use and truck 
requirements, however others use deterministic modelling, whereby numerous parameters 
including frequency of bin collection, distance between bins, number of households, truck type, 
distance to waste drop off site etc. are used in order to predict the fuel and truck requirements 
(Gala, 2015; Gentil et al., 2010). Given that many waste systems require alterations to collection 
processes, for example the addition of another kerbside bin, the former approach is difficult as it 
cannot incorporate or predict the changes, making deterministic modelling most appropriate (Gala, 
2015). Other local elements of importance include; a) the composition of waste, which all LCA tools 
allow to be altered accordingly by users, b) the technologies and conditions associated with 
treatment, and c) the local context of reuse, for example, whether regulation permits biosolids to be 
applied freely to agricultural land. 
Due to the national focus of LCA tools, the waste management technologies that are included 
are typically selected in the context of its likely deployment in that country (Gentil et al., 2010). 
Using biological treatment of FW as an example, some older LCA tools include only composting 
treatment for FW, whilst others include continually stirred mesophilic AD, and others include both of 
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the former as well as more contemporary biological treatments like MBT (Boldrin et al., 2011b; 
Gentil et al., 2010). No LCA tool includes anaerobic co-digestion of FW and SS, whether AcoD is 
achieved by addition of FW directly into a WWTPs sludge anaerobic digester, or whether AcoD is 
achieved through in-sink maceration of FW and its transportation through the sewer system. In fact 
only two studies have been found to include LCA of AcoD, none of which investigate the biological 
technologies use as part of a system wide comparison (Righi et al., 2013; Xu et al., 2015).  
3.4.3 Australian specific LCA studies 
As discussed the nature of LCA studies means that technological, temporal and geographical 
representativeness are each of paramount importance to the results and interpretation of any LCA 
(European Commission and Joint Research Centre Institute for Environment and, 2010). Therefore, 
studies which have been based in overseas jurisdictions or that have been conducted in Australia, 
but over 7 years ago, are unlikely to provide adequate representation of current conditions. 
Shortcomings of literature pertaining to comparative LCA of FW management options in an 
Australian context are: 
• Only four Australian LCA studies published (Hanandeh and El-Zein, 2010; Lundie and 
Peters, 2005; Pickin et al., 2010; Schacher et al., 2007) 
o None of which have been conducted in the past 7 years  
o None of which integrate a mass-balance determined inventory including for 
heavy metals  
o Only one incorporates uncertainty analysis (using non-pedigree matrix) 
(Hanandeh and El-Zein, 2010) 
o None of which include scenario analysis of contemporary policies or 
incentives.  
o None of which focus on micro-level (local government) case studies 
o None of which include system wide assessment of anaerobic co-digestion 
(either kerbside collected source separated FW or FW transported via in-sink 
maceration and the sewer) 
o Focus is overwhelmingly on global warming potential, typically excluding 
other environmental impacts entirely 
• Only one Australian study that includes an LCC, published in 2007 (Schacher et al., 2007) 
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3.5 Conclusions from the literature review 
This chapter has introduced the need to divert FW from landfill and discussed some of the likely 
alternative treatment technologies in the Australian context. It was shown that composting has 
become commonplace for garden organics and is increasingly playing a role in treating co-mingled 
garden and FW organic waste streams. Composting is an affordable proven technology that can 
recycle FW. However, the primary competitor to composting is likely to be AD.  There is a deficiency 
in information relating to AD in Australia including; the number of facilities that use the technology, 
the industries involved, the amount of biogas generated, and how the technology relates to existing 
government policies, however AD is still a likely alternative treatment technology. This is due largely 
to its demonstrated successes overseas and the growing importance of energy generation from 
waste. These two latter points are also true of thermal technologies when treating the broader MSW 
stream (i.e. FW mixed with other residual wastes). However, thermal treatments are unpopular 
socially in Australia and due to FW being present in the Australian MSW stream at high percentages 
and having a high moisture content leading to a low-calorific value, Australian thermal treatment 
plants are unlikely to meet stringent energy recovery regulations without first removing FW before 
treatment.      
This chapter has additionally reviewed the context in which FW management decisions are made 
in Australia whilst investigating decision support methodologies. It has been shown that decision 
makers are legally obligated to consider the environmental impact and financial cost of waste 
management systems, and are permitted to use price incentives in order to further the 
environmental and human health objectives. The waste hierarchy is often used as a simplified means 
to decide the appropriateness of a waste management policy. When it comes to waste treatment 
the hierarchy promotes reuse and resource recovery over disposal, which is often measured by 
metrics that assess the quantity of waste diverted from landfill, or are prepared for recycling. 
However, many of these metrics are too narrowly focused and cannot incorporate the entire waste 
pathway and therefore may not be promoting the principles of the waste hierarchy.  
After a critical review of decision support methods in the context of waste management was 
conducted and it was shown that LCA is a commonly applied method, particularly within the waste 
management industry overseas, and especially for comparing entire waste management systems. It 
was further determined that using a decision support method based on comparative LCA, and which 
incorporates a LCI developed using mass and energy flow analysis, allows for recycling and energy 
recovery efficiency metrics to be documented, as well as providing an integrated assessment of the 
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environmental impact of FW management systems. Combining this with a LCC module could enable 
decision makers to concurrently assess environmental impact and financial cost of systems.  
Whilst LCA and LCC was shown to be a suitable decision support methodology, an examination 
of previous LCA studies highlighted key methodological concerns for the implementation of a waste 
management LCA including;  
• The need to expand system boundaries  
• Set an appropriate and representative functional unit 
• To need to utilise sensitivity and uncertainty analysis to provide a robust assessment 
• Most critically the need to implement a study based on unique conditions implemented 
at a local level and including;  
o Quantity and composition of waste 
o Collection of kerbside waste 
o Climatic variation and the associated performance of treatment technologies  
o Regulatory context 
3.5.1 Knowledge gaps 
LCA of waste management systems in Australia is rarely performed. One LCA study was found of 
a modern landfill based waste management system, whilst one joint comparative LCA/LCC study 
included alternative FW treatments including composting and anaerobic digestion, however this was 
conducted over 8 years previous and did not include anaerobic co-digestion. None of these examples 
in the literature assessed FW management systems at a local level i.e. an Australian local 
government area, with the former study setting its boundary around a singular landfill, whilst the 
latter examined kerbside waste collection and treatment for the entire state of Victoria. 
Numerous examples of waste LCA and LCC studies were found overseas, primarily in Europe. Of 
these studies, however, it was noted that no system wide LCA of anaerobic co-digestion has been 
conducted world-wide, neither for the co-digestion of kerbside collected FW or through in-sink 
maceration. Moreover, although many LCA studies of international waste management systems 
were found, the setting of system boundaries were varied, the functional unit was often not related 
to waste management, and studies were rarely based on real life case studies. There was also a 
limited use of sensitivity analysis to explore 1) local parameters like; an increase or decrease in 
waste throughput, FW sorting efficiencies, or 2) methodological concerns like including/excluding 
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avoided products, or accounting/discounting biogenic carbon. Finally, it was demonstrated that less 
than 10% of LCA waste management studies have included uncertainty analysis. 
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Chapter Four 
4 A review of policy drivers and barriers for the use of anaerobic 
digestion in Europe, the United States and Australia. 
 
Anaerobic digestion’s (AD’s) use across Australia prior to this chapter had not been investigated, 
meaning the technologies proliferation was largely unknown, and an assessment as to how 
Australia’s use of AD compares to other OECD nations was not possible. Therefore, this chapter 
presents the first profile of Australia’s AD use. The profile details the number of AD facilities, the 
primary feedstock, and bioenergy generation. The profile is based upon, and compared to, similar 
profiles achieved for many European OECD nations, as part of the International Energy Agencies 
(IEA) Task 37- Energy from biogas program. Australia joined the task force in 2015. A review of 
drivers and barriers for the use of AD is also performed both in Australia and in the overseas nations 
of Denmark, Germany the UK, and the USA. This chapter explores the use and effectiveness of policy 
mechanisms to promote AD. It highlights the importance of policies which promote renewable 
energy generation, as well as organic waste diversion and rural development.  
This chapter was published in Renewable and Sustainable Energy Reviews in December, 2015 
(Volume 52: pp. 815-828). This chapter also formed the basis of 1) a publication focused exclusively 
on wastewater treatment plant anaerobic digestion published in Water Journal  of the Australia 
Water Association  May, 2015 (Volume 42: pp. 83-88), and 2) the first Australian ‘Country Report’ 
complied for the International Energy Agency Biogas Task 37 participation group. These two items 
are provided as an appendix. 
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4.1 Introduction 
There is widespread potential for the adoption of AD installations wherever organic waste streams 
are produced. AD is a proven technology for treating organic waste streams, the energy and nutrient 
potential of which may otherwise be lost to non-anthropogenic processes. Wastewater treatment 
plants (WWTPs) have used AD worldwide for over 100 years to help treat organics in sewage (Hindle, 
2013; Mata-Alvarez et al., 2011). Over the past 20 years, AD technology has proliferated in Europe, 
and to a lesser extent the USA, treating dairy, pig, chicken, and crop residues, as well as industrial and 
commercial wastes. These AD technologies are best defined as on-farm AD and industrial AD, 
respectively. More recently, AD has been proven to process and treat biowaste, cardboard food 
containers, grease trap residue and fats oils and grease (Kim et al., 2004; Long et al., 2012; Marañón 
et al., 2012; Mata-Alvarez et al., 2014; Nagao et al., 2012; Zhang et al., 2012). Most wastes can be 
digested either as a mono-feedstock or co-digested with other organic streams (Kim et al., 2004; 
Marañón et al., 2012; Mata-Alvarez et al., 2014). Treating biowaste, agricultural and industrial organic 
wastes using AD recovers nutrients, reduces landfilling, and generates renewable bioenergy.  
Despite the benefits of AD, its utilization has differed across the world (Bioenergy Task 37, 2014; 
Gloy and Dressler, 2010; Poeschl et al., 2010; Wilkinson, 2011). Some nations have promoted AD 
through strong government policy, whilst others have provided little or limited impetus for its 
uptake. This review sets out to synthesize 1) what government policies may have driven AD growth 
in the nations studied, with attention given to the impact of performance based financial incentives 
on AD use,.2) describe the context as to why policies have been implemented, and discuss how 
policies can assist in overcoming continuing barriers of AD use. The source of data used in this 
review was policy documents and industry assessments conducted or commissioned by government 
departments, multi-national organizations, and academic institutions across the five nations studied. 
Data for the compilation of each nations AD profile was obtained from industry, international 
organizations and government bodies, and personal correspondence with industry representatives. 
The methodology followed to achieve the goals of this review comprise (i) a case study analysis of 
Australia, Denmark, Germany, the United Kingdom (UK), and the United States of America (USA), (ii) 
each nation’s use of AD was examined in terms of the number and type of AD plants as well as detailing 
the energy output and growth, (iii) the key policies of AD divided into common policy areas which 
affected AD growth were discussed within the context of each nation, (iv) the barriers to AD are 
discussed with a focus on how policy may assist overcoming these barriers, and finally, (v) propose 
key improvements to AD policy and governance as well as suggesting further research that will help 
disseminate better information about AD. 
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 Denmark, Germany and the UK were chosen as case studies as they are widely considered to be 
leaders in the use of AD and may provide a benchmark for achieving AD adoption (Hindle, 2013; Maeng 
et al., 1999; Poeschl et al., 2010; Wilkinson, 2011). The USA and Australia have been included as 
examples outside the European Union (EU), where AD is promoted, but where the number of plants 
built suggests a more modest AD growth has occurred. All nations studied have varied socio-political 
and geopolitical foundations and hence implement a broad spectrum of policies. Yet all nations are 
developed economies, members of the Organization for Economic Co-operation and Development, 
and have a sufficient quantity of data, allowing for a useful framework for comparison and discussion 
of policy experiences.  
4.2 Profile of anaerobic Digestion in jurisdictions studied 
4.2.1 Denmark  
Denmark is generally considered a pioneer of AD and the founder of centralised AD systems 
(Maeng et al., 1999; Raven and Gregersen, 2007). The industry grew from small community farm 
groups (the first plant was made from fiberglass for approximately €400 in the mid-1970s (Raven 
and Gregersen, 2007)). Yet, many reactors fluctuated in and out of use due to a dearth of technical 
and operational knowledge. In the 1990’s, the Danish government became heavily involved in AD 
technology providing research grants investment funds and tax incentives (Maeng et al., 1999; 
Meyer, 2004). District heating systems established in the 1980s were often built alongside AD 
community systems which provided a stable demand for AD heat bioenergy (Raven and Gregersen, 
2007).  
The aforementioned conditions led to an increase in AD implementation. There were 12 AD 
plants in 1990 and by 2002 there were 57 (Raven and Gregersen, 2007). The most recent count at 
the end of 2013 show 22 centralised and 60 on-farm AD reactors, as well as a significant number of 
WWTP with AD (see Table 4-1). In order to meet future biogas and manure treatment targets it is 
estimated 40-50 new large scale AD plants will need to be built (Bioenergy Task 37, 2014). Currently 
most of the AD bioenergy generated is used as electricity (66%), and heat (20%), with the remainder 
flared (Bioenergy Task 37, 2014). The Danish government has recently signalled a prioritization to 
the upgrading of AD biogas to compressed natural gas for vehicle fuel, providing potential for future 
AD growth (Al-Seadi, 2013). The total number of AD plants in Denmark is shown in Figure 4-1.  
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Figure 4-1 –  Total number of digesters for bioenergy generation (2013) 
4.2.2 Germany  
Germany has by far the most AD plants. Its profile is dominated by on-farm digesters. In 2000, 
there were 850 on-farm AD plants with a typical plant capacity of 500 m3, using cow or pig manure 
as base substrate and supplemented with other agro-industrial co-substrates (Weiland, 2000). As of 
early 2014 on-farm AD plants had risen to 7,800, an increase of 918% in just over 14 years (ATB, 
2014). In the same period, 13 industrial AD facilities increased to 250, and 28 biowaste AD plants 
increased to 95, most of which are centralised with capacities ranging from 5,000 to 126,000 tonnes 
of organic waste per year (Bioenergy Task 37, 2014; Weiland, 2000). WWTPs, added another 170 AD 
installations, over the 14 years, although AD use at WWTP was already common.  
In Germany biogas produced by AD is currently used in three ways; generation of electricity, 
heating, or transportation biofuel. Biogas from AD produces 39,473 GWh/year in heat and 
electricity, 5.0% of Germany’s annual consumption (ATB, 2014). 65% of total annual biogas 
production is directed to electricity generation, 34% to heat, and the remaining 1% to vehicle fuel 
(ATB, 2014)..  
4.2.3 United Kingdom  
The UK has shown a significant increase in the amount of AD plants over the past decade. 
Excluding WWTP AD, plant numbers have almost doubled in the last four years, with 78 AD plants in 
2011 and 129 in 2013 (Lukehurst, 2014). Similar to Germany, AD plant installation has increased 
most in the on-farm AD sub-sector (123.08% increase from 2011-2013). Nonetheless, other AD 
installations have also shown a 38% increase in the same period (Lukehurst, 2014). Growth 
predictions for AD, including on-farm, biowaste, industrial and SS feedstock are predicted to increase  
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to between 16 and 27 TWh/year by 2030, given another 243 AD plants had planning permission in 
late 2013 (Lukehurst, 2014; SKM Enviros, 2011). In 2012, AD bioenergy was used to generate 5,340 
GWh of electricity and 1.2 million litres of biofuel for transportation. Heat generation was 
unrecorded (Bioenergy Task 37, 2014; Lukehurst, 2014). 
4.2.4 United States of America  
The USA’s AD industry is well established in terms of utilizing SS as a substrate. The USA has over 
1200 WWTP AD reactors most of which supply CHP units (see Table 4-1) (Water Environment 
Federation, 2013). In the last 10 years 223 of the 255 agricultural based AD plants have been 
installed and the past 5 years the rate of installations has increased further with 121 on-farm AD 
plants being built and operationalized (EPA USA, 2014a). Of these on-farm AD installations 86% 
utilize cattle waste (mainly dairy) either as a single feedstock or mixed with other organic substrate. 
In 2011, there was 146 on-farm digesters producing 478 GWh of bioenergy, 89% of which was used 
for electricity generation and 11% used to fuel boilers (Sullivan, 2011). The upward trend of on-farm 
AD use for bioenergy is expected to continue.  
4.2.5 Australia  
AD is in its infancy in Australia. The most significant contributor to Australia’s AD industry is the 
wastewater sector with 46 AD operations producing bioenergy. Accurate numbers of industry and 
agricultural AD facilities are difficult to obtain, however using information provided by grant 
agencies and the clean energy regulator, 13 industrial and 10 agricultural AD plants were identified, 
most of which have been built in the past 5 years. AD plants that treat municipal solid waste are very 
small in number (two in NSW and two in WA).  
Bioenergy is a very small player in the Australian energy market. Bioenergy in 2013 produced a 
small 6.9% of Australia’s renewable energy (RE) output, with AD generating only 0.17% of total 
electricity consumed (Clean Energy Council, 2013). However, electricity generation from AD 
installations has shown the most growth over the past five years. Hence, these small energy 
contributions are increasing, and after a government assessment of the potential of the bioenergy 
sector, aspirational goals of 2,413 and 55,815 GWh for bioelectricity were set for 2020 and 2050 
respectively, to which on-farm AD and AD systems fed biowaste and industrial organics are 
highlighted as critical contributors (Clean Energy Council, 2008).  
Table 4-1 –  Number and type of anaerobic digestion for bioenergy generation (2013) 
Country Anaerobic Digestion Feedstock Category 
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Population 
(million) 
WWTP  
Sewage 
Sludge  
Biowaste 
(residential & 
commercial)  
Agricultural 
(on-farm AD) 
Industrial 
Australia a 23.1 46 4 15 13 
Denmark b 5.61 65 22 c 60 c 5 
Germany b 80.6 1,400 95 7,800 250 
UK b 64.1 146 51 d 53 21 d 
USA e 314 1,241 1 255 unknown 
a Australian data amalgamated from survey and public information, b European data sourced from (Bioenergy Task 37, 2014),c 
sourced from (Al-Seadi, 2013), d as of March 2014,  eUSA data amalgamated from  (EPA USA, 2014a; Water Environment Federation, 
2014). 
4.3 Policy drivers of anaerobic digestion 
4.3.1 Energy security and climate change policy 
The generation of bioenergy from AD means AD policy is intrinsically tied with energy policy. A 
nation’s energy policy must secure an uninterrupted and affordable energy supply from local or 
international sources; as such conditions are paramount for the vitality of a nation’s economy. This 
long-existing energy security dilemma is a complicated nexus in its own right, and when coupled 
with international action to mitigate climate change (CC), synergies and conflicts multiply, making it 
difficult to achieve suitable energy policy.  
4.3.1.1 Net-energy importing nations Germany, UK and USA 
Germany, the UK and USA are net-energy importing nations (see Figure 4-2). These nations 
receive energy from politically unstable or unfriendly regions where conflict can cause significant 
disruptions to supply. The 1973 and 1979 oil crises exemplify these energy security concerns. In 
Germany, 39.9% of natural gas consumed stems from Russia (Ratner et al., 2013). The UK also relies 
heavily on Russia for coal and oil. In the USA, imports count for over 50% of oil consumed (IEA, 
2007a) with Saudi Arabia, Mexico, Nigeria, Algeria and Iraq representing 5 of the top 6 importing 
nations (U.S Energy Information Adminstration, 2014).  In order to mitigate the risk of interrupted 
energy supplies, net-energy importing nations, where possible, generate energy locally and diversify 
supply in order to make the energy network more robust in the face of a crises or energy price shock 
(Li, 2005).   
Previously the net-energy importers studied here have favoured nuclear energy or exploitation 
of domestic fossil fuel reserves to generate energy locally. Yet these options are often technically, 
socially and politically unworkable given contemporary pressure from transnational greenhouse gas 
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(GHG) abatement policies like the Kyoto protocol. The UK and the USA have provided significant 
research and development investment for carbon capture and storage technology for coal derived 
power stations to help alleviate the high GHG emissions (IEA, 2012a, 2007a). However, despite these 
investments many authors believe the technology faces significant technical difficulties, is not 
broadly deployable, and requires the burning of an extra billion tonnes of coal per year to offset the 
energy needs of the process (Froggatt and Levi, 2009; Gao, 2009). High extraction costs of fossil fuel 
resources too, limit the success and viability of deep-sea oil, coal seam gas and tar sands. Nuclear 
energy is a near-zero carbon emitter, but most nuclear power plants are dependent on uranium 
often sourced through importation, and with an estimated 90 years of useable low cost reserves 
remaining this energy source is not infinite (Nuclear Energy Agency, 2012). Furthermore, nuclear 
facilities are expensive to build and operate, and incur difficulties regarding handling and storing 
radioactive waste, including the risk of sabotage or catastrophic failure. Finally, both unconventional 
fossil fuels and nuclear energy have considerable public image problems in the wake of the BP Deep-
water Horizon disaster and Fukushima Daiichi meltdown (Nuclear Energy Agency, 2012).  
Given the obstructions to nuclear and fossil fuel energy, promoting and establishing RE has also 
been a key component of energy security policy for Germany, UK and the USA. RE provides harmony 
between energy security and action on CC by generating energy locally, with little geopolitical risk. 
Germany has announced it will decommission all nuclear plants by 2022 and supply 30% of primary 
energy consumption by 2030 from RE, moving to 60% by 2050 (see Table 4-2) (IEA, 2014a). The UK 
proposes to utilize a modest amount of nuclear energy in 2030 to support renewable energy and 
help decarbonize its energy sector by reducing coal and gas imports (IEA, 2012a).  The USA will 
progressively reduce its share of energy from nuclear technology by 2030, and is expected to show 
an increase in natural gas (thanks to fracking technology) and renewable energy usage (IEA, 2014a, 
2014b). A recent move by the USA’s Environmental Protection Agency to regulate GHG emissions 
from coal power plants is a noteworthy signal that is likely to lead to further RE usage (EPA USA, 
2014b).  
The European Union’s (EU) approach to the energy security/climate change nexus is led by one 
overarching EU directive that favours AD bioenergy generation. The Renewable Source Directive 
(RSD) mandates RE targets to support the use of RE in Denmark, Germany and the UK (see Table 
4-2). The RSD’s principal purpose is to provide a framework for the EU to meet its Kyoto protocol 
CO2 emission reduction obligations and, crucially, its secondary purpose is to promote the security of 
energy supply (European Council, 2009). Whilst the RSD endorses all renewable energy sources, AD 
technology is emphasized as the document proclaims bioenergy generated from organic waste as 
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having “high greenhouse gas emission saving potential,” “significant environmental advantages,” 
and “contribute[s] significantly to sustainable development,” (European Council, 2009, para. 12). AD 
lends itself further to the RSD framework by being able to generate three forms of primary energy 
use (gas, heat and transport fuel) as well as produce base-load electricity.  
Germany’s domestic legislation instigated by the RSD The Erneuerbare-Energien-Gesetz (EEG) and 
associated incentives, ensures AD is prioritized through generous feed-in-tariff’s (FiT) and tax breaks 
(Hjort-Gregersen et al., 2011). Under the EEG scheme AD installations receive better FiT rates than 
wind energy, landfill gas, and hydropowe (German Federal Government, 2012). Bonus rates are also 
available for AD plants that are fed biowaste. The UK’s legislated Renewable Obligation Certificate 
(ROC), FiT, Renewable Heat Incentive, and Renewable Fuel Obligation Certificate schemes guarantee 
AD bioenergy, in all its energy forms, are subsidized favourably. AD, for instance, qualifies for a 
bonus ROC per MWh, doubling revenue when compared to other RE sources generating the same 
amount of electricity (Lukehurst, 2014). According to commentators these domestic policy 
mechanisms have been vital in establishing on-farm AD in particular (Hindle, 2013; Zglobisz et al., 
2010).   
Analysts have also identified energy security as a key driver fostering RE and AD in the USA as 
the country looks to diversify energy supply  (Salameh, 2003; Viju and Kerr, 2013). The USA’s 
response, unlike the EU’s, relies on two pieces of legislation rather than one overarching framework, 
one of which is voluntary. The Renewable Portfolio Standard (RPS), which administers the selling of 
RE credits and setting of RE electricity quotas is paramount in providing financial incentives for AD 
(notwithstanding that the legislation is voluntary and has not been ratified by all states). The number 
of AD facilities has increased significantly since the RPS and uptake is clearly greater in states with 
stronger incentive programs for electricity like FiTs. However, some criticism of AD policy has been 
made in the USA as AD subsidies instigated by the RPS are poor, favour wind and solar, and compete 
with pre-existing subsidies made to fossil fuel energy sources (Levis et al., 2010; Sullivan, 2011).   
The manner in which natural gas is governed in the USA may help or hinder AD uptake rates. The 
USA energy portfolio is undergoing significant change due to the recent boom in production of 
natural gas from shale and coal seam extraction. The sheer scale of the reserves is set to have an 
effect on energy use domestically and internationally. The consensus is that USA gas production will 
lead to greater exports of LPG (Moryadee et al., 2014). This is despite export restrictions as per the 
Natural Gas Act 1938, as significantly higher prices are achieved for LPG in Asia and Europe (Arora 
and Cai, 2014; EIA, 2012; Moryadee et al., 2014). Modelling also shows that domestic gas prices in 
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the USA will rise (Moryadee et al., 2014). Higher prices domestically for gas products are likely to 
stimulate generation of biogas from AD, and could mean previous economically unviable AD projects 
become workable, especially in gas intensive industries. Pig farms or food processing facilities could 
use AD bioenergy onsite to treat their organic waste whilst concurrently offsetting gas use in their 
incubator heating system or food production lines.  However, if the predictions are wrong and 
domestic prices drop AD biogas is likely to be unviable. The UK and Australia are also looking to 
exploit reserves of coal seam gas; therefore how they manage this large natural gas resource is 
critical to the viability of AD biogas production there. Numerous coal seam gas projects in these two 
nations have been delayed or cancelled due to social and environmental concerns over the 
extraction process. The main concern is the use of large amounts of undesirable water in the 
extraction process and how to manage and treat this potential pollutant (Hamawand et al., 2013).  
 
Figure 4-2 –  International Energy Agency values for net-energy imports in 2010 (Mtoe)  
Adapted from (IEA, 2012a, 2012b, 2011, 2007a, 2007b) 
4.3.1.2 Net-energy exporting nations Denmark and Australia 
Local conditions governing AD in net-energy exporting nations like Australia and Denmark differ 
from net-energy importing nations. In Australia, RE and AD bioenergy are often sidelined as fossil 
fuels provide significant revenue through export and are used for cheap generation of energy 
domestically. In 2010 coal and natural gas exports were 190.1 and 16 Mtoe, respectively (IEA, 
2012b). This is set to increase to 327.8 and 95.7 Mtoe, respectively by 2020 and even more by 2035.  
Coal and gas also comprise 75% and 15% of electricity production. Given this context RE must 
compete against abundant and established energy sources found locally.  
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RE is promoted in Australian energy policy in order to comply with Australia’s Kyoto protocol 
targets, although incentives to AD are weak. The Renewable Energy Target (RET) is the most 
significant nationwide policy and aims to achieve 20% of electricity from RE by 2020. A similar 
mechanism to the RSD, the RET has been critical in promoting RE for electricity generation. State FiTs 
have also increased RE output, although there implementation widely varies. However, there are 
significant failures in both RET and FiT performance based incentives for AD. Firstly, the RET falls 
short of its EU equivalent by not considering heat energy, and transportation fuels, two prime 
energy forms that AD has proven to generate efficaciously (Appels et al., 2011; Yang et al., 2014). 
Secondly, all state FiTs excluding the state of Victoria, are not applicable to AD bioenergy (electricity, 
gas or heat). This not only makes AD systems economically disadvantaged in comparison to other RE 
technologies, but also makes it difficult for AD to connect to the grid, as non-FiT eligible energy 
generators have no legally assured right to connect and export to the grid (Victorian Competition 
and Efficiency Commission, 2012). This leaves the RET as the chief performance based incentive for 
AD, leading to the third failure of AD policy in Australia; the RET is tailored for large capacity AD 
systems that receive large-scale generation certificates (LGC), whilst small and medium AD 
installations are ineligible for small-scale generation certificates, unlike power generation from solar 
or wind. This means Australian AD bioenergy performance based incentives are incompatible with 
the typical AD installation installed in the USA for example, as 78% of operating on-farm ADs in the 
USA are small – medium scale plants less than 1MW generating capacity (EPA USA, 2014a). AD 
installations in Australia are therefore only suited to niche applications where onsite energy is offset, 
like at WWTPs.  
Political impasse and no clear sustained policy direction for CC mitigation in Australia have 
created an unsettled AD investment environment. The repeal of the Clean Energy Act (legislation 
mandating Australia’s top 500 biggest GHG emitting companies to pay a set price for carbon 
emissions) after just two years has caused vexation in the RE sector by pricing RE higher and 
removing cost burdens from coal derived electricity generation. Moreover, the previous bipartisan 
support for the RET has seemingly been eroded. The RET faces opposition from the current 
government and a review into the RET legislation in 2014 has called for AD relevant large-scale 
generation certificates (LGCs) to either be closed to new entrants or for smaller targets to be re-
determined annually (Warburton et al., 2014). Interestingly, the Australian government has 
previously highlighted that uncertainty in carbon pricing threatens energy security, whilst the 
diversity of supply brought about by RE benefits energy security (Commonwealth Government of 
Australia, 2011). This viewpoint was published prior to the newly elected government taking power. 
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Yet, it highlights the political polarization surrounding the use and encouragement of RE in Australia 
and how this polarization perpetuates uncertainty in Australian energy policy. Investment into RE in 
2014 provides a further example with only $40 million being invested in RE in first half of 2014, 
compared to $2.7 billion in the full year prior (Sharpe, 2014). 
In Denmark energy security policy is swiftly adopting RE and AD with the expectation that 
emitting carbon will soon be untenable. Denmark, also a net-energy exporter, realised 16.2% of 
primary energy from biomass and waste through technologies like AD in 2009 (IEA, 2011). According 
to a number of experts Denmark’s exploitation of RE, principally wind and AD, is testament to the 
impact of a clear, long-term RE policy that has gained accord across all political parties (IEA, 2011; 
Klima-Og Cnergiministeriet, 2010; Lipp, 2007). This provides a stark contrast to Australia’s ever 
changing RE policy, and happened despite the nation’s discovery of large oil and gas reserves. The 
continuity afforded to RE policy in Denmark has helped ensure AD’s successful development and its 
ideal positioning to take up any shortfalls in energy that oil and gas reserves will bring upon their 
expiration as predicted in 2030 (Höök et al., 2009; Klima-Og Cnergiministeriet, 2010). AD is set to 
become a key component of a fossil fuel free Denmark by 2050. Denmark’s RE policy has been a mix 
of responding to intergovernmental targets on GHG emissions (Kyoto protocol), RE targets 
(principally RSD), providing significant research and development funds, FiTs for bioenergy, as well 
as encouraging a remarkable grassroots community push for AD. All of which has led to great 
innovation in AD and Denmark exporting AD expertise worldwide (Baxter, 2014; Meyer, 2004).   
Table 4-2 –  Key energy statistics for jurisdictions studied  
Renewable Energy Targets  
Denmark Germany United Kingdom United States Australia 
30% primary 
energy from RE 
by 2020, fossil 
fuel free by 2050 
 
52% of electricity  
from RE by 2020 
 
40% of heat and 
cooling from RE 
by 2020 
 
10% of transport 
fuel from RE by 
2020 
 
20% primary 
energy from RE 
by  2020, 60% by 
2050 
 
38.6% of 
electricity from 
RE by 2020  
 
15.5% of heat 
and cooling from 
RE by 2020 
 
10% of transport 
fuel from RE by 
2020  
 
15% primary 
energy from RE 
by 2020 
 
30% of electricity  
from RE by 2020 
 
10% of heat from 
RE by 2020 
 
10% of transport 
fuel from RE by 
2020 
 
Blending quota of 
transport fuel 
supply 4.98%  
37/50 States and 
Washington DC 
have set 
electricity from 
RE targets 
(targets vary 
considerably) 
 
7 States target 
≥20% electricity 
from RE by 2020 
 
States yet to set 
targets at all: AL, 
AR, FL, GA, ID, 
KY, LA, MS, NE, 
SC, TN, WY   
 
20% of electricity 
from RE by 2020 
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Blending quota 
of transport fuel 
supply 5.75%  
Blending quota of 
transport fuel 
supply 6.25%  
4.3.1.3 Security in energy affordability and dependability  
Determining whether RE and AD is an affordable energy alternative is the final vital component 
of energy security/CC nexus. AD is typically dependent on some form of subsidization (see Table 
4-3). Governments which set strong pro-AD policies employ performance based financial incentives 
like FiTs or renewable energy certificates to valorise an AD plant’s energy output knowing that the 
technology requires some assistance in its infancy to compete against established energy generating 
technologies. Supporting AD bioenergy in the immediate term increases competitiveness and 
reduces the risk for the industry in its infancy whilst digression of incentives over time ensures 
innovation and cost-effectiveness (BMU, 2007; Poeschl et al., 2010). Yet, subsidies typically mean 
increase costs inflicted on fossil fuel derived energy generators, citizens or governments. So policy 
makers look to find a low cost solution and ensure financial incentives lead to technological 
innovation and an overall lowering of the price to produce energy in the long-term.  
Table 4-3 –  Summary of the main financial incentives used by each nation in 2013  
 Financial Incentives for AD bioenergy (AD system <500 kW capacity) 
 Denmark Germany United Kingdom United States Australia 
P
e
rf
o
rm
an
ce
 b
as
ed
 in
ce
n
ti
ve
s Electricity FiT 
$US 0.14/kWhA 
Max Electricity 
FiT 
$US 0.24/kWhA 
Electricity FiT 
$US 0.24/kWhA 
Electricity FiT 
21 states  
$US 0.17/kWh  
(CA highest in 
USA) 
Electricity FiT 
$US 0.07/kWhA 
(Victoria only) 
Gas FiT 
$US 0.017/GJA 
 2 × ROC credits 
Ave.  
$US 0.14/kWhA,B 
RPS credits 
PA Ave. for AD 
$US 0.008/kWhc 
RET credits (LGC) 
$US 
0.036/kWhA,D   
Heat FiT  
$US 
0.146/kWhthA 
Heat FiT 
$0.012/kWhth 
(SC only) 
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Othe
r 
Grants and Loans 
available for AD 
Grants and Loans 
available for AD  
Grants and Loans 
available for AD  
Grants and Loans 
available for AD  
Grants and Loans 
available for AD 
A Converted to US Dollars rates: £/$=1.66, DKK/$=0.18, €/$=1.32, $AUD/$=0.93. B UK ROC market price weighted 
average for 2013 × 2 (the AD ROC bonus)(EROC - Online ROC Auction Service, 2014). c Pennsylvania RPS credit market price 
weighted average for Tier I certificate in 2013 (Pennsylvania PUC, 2013). 2013 D LGC market price weighted average for 
2013 (Australian Government Clean Energy Regulator, 2013). 
4.3.1.4 Performance based incentives 
All nations reviewed have used some form of performance based incentive to drive growth in 
AD, although the amount per kWh varies substantially, as can be seen in Table 4-3. Germany and the 
UK had the highest available performance based incentive at $US 0.24/kWh whilst Pennsylvania had 
the lowest performance based incentive at $US 0.008/kWh. FiT or the sale of renewable energy 
certificates are the two most common forms of incentive that act to subsidize AD bioenergy.  
Germany’s performance based incentive program provides a good case study into assessing the 
effect financial incentives can have on AD usage. Reviewing data provided by ATB (2014) the number 
of AD plants commencing operation each year in Germany plotted against maximum performance 
based incentives available in each year (Figure 4-3) shows that as the maximum available incentives 
for AD plants climb so too does the number of AD plants being built, suggesting a linear relationship 
(scatter plot not shown). Using Pearson’s correlation this relationship proves to be statistically 
significant and positive for two categories of incentives; AD plants with capacity <150 kW, and 
capacity <500 kW (r = 0.815, p < 0.001, n = 21, 95% CI [0.592, 0.922]), and (r = 0.757, p < 0.001, n = 
21, 95% CI [0.484, 0.895]), respectively. Larger AD plants fitting the incentive category of < 5 MW do 
not have a significant correlation using p < 0.05. This assessment suggests that the maximum 
performance based incentives for smaller capacity AD plants (< 500 kW) may have a positive effect 
on AD plant numbers.  
A close look into the detail of the incentive programs offered by Germany’s EEG, particular in 
2009, shows that the maximum performance based incentives available were often increased 
substantially by bonuses for using selected feedstock (Figure 4-4) whereas the FiT for bioenergy only 
rose slightly. Therefore, the rise in the number of plants in Germany in 2009, 2010 and 2011 may 
well be due to performance based incentives that arose not from generating electricity but from 
including incentivized biomass as feedstock; using animal manure (Manure bonus), garden and plant 
biomass (landscape bonus), or rejected crops or crop residue (biomass bonus) were all valorised. 
Performing Pearson’s correlation for the FiT component only results in AD plants with capacity < 150 
kW as the only bioenergy FiT category having a significant correlation (r = 0.531, p = 0.013, n = 21, 
95% CI [0.129, 0.783]). This suggests that the FiT for AD plants with capacity > 150 kW may not have 
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had a significant impact on building new AD plants. Whilst the FiT for AD plants with capacity < 150 
kW has had a significant moderate positive impact. This coupled with the performance based 
incentives for using renewable biomass or waste biomass as feedstock may have been responsible 
for the large increase in AD plant numbers in Germany.  
 
Figure 4-3 –  AD Growth in Germany (ATB,  2014), compared with maximum available 
performance based incentives 
 
Figure 4-4 –  Germany’s EEG incentives for AD showing contributing components  
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The UK performance based incentive for AD relies simply on a bioenergy FiT or generating ROC. 
Whilst records only cover 2004-2013, hence sample size is small, the UK example can still provide a 
helpful look at the effect FiT and ROC prices have had on the number of AD plants commissioned 
each year. Figure 4-5 illustrates that as FiT were introduced plant numbers increased in the UK. 
Analysis using Pearson’s correlation to determine the strength of the positive linear relationship 
shows a statistically significant correlation between the number of AD plants commissioned each 
year and both the FiT for AD <250 kW (r = 0.801, p = 0.009, n = 9, 95% CI [0.293, 0.956]) and AD < 
500 kW (r = 0.828, p = 0.006, n = 9, 95% CI [0.365, 0.962). Both the FiT for larger AD plants (>500 
kW), and the ROC average price showed no significant correlation.  
It must be mentioned that both the German and UK analysis involved small sample sizes. 
Furthermore, the analysis of performance based incentives versus number of AD plants was a 
bivariate study and a number of other factors were not assessed due to unavailable data, including 
factors like the use of grant programs, heat or gas incentives, and tax breaks. Therefore, more 
research is needed perhaps a multivariate study. However the analysis does provide a better 
understanding of the types of performance based incentives being used, and may be able to explain, 
at least partly, why the number of AD plants in the USA and Australia are comparatively low 
compared to Europe, given their financial incentives paid for electricity in these nations is typically 
less than $USD 0.04/kWh. Unfortunately, insufficient data on the number of plants commencing 
operations on a yearly basis was unavailable in Australia, Denmark and the USA.   
 
Figure 4-5 –  AD Growth in UK (LUKEHURST,  2014) compared with FiT 
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4.3.1.5 Incentive programs reducing energy production costs 
Reduction of wholesale energy prices is the key benefit of financial incentive policies. A review of 
twenty papers that studied the effect of RE on electricity prices in Europe has shown that RE 
integrated into national electricity grid’s lowers the cost of electricity prices due to the merit-order 
effect (where low marginal cost energy sources are the first introduced to the grid to deal with load 
variations)  (Würzburg et al., 2013). A modelling exercise for Australian conditions also found that 
wholesale electricity prices can be significantly reduced through merit-order interactions. This 
implies that FiT schemes may well be cost-neutral or even save consumers money (McConnell et al., 
2013). Critically, this research has been validated in Australian government modelling as part of the 
RET review (ACIL Allen Consulting, 2014a).  
Whether the cost of financial incentives are recouped in full however, is a question largely 
unanswered or at least only partly answered, and is very much dependent on what is included as 
benefits. A cost-benefit review of Danish financial assistance program to AD bioenergy is one of the 
best assessments of the cost of financial incentives. It showed that the overall cost of developing the 
industry including social and environmental factors in Denmark has been approximately $12 (USD) 
per person (Maeng et al., 1999). The cost is primarily attributed to research and development whilst 
AD technology was in its infancy (1979-96), which totalled around 70% of the programs expenditure. 
The majority of the benefits are attributed to local employment, as unemployment was high in 
Denmark when the program was running. The study did not attribute any benefit to localized energy 
generation. German assistance has been focused more generously on performance based financial 
incentives than the Danish. Although a complete cost-benefit analysis of subsidizing AD bioenergy 
has not occurred across all policies, heavy subsidies for biofuels have resulted in a large decrease in 
tax revenue to government. The biofuel tax exemption in 2006 totalled €2.1b (Rauch and Thöne, 
2012). On the contrary German government documents show their EEG program has led to a €6.1b 
total benefit (BMU, 2007). With benefits assigned to a reduction in wholesale electricity prices (€5b), 
avoided external costs for electricity generation (€3.4b) and avoided electricity imports (€1b) (BMU, 
2007).  
4.3.2 Waste management and resource recovery policy 
Whilst the generation of renewable bioenergy is a critical function of AD installations, its other 
key attribute is the treatment of organic wastes. AD is one of the oldest processes that stabilizes 
biodegradable organic solid waste so that its nutrients can be safely reused (Metcalf & Eddy, 2003). 
Therefore, the manner in which a nation governs organic waste management is a critical component 
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of AD’s application. Where there is a greater impetus for organic waste reuse as well as stricter 
agricultural, environmental and human health regulations, as in the European nations studied, AD 
installations tend to be more prevalent. Whilst, where organic waste is treated similarly to inert 
waste and not strictly regulated, AD is used less.  
4.3.2.1 Diverting organics away from landfill 
All countries researched have identified a need to reduce the amount of biodegradable organics 
(biowaste and industrial organics) entering landfills. The USA and Australia rely heavily on state 
policy for direction whilst Denmark, Germany and the UK have implemented national level policies in 
response to an overarching EU framework. Mechanisms to achieve a reduction in biodegradable 
waste entering landfills include a mixture of municipal solid waste (MSW) diversion targets, 
complete bans on biowaste being landfilled, and trading or taxing of landfilled wastes. Installing 
diversion targets provides a long-term goal that can be tracked and measured. MSW landfill levies, 
raise the cost to landfill waste and its use is justified essentially for three reasons; (1) to provide an 
incentive to reduce and recycle waste streams, (2) to fund operational, end of life, and externality 
costs of landfill sites, and (3) to generate revenue for alternative sustainable MSW management 
strategies and infrastructure (Baddeley and Hogg, 2008; DEPI, 2013; KPMG, 2012). Therefore, landfill 
levies are making alternative treatment methods cost competitive as gate-fees at landfills approach 
parity with AD and composting gate-fees. Complete bans on biodegradable waste streams also 
promote AD, yet are difficult to implement without pre-existing alternative methods of 
management. 
The management of MSW in EU states has been regulated since implementation of the EU 
Landfill Directive (LD) in 1999. The LD enforces mandatory targets for member nations to minimize 
the quantity of biodegradable waste entering landfill. Lack of land, environmental protection, human 
health, and population density are key reasons cited for the implementation of the directive 
(European Council, 1999). Many analysts of the European AD sector view the landfill directive as the 
most significant driver in the growth of AD treating biowaste and industrial feedstock (Goldstein, 
2011; Watson, 2013; Wilkinson, 2011). Denmark first employed a landfill levy long before the LD was 
the umbrella policy imposed on EU members; in 1987 it added an extra €5.3/tonnes to landfill MSW. 
Staged increases to tariffs meant levels of MSW landfilled decreased and an incineration tax meant 
biowaste was predominantly recycled and not burnt (Kjaer, 2013; Raven and Gregersen, 2007). 
Denmark eventually imposed a total ban on landfilling biodegradable waste in 1997 (Kjaer, 2013). 
Germany, banned biodegradables from landfill as early as 1993, also prior to the establishment of 
the LD, yet loopholes in the legislation meant a tightening of the mechanism was needed in 2005 to 
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increase its effectiveness (Fischer, 2013). An energy tax was also introduced which added costs to 
incinerating plants using organic material (Poeschl et al., 2010). By 2006 no biowaste was reported 
as being sent to landfill in Germany (Fischer, 2013). The UK at first employed a trading mechanism 
known as the Landfill Allowance Trading Scheme which allowed regions which did not divert MSW 
from landfill efficiently to purchase surplus allowances from regions which installed diversion 
efficiencies. Additionally the UK introduced a landfill levy which has now become the main driver of 
diverting biowaste and industrial organics, as it has progressively increased. The UK levy began at £7 
in 1997 and has risen to £80 in 2014 (see Figure 4-6).  
Australia imposes landfill levies and diversion targets on a state by state basis, however state 
legislation is informed by a collaborative committee of state governments and the federal 
government (EPHC, 2009). Some states have, or will have, similar landfill levies in comparison to the 
aforementioned European nations (see Figure 4-6). The landfill levy is still a new approach in 
Australia but has shown to be helping diversion rates, especially in the state of New South Wales 
(NSW) (EPHC, 2010). However, composting facilities, which have been able to treat organic wastes 
economically, and are eligible to earn government carbon credits through storing carbon (Carbon 
Farming Initiative - CFI), are being pushed out of metropolitan regions typically due to odour 
complaints. Composting’s viability as an alternative treatment is therefore stretched due to 
subsequent high transportation costs. Local municipalities have recognized the dearth in viable 
alternative treatments for MSW and biowaste in particular and are looking to implement new 
infrastructure with AD featuring consistently in the plans (Metropolitan Waste Management Group, 
2009; WSP Environmental, 2013b).  
In the USA landfill levies and diversion targets can be imposed by states or municipalities. The 
city of San Jose has a landfill levy of $13/tonne, the highest in California (City of San Jose, 2014). 
Texas levies a state wide $1.50/tonne charge (EPA USA, 2014c). The federal government provides 
little guidance for regulation of waste management or waste diversion targets from landfill. USA 
waste management policy is complicated as a vast amount of waste is imported or exported across 
state lines in accordance with market forces. States in the past have enacted legislation that tried to 
preserve their own landfill sites for their citizens’ waste, either through import levies or bans. 
However, this type of legislation has been annulled by the USA supreme court on the ground of 
contravening the constitution (GAO, 1995). Landfilling options are many, with the last census of 
landfill sites in 1995 counting 3,536 EPA approved MSW landfills scattered across the USA’s 50 states 
(USA, 1995). Unsurprisingly, landfill tipping fees remain low, with the average on the spot cost sitting 
just below $45/tonne in 2010, less than the landfill levy applied in UK, Denmark and the Australian 
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state of NSW (NSWMA, 2012). Levis et al. explains that landfilling costs across the USA is non-
uniform, hence in 2010 it cost $110/tonne to landfill in North Eastern USA whilst in Ohio the cost 
was $28/tonne (Levis et al., 2010).  
Despite this setback Massachusetts, Connecticut, Vermont, Seattle, San Francisco, Portland and 
New York City have banned large restaurants and commercial entities from landfilling organic 
material completely, and have plans to extend the ban to all organic waste (Henrids, 2014). In New 
York City, as a result of the ban, organic waste must be sent to compost facilities or AD.   
 
Figure 4-6 –  Landfill levies charged across jurisdictions 
Converted to US Dollars rates: £/$=1.68, DKK/$=0.18, €/$=1.34, $AUD/$=0.93 
Landfill levies impact on the growth of AD is difficult to determine, and more research needs to 
be completed. In the case of the UK there are signs to suggest that higher landfill levies were a factor 
of the increased number of waste fed digesters. As a general trend as the landfill levy has increased 
in the UK so too has the number of AD plants commissioned. However, positive Pearson correlation 
only becomes significant when the year 2010 is removed from the dataset (r = 0.837, p = 0.01, n = 8, 
95% CI [0.323, 0.969]). As can be seen in Figure 4-7 the year 2010 was an anomaly which witnessed a 
large increase in waste fed digesters. A reason for this substantial change is not clear, and requires 
further research. In Australia, the first two AD plants that treat biowaste commissioned in 2002, and 
2004 respectively were in NSW, the first state in Australia to introduce and increase landfill levies. 
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Since then however NSW has not commissioned a new digester, despite substantial increases in the 
landfill levy. In Western Australia, as there levy is expected to increase, two new plants are set to be 
commissioned in late 2014, the state’s first biowaste fed AD plants. The amount of digesters in San 
Jose and Texas are unknown.  
 
Figure 4-7 –  Number of AD plants commissioned each year in the UK plotted with landfill 
levy 
Adapted from (Lukehurst, 2014), 
4.3.2.2 Nutrient recovery and end-use of AD digestate  
Organic waste streams have great value as fertilisers or soil conditioners. The AD process 
enables the reuse of organic waste by keeping valuable nutrients whilst helping to remove 
pathogens and stabilizing substances that may cause harm to the environment. In all jurisdictions AD 
is a recognized treatment method of treating SS at WWTPs so that it can be applied to land as 
biosolids (EPA USA, 1994; German Federal Government, 2001; Pollution Solutions and Design, 2012; 
Water UK, 2006). The EU’s Waste Framework Directive 2008/98/EC (WFD) informs Denmark’s, 
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industry waste until proven otherwise (EPA Victoria, 2013). AD is often lumped together with 
incineration and gasification technologies in ‘Energy from Waste’ guidelines and hence the diversity 
in possible contaminants and uses of back-end products must be broadly defined. Some states 
include AD digestate within their composting regulations and so the process for reuse, in these 
states is relatively clear (Department of Environment and Conservation NSW, 2004). In Europe on-
farm waste is strongly regulated and digestate reuse is promoted (see 4.3.2.3). Additionally, 
standards produced by Germany and the UK (Bundesgütesgemeinschaft Kompost (Saveyn and Eder, 
2014) and British Standards Institutions PAS 110:2010 (WRAP, 2010)) define when biowaste fed AD 
digestate is no longer waste, and is a safe, trustworthy product to apply to land.  
4.3.2.3 Agricultural, environmental and health regulation  
Agricultural on-farm AD has flourished in the EU countries researched, in part, because the EU’s 
WFD regulates the use of animal manure and ensures it is reused or recovered and not buried or 
disused. The directive and subsequent Danish, German and UK regulations also allow farmers to 
transfer manure to nearby sites without a license. These regulations have made it necessary for 
farmers to put in place manure management plans. Farmers have therefore looked for ways to 
better handle manure, and the prime management tool has been AD on-farm and centralised 
community facilities.  
The Integrated Pollution Prevention and Control EU Directive 28/1/EC and the related Nitrates 
Directive 1991 have also influenced the uptake of on-farm AD as they place the burden of managing 
waste produced by industry and agriculture on the producer. The legislation continues to tighten its 
minimum requirements regarding pollution of air, water and soil, as well as storage and treatment 
requirements, consequently pushing agricultural waste producers to enclosed waste management 
technologies like barrel composting or AD (Murphy et al., 2011). Resource recovery principles are 
also found in USA and Australia. Yet, the inclusion of farm wastes and animal manure differentiates 
the EU policies from those in the USA and Australia, where, as stated by experts such regulation and 
enforcement is weak (Hjort-Gregersen et al., 2011; Wilkinson, 2011).  
Strong health and environmental regulations for leachate, emissions of odour and toxic gases 
are universal across nations studied. These regulations foster AD over other treatment methods 
especially of biowaste in urban areas. Key air emission pollutants relevant to AD are hydrogen 
sulphide, ammonia, and siloxanes, which along with methane and  CO2 are fugitive emissions from 
AD processes, or when storing digestate (Converti et al., 2009). Consequently in Germany and 
Denmark covered stores are regulated (Lukehurst et al., 2010). Yet, emissions from AD are mitigated 
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largely due to the AD process occurring in enclosed tanks and any potential emissions are easily 
managed when compared with composting, landfills or incineration, where management is more 
complicated and expensive (Levis et al., 2010). Composting facilities in urban areas, particularly in 
Australia, have a record of being closed down due to breaches in odour regulations, which adds to 
the appeal of AD.   
4.3.3 Regional development  
Regional development is a principal driving force for AD, predominantly because of the quantity 
of organic biodegradable feedstock available in rural settings and AD’s decentralized approach.  In 
Denmark the early establishment of AD was driven in part by high unemployment rates in the 
country’s regional districts (Maeng et al., 1999). The creation of jobs and new revenue for farmers is 
at the forefront of German and UK, policy. A large number of grants for AD facilities in the UK came 
from regional development agencies until they were suspended in 2012. The newly formed Rural 
Communities Renewable Energy Fund now provides funding for pre-planning and approval of 
regional projects (Lukehurst, 2014). Wilkinson (2011) in his influential paper comparing German and 
Australian drivers of on-farm AD, succinctly identifies Europe’s scaling back of food production 
subsidies and scaling up of bioenergy incentives as bringing AD into rural development policy. The 
RSD has also played its role, as it promotes the deployment of RE for the purpose of development in 
rural and isolated communities. In the UK the Department for Rural Affairs provides grants for on-
farm AD operations in particular and is heavily tied to AD policy improvement. In the USA the 
Renewable Energy for America Program provides grants and loan guarantees for AD systems in rural 
areas that have undergone a competitive tender process (North Carolina State University, 2013).   
Regional development is a smaller driving force with regards to Australia. Government policy 
does recognize its potential but has so far not applied any significant policy mechanisms to achieve 
uptake of regional AD. The CFI, where money is paid to land managers by storing carbon or 
offsetting carbon emissions, has allowed Australian farmers to receive credits for AD systems fed by 
pig and cow manure (Commonwealth Government of Australia, 2013, 2012). The new government 
proposed Direct Action, set to supersede the CFI, will pay producers of carbon offsets and will carry 
over the same methodology for pig and dairy farmers. It will also look to expand further to biowaste 
and WWTP feedstock (Commonwealth Government of Australia, 2014). However, uncertainty 
remains about how many carbon credits will be purchased by Direct Action. Moreover, projects must 
compete against other carbon offsetting technology in the mining and coal power industries on a 
 Joel Edwards – PhD Thesis   Chapter 4—73 of 271 pages 
  
purely lowest-cost emissions reduction criterion. Therefore the benefits in creating jobs, diversifying 
and developing regional Australia are not considered.  
4.4 Policy barriers of anaerobic digestion 
Policy driving AD has made substantial inroads and continues to develop. Yet there are still a 
number of barriers, even in jurisdictions where AD is prolific. 
4.4.1 Marketable products  
4.4.1.1 Access to energy markets  
The market for the three types of energy that AD generates, heat, electricity and gas for 
transportation or grid injection, is often deemed too complicated or costly to access for small and 
medium AD facilities. The USA and Australia have no incentives, and often no infrastructure to 
capitalize on producing heat or gas, hence most AD operations produce electricity. The most cost-
effective outcome for AD plants is to offset their own energy usage first and where possible export 
surplus electricity into the grid (Hjort-Gregersen et al., 2011). However, standby charges, licensing 
fees and regulatory constraints to access local electricity markets make it prohibitively complicated 
and expensive to feed in to the grid, so excess biogas is often flared instead (Sullivan, 2011). Binkley 
et al (2013) study comparing electricity purchase agreements in the USA found paying standby 
charges alone under a net-metering purchase agreement represented on average a 20% reduction in 
electricity revenue (Binkley et al., 2013). Hence, there is a need for a reshuffle of energy policy to 
ensure suitable pricing and access is achieved in particular for small and medium sized AD 
installations that may not be able to cover such high fees. UK policy makers have worked hard to 
streamline and secure grid connection for AD plants there, and grid connections are relatively easy 
to secure (Eunomia, 2014).  
Upgraded biogas for transportation and grid injection remains a complicated market place. In 
the UK biogas upgrading for injection into the national gas grid continues to be a heavily regulated 
environment prohibitive for many projects as compliance and grid access costs can add to capital 
expenditure (Defra & DECC, 2011; Hindle, 2013). Moreover, biogas for transport is not valued as 
highly as natural gas injection under the Renewable Transport Fuel Certificates program, and lack of 
infrastructure too, does not facilitate biogas as a vehicle fuel (Lukehurst, 2014). The case in Germany 
is different where regulation on gas grid injection promotes AD grid connection through the Gas Grid 
Access Ordinance (Poeschl et al., 2010). Germany too, provides access to vehicle fuel markets thanks 
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to biodiesel blending quotas. Although its approach to mandatory blending targets can be expensive 
and force higher prices on transport fuel producers (Rauch and Thöne, 2012).  
4.4.1.2 Digestate/Fertilizer  
AD operators seldom sell digestate above cost recovery prices, despite its high agronomic value 
(Saveyn and Eder, 2014). Digestate is often sold in bulk and producers often pay for farmers or waste 
managers to disperse both liquid (supernatant) and fibre products (dried digestate or biosolids). 
Prices for bulk compost, produced at composting facilities are also well below production costs 
(Saveyn and Eder, 2014). Hence, the problem is not specific to digestate. Quality protocols for 
digestate treatment and reuse (Germany and UK) have gone some way to achieving better 
understanding of the value of digestate for agricultural use. However, as described by Riggle (2012) 
the crux of the problem is the perceived quality and use of the digestate (Riggle, 2012). Instead of 
comparing digestate to compost, it has been suggested it should be compared to a bio-fertilizer as 
there is a very high percentage of readily available nutrients (Riggle, 2012). It has been shown that 
when digestate is fashioned into dry pelletized bagged products digestate can reach a far greater 
price, up to €250/tonne, and similarly high prices in the USA (Levis et al., 2010; Saveyn and Eder, 
2014). It is worth noting that the market for bagged products is small and quick to reach saturation.  
4.4.2 Valuing the multi-dimensional benefits of anaerobic digestion 
Ensuring the benefits of AD are seen across government levels and institutions requires 
leadership to organize and promote cooperation. Government departments are by definition 
responsive to their specific portfolio. Therefore, a Department of Sanitation is not concerned with 
AD’s potential to provide energy security. Whilst the Department of Energy is not concerned that AD 
can provide a more environmentally friendly waste treatment alternative. The UK experience 
provides an example of a strong advocate integrating departments’ policy setting to realise AD’s full 
suite of benefits. The establishment of Waste and Resources Action Plan (WRAP), a not-for-profit 
organization setup to promote and establish resource recovery initiatives, is at the forefront of 
advancing UK AD policy (Watson, 2013). WRAP is jointly responsible for soft policy mechanisms 
including the creation of standard AD planning and operation permits, the PAS 110:2010 digestate 
reuse protocol, and a raft of technical reports and information sessions. Its influence resides in the 
fact it is funded by the Department for Environment Food and Rural Affairs, the Department of 
Energy and Climate Change as well as local government authorities, and brings together industry, 
researchers and the wider community. Advocate groups are relatively common in the other 
countries studied, AgSTAR in the USA and Bioenergy Australia for example, have made some 
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headway, yet they have arguably had less influence on policy formulation and knowledge 
dissemination. Willis et al (2012) in their report on barriers to biogas showed that successful 
marginal AD projects are often advanced by leaders (Willis et al., 2012). A strong advocate 
organization like WRAP can help diffuse and inspire such leaders. The grass roots campaign that lead 
to the proliferation of AD in Denmark in the 1980’s is another prime example of having a strong 
advocate organization (Raven and Gregersen, 2007).  
4.4.3 Feedstock supply and competition  
Securing a reliable feedstock in a competitive market is a considerable issue for an AD business 
case. Without a secure feed free of inhibiting substances an AD reactor may not reach its economies 
of scale and ultimately fail. AD operations are designed to run for 20-30+ years, and securing a 
feedstock for that period of time is often impossible, especially for biowaste. Local authorities 
typically tender contracts on biowaste treatment for less than 5 years (SKM Enviros, 2011). This 
creates a great uncertainty for an AD operation that relies on gate-fees for its main source of 
revenue. Moreover, feedstock like biowaste and commercial wastes may be suitable for composting, 
incineration or animal feed creating a competitive marketplace (Poeschl et al., 2010). If AD cannot 
offer the cheaper gate-fee a contract may not be tenable. Policy makers therefore need to consider 
feedstock supply; offering long-term contracts, grants and loans to offset the financial risk of a long 
payback period may provide certainty. Leveraging existing AD facilities treating sewage sludge is also 
a possible pathway for feedstock risk. These facilities have a long-term source of digestable sewage 
sludge and adding other appropriate feedstock like biowaste can help minimise the risk of losing a 
feedstock whilst still being able to maintain the AD facility at a scale in which bioproducts can be 
generated.  
Feedstock supply is intrinsically tied to policy. A recent report in the UK showing an excess 
treatment capacity provided by new and existing AD facilities, calls for stricter regulatory pressure to 
unlock feedstock from residential and commercial streams (Eunomia, 2014). One suggestion targets 
commercial food waste generators who produce over 50kg of food waste weekly in Scotland. Source 
separation of organic waste by households for kerbside collection is also a means to expand 
feedstock supply. Noteworthy examples of such municipal programs within the jurisdictions studied 
include the city of San Francisco, USA, and trials in Wales and Oxford City, UK. The strong EEG 
incentive policy in Germany may have also led to an oversupply of AD plants as anecdotal evidence 
suggests AD plants are increasingly competing for available feedstock. It is crucial therefore that 
policy makers understand the availability and suitability of feedstock in order to impose appropriate 
policies.  
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Policy makers also have to be careful to ensure the production of energy crops are not at the 
expense of food production. In Germany, Denmark and increasingly in the UK energy crops are 
grown on arable land to supplement AD plants. Currently Europe produces surplus food and so the 
issue is of limited concern. However, as Denmark, Germany, and the UK plan to boost the 
production of AD bioenergy, energy crop production is also likely to increase. As highlighted by 
Hjort-Gregersen (2011), competition for arable land with food crops will cause much vexation.  
4.5 Discussion  
4.5.1 An overarching global framework for mitigating climate change  
The ability of AD to generate renewable bioenergy has been a key driver in Denmark, Germany 
and UK thanks to the EU setting one united Kyoto Protocol target and implementing the RSD. The 
RSD has provided overarching legally binding targets designed to meet the Kyoto emission reduction 
targets, but has allowed flexibility in how European nations achieve the targets. In Australia and the 
USA the scope of their overarching federal government frameworks are not as expansive. This may 
be one reason why bioenergy subsidies are inconsistent and are often lower than Europe or non-
existent. A global agreement to mitigate CC in this context would; (1) validate the need for national 
RE targets set across heat, electricity, and transport energy, (2) provide a motive for strong financial 
support that helps establish technologies like AD, (3) help to reduce RE generation costs by 
promoting technology advancements, and (4) reduce CC abatement costs needed in the future.   
A global framework may help set consistent policy and disincentivise the use of fossil fuels. This 
would be particularly potent for Australia where there is considerable oscillation in RE policy that 
causes uncertainty for RE investment (RET review and the repeal of the carbon tax). In the USA also, 
where there has been no federal approach and state legislation lacks unified goals. Furthermore, in 
the USA higher domestic gas prices, brought about by new unconventional gas reserves, would 
credibly lead to more electricity generated from readily available coal (EIA, 2012). Discouraging coal 
use by pricing its emissions may mean RE and AD bioenergy are prioritized, enabling AD to compete 
in the marketplace and establish and maintain a place in the energy portfolio. This scenario would 
also be likely in Australia, where gas exports are expected to increase in turn increasing domestic 
prices, and pushing up electricity generation from readily available coal (IEA, 2012b).    
Agreeing on a global set of targets or policies for reducing GHG emissions is no simple task. 
Whilst it is not the aim of this paper to discuss the numerous geopolitical, social, governance and 
economic difficulties of such an agreement, it is important to note that urgent collective action at 
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the global scale is needed to combat catastrophic CC (IPCC, 2014). Moreover, all five nations 
acknowledge that CC requires “the widest possible cooperation by all countries… and [an] 
appropriate international response” (UNFCC, 1992, para. 6). Therefore, the global agreement 
concept has some political will. Additionally a recent World Bank report shows 39 nations and 23 
sub-national jurisdictions have implemented or are scheduled to implement pricing on carbon 
emissions including China, Brazil and many European nations (Hohne et al., 2014). In this context the 
establishment of a diverse RE portfolio including AD can be viewed as a matter of energy security, as 
a nation yet to establish an RE and AD foundation may be at risk of being inadequately prepared for 
generating affordable low GHG emitting energy under a global agreement to mitigate CC. Affordable 
energy is a key component of energy security and the strength of a nation’s economy. For a nation 
like Australia who has a heavy reliance on local abundant supplies of fossil fuels to generate 
affordable energy, a global agreement which prices GHG emissions could add a significant cost to 
energy generation. Therefore, it can be argued that it is in Australia’s best interest to ensure an 
established bioenergy industry now so any transition away from heavy emitting fossil fuel energy 
can be managed without significant price rises. A suitable template for Australia and other fossil fuel 
net-energy exporters can be found in Denmark’s continued steady development of AD bioenergy.  
4.5.2 Fortify the waste treatment hierarchy  
AD ensures organic waste can be treated as a resource. Yet, waste management policies tend 
not to prioritize resource recovery goals for biowaste. The WFD, which sets out a clear waste 
hierarchy (Figure 4-8), for example, still contains provisions that allow nations like the UK to 
incinerate or landfill biowaste if it is not economically viable or technically feasible to reduce or 
recycle. As AD now has a significant treatment capacity for biowaste in the UK, economic and 
technical arguments prioritizing incineration or landfilling over AD become tenuous. Moreover, LCA 
and life cycle costing (LCC) studies are helping to better determine the environmental value of 
adhering to the waste hierarchy (Evangelisti et al., 2014; Manfredi and Pant, 2012). The European 
Commission has recognized this and is planning to strengthen the waste hierarchy, by adopting 
proposals to ban biowaste material from landfill by 2025. These proposals are necessary to unlock 
existing biowaste feedstock to AD facilities, and promote source segregation of municipal waste. The 
proposals are expected to be voted on in council and parliament during the publication of this paper.  
Australia and the USA adopt near identical waste hierarchies to the WFD and similar 
considerations of economic and technical feasibility permits decision makers to circumvent the 
hierarchy (DEPI, 2013; EPA USA, 2013). Whilst the technical component here is difficult to argue as 
AD is a proven technology, the economic argument for landfill is strong as it is the cheapest option. 
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However, the future costs of pollution prevention, clean up and loss of finite resources that 
landfilling perpetuates are not represented by the low gate-fees at landfill sites. Furthermore, in 
these jurisdictions AD infrastructure to treat biowaste is not readily available, particularly in 
Australia. What is required in these jurisdictions is threefold 1) provide an adequate funding 
base/model to support the establishment of new alternative treatment projects, 2) set appropriate 
gate-fees at least preferred treatment facilities according to the waste hierarchy as to represent the 
true current and future externality costs of such treatments, and 3) provide a decision support tool 
(DST) for local councils to objectively analyse the economic, environmental and social benefits of AD 
and how it compares against other treatment methods.  
As discussed in Section 4.3.2.1 a select few municipalities in Australia and the USA have begun 
implementing the first two requirements through landfill levies. Nonetheless, experts suggest levies 
have often been too small to make any short-medium term effect on diversion away from landfill, do 
not sufficiently meet the externality costs associated with landfill, and significant amounts of 
revenue is channelled into consolidated revenue for use outside of alternative waste management 
objectives (ACIL Allen Consulting, 2014b; KPMG, 2012). Furthermore, the majority of jurisdictions 
have not set any levies. Given the potentially high opportunity cost of landfilling biowaste, urgent 
action is required in order to strengthen landfill levies where they already exist, and implement 
levies where none yet exist.  
Analysing AD and other treatment methods with an objective DST can assist policy makers in 
appropriately setting FiT or landfill levies, and assist with compromise between economic, 
environmental and social objectives. Whilst DST’s for waste management systems commonly use 
either life cycle thinking, cost-benefit analysis or multi-objective decision analysis (Karmperis et al., 
2013) much attention of late has been given to LCA and LCC methodologies as a suitable DST 
(Laurent et al., 2014a). Combined LCA and LCC can empirically compare AD, composting, 
incineration, and landfilling pathways for biowaste and other organic wastes across environmental 
and economic factors (Carlsson Reich, 2005; Fernández-Nava et al., 2014). Used collectively they can 
provide a more holistic analysis suitable for a DST. This basis of DST can also provide sensitivity 
analysis including the effect of subsidizing AD bioenergy and of selling high value by-products like 
compost and fertilisers to lower the overall gate-fee charged at AD facilities. A complete DST can 
enable policy makers to weigh up the wide-ranging benefits of AD against other treatment 
alternatives and the status quo; ultimately disseminating a better understanding of waste 
management practices and helping to avoid shifting the burden of environmental degradation or 
cost.  
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Figure 4-8 –  The waste hierarchy as described in the EU's WFD 
Similar hierarchies have been published in Australian and USA states (EPA USA, 2013; EPHC, 
2010) 
4.6 Conclusion  
AD growth has been driven by a number of government policies in the five nations studied; the 
key policy drivers and the context for the implementation has been discussed in this review. The 
policies identified as key drivers of AD are CC and the energy security nexus, waste management, 
and regional development.  
In regards to CC and energy security, Europe’s policies are deemed by experts more likely to 
support the proliferation of AD, as they have overarching RE targets across electricity, heat, gas and 
transport energy. In Europe these four targets provide the political will to implement generous 
performance based incentive programs for AD bioenergy across the aforementioned energy types. 
All nations have RE targets for electricity and implement performance based financial incentives for 
electricity in the form of renewable energy certificates or FiT, although the amount paid as an 
incentive varies considerably. As seen in Germany and the UK increased performance based 
incentives for small-medium scale AD plants seem to be a contributing factor in the increase in 
number of AD plants. FiT for AD plants of <150kW capacity in Germany, and <500 kW capacity in the 
UK have a statistically significant correlation with the increase in the number of AD plants in their 
respective jurisdictions. This correlation could help explain why the number of AD plants in Australia 
and the USA are comparatively low given financial incentives paid for electricity is typically less than 
$USD 0.04/kWh, and in Australia smaller AD plants find it difficult to access incentives like LGC at all. 
Reviewing waste management policies showed that the diversion of organic waste away from 
landfill is a goal of Europe, Australia and many states of the USA. The paper further discussed the 
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waste management policy mechanisms used by the nations studied, including landfill levies and 
environmental regulation, showing that landfill levies and waste performance based incentives have 
a significant correlation with the increase in AD numbers. As an example German performance 
based incentives in 2009-2011 promoted the use of certain types of waste and renewable biomass 
to be fed to digesters by adding bonuses up to €0.13/kWh of electricity to the FiT, the number of AD 
plants jumped substantially, only to drop again when they were scaled back. These bonus incentives 
proved to have a significant moderate positive correlation with the increase of AD plant numbers 
using Pearson’s correlation.  
This paper also addressed the barriers facing AD use and discussed policies which may help 
reduce said barriers, including; enabling and improving better access to compost and energy 
markets in order to sell AD by-products, ensuring and unlocking new sources of biomass feedstock to 
ensure digesters have adequate feed, and, facilitating a strong advocate organization for AD so the 
suite of benefits that often lay across government departments is better conveyed. It was suggested 
that in order to better disseminate the benefits of AD to policy makers the use and refining of DST 
based on LCA and LCC should be used. Using life cycle thinking will enable decision makers to assess 
AD performance in an environmental and financial context and avoid burden shifting. Finally, an 
emphasis was placed on the importance of a global agreement and set of targets to generate RE 
across all forms (electricity, heat, gas and transport fuels). This it was argued will provide a strong 
overarching framework for policy makers in the USA and Australia, in particular, where inconsistent, 
non-binding and oscillating RE policies are common. 
4.7 Supplementary data  
Supplementary data associated with this article can be found in the appendix. 
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Chapter Five 
5 Energy and time modelling of kerbside waste collection: Changes 
incurred when adding source separated food waste 
 
The kerbside collection phase of a waste management system consumes a large amount of fuel, as 
well as requiring many trucks and personnel. These two parameters can influence the environmental 
impact and financial impact of a collection regime. Moreover, as new municipal food waste (FW) 
treatment technologies are employed changes to collection regimes are often required due to the 
need to source separate FW. This chapter presents a validated, deterministic mathematical model to 
predict the fuel and truck requirements brought about by alterations to a kerbside collection system 
in the Australian context, with particular focus on changes incurred by adding a new source 
separated FW bin. The model forms the basis of the life cycle inventory (LCI) of collection phases of 
waste management systems used in subsequent chapters. It was published in Waste Management in 
2016 (Volume 56: pp. 454-465)    
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5.1 Introduction  
FW constitutes on average 35 – 45% by weight of total municipal garbage in Australia (Melton 
Shire Council, 2011; New South Wales EPA, 2011; Schacher et al., 2007). Most of this FW is sent 
directly to landfill, which makes it one of the biggest municipal waste categories discarded to landfill 
(Randell et al., 2014). Recent attention therefore is been given to how to divert FW from landfill.  
Source separated food waste (SSFW) is the sorting of FW at its point of generation into an 
exclusive waste stream. Recently it has been shown to increase FW diversion away from landfill and 
encourage reuse, recycling, and energy recovery (European Commission, 2015; Mazzanti et al., 
2009). Because of this, local government areas (LGAs) that implement SSFW are now eligible for 
Australian government financial incentives (Commonwealth Government of Australia, 2015). Whilst 
this attempts to drive SSFW implementation, a significant barrier is ensuring any collection regime is 
cost-effective (Zhuang et al., 2008). Information on the magnitude of increase in diesel consumption, 
and additional trucks required is largely missing from the literature. This is likely because changes to 
a collection regime are often modelled internally and therefore not made public; or because 
modelling has proven time consuming and requires a large amount of data; as models are 
dependent on a number of parameters that can vary drastically due to local conditions (Di Maria and 
Micale, 2013; Sonesson, 2000). Some of the key variables to consider include; constant stop start 
driving, distance between bins, constant use of hydraulic lifts, truck capacity, and the speed at which 
a truck travels when collecting and hauling waste to an unload point (Farzaneh et al., 2009; Huai et 
al., 2006).  
Despite the high number of variables there are a few existing models. Two commonly used 
models are Organic Waste Research model (ORWARE) and Waste Recycling and Cost Model 
(WRCM). However, problems arise when using these models for contemporary Australian conditions 
and when trying to reflect geographical, operational and technological changes across LGA, 
especially as the aforementioned models provide little indication on how to update and substitute 
the default values used. Moreover, new published information on the energy consumption of 
collection truck vehicles in lift, low speed acceleration, and drive modes means models can be 
improved upon. This research therefore aims, to update and expand upon the ORWARE and WRCM 
models by developing a new general model.   
The new model, Municipal Solid Waste – Collect (MSW-Collect), applies scientific methods, 
including centroid theorem, local street surveys, and census data in a novel approach that better 
represents critical local parameters specific to their collection area circumstances; parameters which 
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have previously been industry estimates or rule of thumb. Additionally, MSW-Collect looks to more 
accurately represent a collection truck by modelling truck activities that could not previously be 
included due to a lack of knowledge e.g. energy requirements of trucks when lifting bins.  
This study validates the MSW-Collect approach using gathered case study LGA data, and 
comparing outputs against predecessor models using statistical analysis. Upon validation MSW-
Collect is used to determine the fuel consumption and trucks required for five common SSFW 
collection scenarios. The methodology and findings disseminated in this study are intended for LGA 
that are interested in assessing the cost-effectiveness of SSFW collection, moreover, for waste 
management decision makers who require accurate energy and material data for a wider analysis of 
waste management systems, for instance, in life cycle assessment (LCA) studies. 
5.2 Description and review of existing models ORWARE and WRCM 
ORWARE, developed in the mid-1990s in Sweden, is a software package that assesses organic 
and inorganic waste management scenarios using a life cycle perspective. The component of 
ORWARE dealing with kerbside waste collection is described in detail by Sonesson (2000, 1996), 
however a brief description is as follows. ORWARE separates the kerbside collection process into 
three distinct modes based on a collection truck’s activity; 1) the haul (the time when the truck is 
transporting collected waste from the collection area to the unload point), 2) stop-collect (the time 
at which the truck is stopped and emptying kerbside bins or waiting to empty kerbside bins into the 
truck body), and 3) drive-collect modes (the time driving between stopping and emptying kerbside 
bins). Within each mode energy consumption and time are calculated and are summed to give total 
energy consumed (MJ/year) and time required (h/y).  Input data parameters involved in the model 
are; average speed in haul mode, distance between collection area and unloading, amount of waste, 
average truck load, distance between stops, average speed collecting, time per stop, number of 
households, collection frequency, households per bin, energy used (stop), and energy used (driving). 
ORWARE does require data from the user that may be difficult to obtain accurately (Sonesson, 
2000). However, this can be overcome by using default values provided for; average speed in haul 
mode, average truck load, distance between stops, average speed collecting, time per stop, energy 
used (stop), and energy used (driving).   
Waste recycling cost model (WRCM) is an Australian model developed in the late 1990s by the 
Co-operative Research Centre for Waste Management and Pollution Control. Similar to ORWARE, 
WRCM aims to be a general model with a minimal amount of data input requirements by using 
default generalised values. WRCM divides kerbside collection into two distinct phases; truck 
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collection and truck haul for separate parameter estimation, calculation and then summation. The 
required parameters are LGA classification (metropolitan, or non-metropolitan), the number of 
households serviced by the LGA, waste per household, waste density in truck, collection area, 
collection frequency and distance from collection to unloading point. Along with these parameters is 
a list of assumptions, which can be altered if data is available, but otherwise simplify the model. 
These assumptions are; traffic congestion – and consequently average road speed, participation rate 
of households, set-out rate of bins, fuel consumption rate, collection time per household, truck 
capacity, and truck emptying time.     
The use of default data allows both ORWARE and WRCM to be attractive to an LGA for 
estimating energy and time consumption. However, ORWARE, given its application in Sweden, mean 
defaults are not typically applicable to other regions, as population density and town design vary. 
For example the crucial variable of distance between bins in ORWARE is 0.11 km for an urban 
environment, whilst in WRCM the average is 0.02 km. Not having applicable default data means this 
distance needs to be estimated. The ORWARE model does not provide a method to calculate 
replacement data for this and other parameters. Some data may be possible to obtain from 
contractors or LGA, however in conducting this research it has been found that data provided in this 
way is typically a rough ‘rule of thumb’ estimate by an operator or manager. WRCM does provide 
means to estimate distance between bins. It applies a corresponding distance in increments of five 
meters to the calculation of collection area divided by the number of households in the collection 
area. This is a more sophisticated approach; however this is translated into defaults of five meter 
intervals, which is unlikely to be accurate enough when modelling a collection regime that visits over 
50,000 dwellings every week.  
WRCM also simplifies the fuel consumption of a collection fleet into litres per hour (L/h) without 
pinpointing what activity of collection is responsible for the fuel consumption. This may explain 
discrepancies in predicting fuel consumption as different collection activities have different energy 
requirements, for example hydraulic lifting of a bin can consume approximately 2.3 g of diesel/s 
whilst freeway driving can consume up to 9.7 g of diesel/s  (Farzaneh et al., 2009; Sandhu et al., 
2014). This is important when considering the logistics of a collection regime. One collection area 
may require many bin lifts, but smaller driving distances to the waste disposal site, whilst another 
necessitates the opposite. ORWARE divides energy consumption into that used in the stop mode and 
that used in the drive mode, which distinguish between a truck’s energy requirements for the 
hydraulic lifting of a bin, and from the energy required to haul waste to the unload point. In 
ORWARE it is not detailed how the default values for energy use of 2.5 MJ/stop and 9 MJ/km were 
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derived. It could be assumed that 2.5 MJ/stop is the average energy required to lift the average 
amount of bins per stop. Whilst the 9 MJ/km is noted as being from the consumption rate of 0.25 
L/km, however this fuel consumption rate is comparably low to other literature sources which range 
from 0.36-1.17L/km (Di Maria and Micale, 2013; Gala, 2015; Huai et al., 2006; Sandhu et al., 2014).   
5.3 Description of the MSW-Collect model 
A schematic of MSW-Collect and a typical operation is provided in Figure 5-1. The truck at the 
start of the day leaves the depot (start/end) and travels to the collection area along urban roads 
observing urban speed and driving restrictions. Once in the collection area the truck activities are 
divided into ‘stop/go’ (represented by the stop/go sign) which refers to the 
acceleration/deceleration a truck makes as it drives between stops, and ‘lifting’ (represented by the 
up and down arrows), which refers to the hydraulic lifting of one kerbside bin. As can be seen in 
Figure 5-1 stop/go and lifting continue until collection is complete. Furthermore, lifting may include 
multiple bins before stop/go begins again, as bins from apartment dwellings are grouped together. 
Once the truck is full, or the collection has been completed, the truck enters haul to unload this 
includes both urban and freeway driving conditions. As the truck reaches the unload point, like a 
landfill or transfer station, unload is initiated as it empties its contents. Following this the truck 
either enters unload to collection, which acts the same as haul to unload but in reverse, or it returns 
to the depot for the day (start/end). 
 
Figure 5-1 –  Schematic of MSW-Collect operation divisions 
A truck’s run starts at the truck depot ‘start/end,’ and drives to the collection area via a mixture of freeway and 
urban driving, in the ‘collection’ mode a truck’s activity is divided into ‘lifting’ and ‘stop/go’ ‘collection lift,’ once 
a truck is full it enters ‘haul to unload’ where it drives via urban and freeway driving to the ‘unload’ point, it 
unloads its contents and either enters ‘unload to collection’ mode or if the day’s activities is complete returns to 
the depot. 
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As shown in Figure 5-1 MSW-Collect operates similarly to both previous models by dividing the 
collection process into distinct phases based on the time a truck spends in certain activities. 
However, MSW-Collect improves on this framework by further dividing activities which were 
previously amalgamated in ORWARE and WRCM i.e. collection mode is divided into lift and stop/go, 
and haul is divided into urban and freeway driving. It also includes start/end trips to and from the 
truck depot. This greater division of a truck’s activity allows MSW-Collect to utilise contemporary 
data for the time required and fuel consumption, and allows a more detailed representation of a 
given LGA’s collection regimes characteristics.       
The mathematical design of MSW-Collect is shown in the flow chart in Figure 5-2. The model 
uses the quantity of waste being collected (represented by parallelograms) along with newly 
researched defaults (represented by shaded ovals) to generate interim outputs and the main model 
outputs (represented by shaded rectangles).  Sub-models (represented by diamonds) are used to 
translate known data from the LGA into useful parameters. These sub-models are discussed further 
in Section 5.3.3. 
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Figure 5-2 –  Flow chart and mathematical design of MSW-Collect  
5.3.1 The use, source and method for default values 
All default values with corresponding literature sources or method used to derive values are 
listed in Table 5-1. 
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5.3.2 Data required 
There are a total of 8 data points required for MSW-Collect. They are; 1) classification of LGA 
(urban, peri-urban, rural), 2) geographic borders of the LGA collection area, 3) quantity of waste 
collected, 4) number of services provided (customers), 5) frequency of bin collection, 6) the unload 
destination of waste, 7) the location of the truck depot, and 8) the dwelling profile within the LGA 
(e.g. the number of separate houses, apartments, flats). In Australia, this data is publically available. 
For classification of LGA urban LGA are those within the state capital city limits, excluding the outer 
fringe LGA which are considered peri-urban, and all other LGA considered rural. This classification is 
a simplification that can be subjective, however as this defines traffic congestion in the form of 
speed in collect and haul modes, it is considered a better solution than not including the parameter 
at all. Items 2-7 are well defined and published on LGA websites or available from the waste services 
department/officer. Item 8 can be found from census data.  
Table 5-1 –  Default values used in MSW-Collect 
Item Value Unit Description Reference/Method 
Average truck 
load 
5  t Average weight of a trucks 
load when it discards to 
unload point.  
(CalRecovery Incorporated and 
Tellus Institute, 1993; Chrisant, 
2015) 
Average time 
per lift 
0.0023 h Average time to lift using 
hydraulic truck arm - 8.35 
seconds per lift  
Average value from measured 
data when observing trucks in 
collection mode. 
Average Speed Stop/Go 
Urban 7 km/h Average speed between 
stops in collection mode 
(Urban).  
Average value from measured 
data when observing trucks in 
collection mode.  
 
Method for data collection: 
Distance a truck travelled (d) 
using GIS mapping, during a 
collection period (n=12), divided 
by the time taken (t) for the 
collection period minus the time 
taken to lift bins (tlift).  
speed =  
d
(t −  tlift)
 
Specific to urban LGA.    
Peri-urban 9 km/h Average speed between 
stops in collection mode 
(Peri-urban). 
Same as above but specific to 
peri-urban LGA. (n=10)    
Rural 15 km/h Average speed between 
stops in collection mode 
(Rural). 
Same as above but specific to 
rural LGA. (n=7)   
Average Speed Haul (Built-up areas) 
Urban 35 km/h Average speed in urban 
environment according to 
literature. 
(Department of Environment and 
Conservation NSW, 2005; 
Farzaneh et al., 2009; Sandhu et 
al., 2014) 
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Peri-urban 40 km/h Average speed in peri-urban 
environment.  
Assumption based on 
extrapolations from urban and 
rural speeds 
Rural 50 km/h Average speed in rural 
environment according to 
literature. 
(Department of Environment and 
Conservation NSW, 2005) 
Average 
Speed Haul 
(Highway) 
82 km/h Average range for speed 
according to literature. 
(Farzaneh et al., 2009; Sandhu et 
al., 2014) 
Average truck 
hours 
1820 h/y Hours a truck operates for 
per year (35 hour/truck 
week × 52 weeks)  
(Department of Environment and 
Conservation NSW, 2005) 
Energy from 
Diesel 
39 MJ/L Widely used energy content 
of diesel fuel 
(World Nuclear Association, 
2010) 
Energy during 
bin lift 
0.1 MJ/s Amount of energy 
consumed by the hydraulic 
lift per lift.   
(Farzaneh et al., 2009) 
Energy during haul 
Urban drive 
(laden) 
0.176 MJ/s Energy consumed whilst 
driving laden along urban 
roads.  
Assumed to use USA EPA MOVES 
operating modes (0,1, 11-16) in 
accordance with the time spent 
in these modes according to 
(Sandhu et al., 2014)(EPA USA, 
2010; Sandhu et al., 2014) 
Urban drive 
(empty) 
0.035 MJ/s Energy consumed whilst 
urban driving and the truck 
is empty.  
Assumed to use MOVES 
operating modes 0,11,12 (EPA 
USA, 2010; Sandhu et al., 2014) 
Highway drive 
(laden) 
0.450 MJ/s Energy consumed whilst 
highway driving laden.  
Assumed to use USA EPA MOVES 
operating modes (21-
27,33,35,37) in accordance with 
the time spent in these modes 
according to (Sandhu et al., 
2014)(EPA USA, 2010; Sandhu et 
al., 2014) 
Highway drive 
(empty) 
0.183 MJ/s Energy consumed whilst 
highway driving and the 
truck is empty.  
Assumed to use MOVES 
operating modes 21-23. (EPA 
USA, 2010; Sandhu et al., 2014) 
Energy during 
stop/go 
0.176 MJ/s Energy consumed whilst 
driving laden along urban 
roads.  
(EPA USA, 2010; Sandhu et al., 
2014) 
5.3.3 MSW-Collect’s sub-model descriptions  
5.3.3.1 Centroid calculator 
Centroid theorem is used to determine a value for the distance between the centre of any 
collection area and the point where waste is unloaded as well as where a truck is parked overnight. 
Previous models have not used such a method, either relying on estimation from drivers, or waste 
managers. Using geographic information system (GIS) software a reference grid and the LGA 
collection boundary is plotted. The collection area is then broken up into simple shapes of right 
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angle triangles and rectangles to best fit the composite collection area dimensions. The centroids for 
each simple shape are determined in accordance with Equation 1 and Equation 2. The LGA centroid 
is then calculated using Equation 3. Many versions of GIS software can calculate the centroid of a 
polygon. The use of such software is preferable.  
Equation 1 – Centroid coordinates of a right angle triangle 
x̃ =  
a
3
 , ỹ =  
b
3
 
Equation 2 – Centroid coordinates of a rectangle 
x̃ =  
l
2
 ,  ỹ =  
w
2
 
Where, x̃ = x coordinate of the simple shape, ỹ = y coordinate of the simple shape, a = the length 
of the adjacent side of a right angle triangle, b = the length of the opposite side of a right angle 
triangle, l = the length of a rectangle, and w = the width of a rectangle. 
Equation 3 – Centroid coordinates of a composite shape 
x̅ =
∑(x̃ × A)
∑ A
    y̅ =
∑(ỹ × A)
∑ A
 
Where, x̅ = the x coordinate of the composite shape,  y̅ = the y coordinate of the composite 
shape, A = the area of the simple shape. Once the centroid has been calculated it is used to 
determine, using a traffic map overlay, the shortest distance (km) between the centroid and the 
unload point in accordance with road infrastructure.  
5.3.3.2 Number of stops & lifts  
The number of stops & lifts sub-model is used in order to distinguish between the number of 
stops required by a collection truck and the number of bins lifted for any given LGA. The number of 
households serviced and data on the LGA’s housing profile is used. The housing profile classifies the 
number of dwellings in an LGA into; separate houses, semi-detached houses, flat/apartment/units, 
and other. Using the total number of dwellings a percentage is calculated for each dwelling 
classification. Each dwelling classification’s percentage is then multiplied by the number of waste 
services in order to estimate the number of waste services for that specific dwelling classification. 
The number of stops & lifts sub-model then calculates, according to the type of LGA being modelled 
(rural, peri-urban, urban), the number of bins per stop at each dwelling type. Using this, the number 
of stops is found as per Equation 4, where No. S dwellinge = number of stops for dwelling 
classification ‘e,’ lifts per stope = the corresponding lifts per stop of dwelling classification ‘e,’ and set 
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out rate = the average percentage of serviced customers who actually place their bin on the kerb 
ready for collection in any one collection cycle. Values for set out rates are based on average values 
from literature, for garbage bin it is considered 95%, whilst recycling and organics bins are both set 
at 80% (Department of Environment and Conservation NSW, 2005; Sustainability Victoria, 2011). The 
assumptions for the number of stops & lifts sub-model can be found in Table 5-2. All assumptions 
can be overridden at any time if actual values are known.  The number of lifts required is simply the 
number of services for; garbage, recycling and garden collections - multiplied by the set out rate.  
Equation 4 – Number of stops per dwelling classification 
No. S Dwellinge =  
1
Lifts per stope
 ×  No.  of Dwellingse  ×   set out rate (%) 
Table 5-2 –  Assumptions for the number of stops & lifts sub-model 
Classification Lifts per stop 
Urban Peri-urban Rural 
Separate house 1 1 1 
Semi-detached house 1 1 1 
Flat/apartment/unit 8 4 2.5 
Other 1.5 1.5 1.5 
Set out rate 
Garbage 95% 
Recycling 80% 
Garden waste 80% 
5.3.3.3 Distance between stops  
This sub-model adopts GIS software with satellite overlay and is a method not previously applied 
in previous models, which instead use default data (typically from undocumented sources), driver 
estimations or population density to find this parameter (see Section 5.2). Residential blocks that are 
located within the LGA collection area are selected at random. A minimum of 10 blocks should be 
used, but 30 or above is preferable. For each block a collection truck run is simulated by counting the 
number of lots on one side of each street within the block. The overall perimeter of the block is 
measured and the number of lots divided by the distance of the perimeter. For courts or cul-de-sacs 
all lots are counted and the distance of the court is doubled, as a collection truck is assumed to drive 
up, turn around and then drive back, whilst always collecting bins on its left hand side. Upon 
surveying an average value for distance between bins is calculated. This is then multiplied by the 
number of total stops divided by the number of total lifts specific to the modelled LGA (both 
determined in the previous sub-model). This calculation accounts for the collection truck stopping at 
a cluster of bins at apartment blocks.  
 Joel Edwards – PhD Thesis   Chapter 5—98 of 271 pages 
  
5.3.3.4 To/from depot 
At the start and end of the day trucks leave and return to the truck depot. This is included in 
MSW-Collect using the to/from depot sub-model. This sub-model requires an estimation of the 
amount of trucks required before calculating and adding its energy and time requirements to the 
total output of the model. Therefore, an interim calculation of trucks required is calculated within 
the central MSW-Collect model. Moreover, the location of the truck depot is required and the 
distance between the centroid of the collection area and the depot is found using the same method 
detailed in Section 5.3.3.1. The outputs for the to/from depot sub-model are calculated using 
Equation 5, Equation 6, and Equation 7.  
Equation 5 – Distance for to/from depot sub-model 
Dist. trucks to & from depot (
km
y
) =  No. of Trucks(interim)  ×  truck days  × distance to depot ×  2  
Equation 6 – Time required for to/from depot sub-model 
Time taken to & from depot (h/y)  =  
Dist. trucks to & from depot  
Speedurban
   
Equation 7 – Energy consumption for to/from depot sub-model 
Energy consumed to & from depot (
MJ
y
) =   Timetaken to & from depot × EnergyUrban haul (empty)   
5.4 Method for validation, comparison and modelling FW collection 
5.4.1 Case study data 
Case studies were used to validate and compare results from ORWARE, WRCM and MSW-
Collect. 19 Australian LGA where used as case studies where validation data and the data required 
for the operation of ORWARE, WRCM and MSW-Collect models was available. Validation data 
included measured data for the number of trucks required for collection, the L/year of diesel 
consumed (all trucks used diesel despite CNG trucks being common internationally), and distance 
(km) travelled by the truck fleet. Not all of the 19 LGA had validation data pertaining to each waste 
stream being collected, because information was unavailable, withheld or because an LGA did not 
collect such a waste stream. The number of data points pertaining to each waste stream, state and 
LGA type can be found in Table 5-3, showing that validation considers different waste streams, 
jurisdictions and rural, urban and peri-urban collection regimes.   
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Table 5-3 –  Quantity of validation data collected according to waste, state and LGA type
  
Type of waste stream No. of validation results pertaining to: 
Trucks 
Required 
Quantity of 
Diesel 
consumed 
Distance 
Travelled 
Waste stream    
Mobile garbage bin (MGB) 14 3 2 
Mobile organics bin (MOB) 6 4 1 
Mobile recycling bin (MRB) 9 3 2 
Mix streams or All streams 
combined 
4 2 0 
State    
New South Wales (NSW) 8 0 0 
Queensland (QLD) 4 0 0 
South Australia (SA) 4 0 0 
Victoria (VIC) 17 12 5 
LGA Type    
Rural  9 0 0 
Peri-urban 9 7 2 
Urban 15 5 3 
Total    
All 33 12 5 
5.4.2 Comparison and verification of MSW-Collect 
Results obtained from modelling were compared against the actual values reported by 
respective LGA and the deviation calculated and squared. The sum of the squared deviations (∑ ∆2) 
were calculated for each model and statistical analysis was then undertaken, assuming normal 
distribution, to determine the median and 2 × standard deviation (2σ) for each of the model outputs.  
5.4.3 Modelling the addition of SSFW collection 
After the validation the model was used to test five different scenarios for collecting SSFW. 
These scenarios are described in Table 5-4, where mobile food bin (MFB) refers to a new dedicated 
FW collection bin and mobile co-mingled organics bin (MCOB) is GW and FW being place in the same 
bin. It is important to note that Mobile Recycling Bin (MRB) data has been excluded as there is no 
change to MRB collection across all scenarios. Six LGA which provided quantities of waste for both 
the mobile garbage bin (MGB) and mobile organics bin (MOB) streams have been used as case 
studies for the modelling of SSFW scenarios. The L of diesel and trucks required was compared 
against business-as-usual (BAU) to determine the increase in each scenario’s requirements.    
Table 5-4 –  Description of SSFW scenarios modelled 
 MGB MOB MFB Remarks 
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Business-as-
usual (BAU) 
Weekly 
Collection 
Fortnightly 
collection 
Not 
provided 
FW placed in MGB and sent to landfill 
Scenario 1 Weekly 
collection 
Fortnightly 
collection 
Weekly 
collection 
FW placed exclusively in MFB. MFB services 
equals current MGB services 
Scenario 2 Fortnightly 
collection 
Fortnightly 
collection 
Weekly 
collection 
FW placed exclusively in MFB. MFB services 
equals current MGB services 
Scenario 3 Weekly 
collection 
Weekly 
collection 
Not 
provided 
FW placed into MOB creating MCOB – Amount 
of MCOB services equals current number of 
MGB services 
Scenario 4 Fortnightly 
collection 
Weekly 
collection 
Not 
provided 
FW placed into MOB creating MCOB – Amount 
of MCOB services equals current number of 
MGB services 
Scenario 5 Weekly 
Collection 
Weekly 
Collection 
Not 
provided 
FW placed into MOB creating MCOB – MCOB 
services equals current number of MOB 
services 
 
The SSFW model assumes 35% (by weight) of current MGB waste is food (Department of the 
Environment, 2014b; EPHC, 2010; New South Wales EPA, 2011). Of this value 60% is discarded 
correctly into the relevant bin (sorting efficiency) as per the average value from audits of FW 
collection trials in Australia (Zero Waste SA, 2010). Which bin FW is discarded to depends on the 
scenario being modelled. The FW treatment site is assumed to be the same as where the LGA 
currently sends MOB waste. 
Diversion rate for the purposes of this study refers to the quantity in tonnes of waste that is not 
immediately sent to landfill. Therefore, this study includes in its diversion rate contaminated waste 
that may be initially sent to a composting facility but is deemed inappropriate, due to contamination 
or misplaced items, and then sent to landfill. The amount of contaminated waste depends on 
education and advertising programs as well as the quality of the collection service (Zero Waste SA, 
2010). This could be modelled further however is outside the scope of this paper.  
Diversion rates assume circumstances in which all households who have MGB services 
participate and there is a 95% set out rate for bins that are collecting FW. The set out rate for bins 
not collecting FW is 80% (e.g. in Scenario 2 - FW is collected in an MFB assumed to have a set out 
rate of 95%, whilst the MGB and MOB in this scenario will have a set out rate of 80% as they do not 
collect FW).In the case of Scenario 3 (S3) and Scenario 4 (S4) the quantity of garden waste (GW) 
collected increases as more MCOB bins are added. The extra GW quantities have been assumed by 
extrapolating current rates per household per year specific to the LGA being modelled. This 
assumption is assessed using sensitivity analysis.  
5.5 Results and discussion   
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5.5.1 Fuel consumption  
The prediction of fuel consumption results presented in Figure 5-3 indicate that MSW-Collect is 
the most accurate model (97.9% more accurate than second placed ORWARE) when using the metric 
∑ ∆2. WRCM, which ranked in last place, uses 15L/h of diesel consumed to estimate fuel use, a value 
over 20 years old. In order to test the impact of this parameter, an adapted model WRCM-Altered 
was created that used a more up to date value of 13L/h - the average consumption value provided in 
a recent study by Sandhu et al. (2014). WRCM-Altered performed more accurately than its 
predecessor WRCM with ∑ ∆2 for fuel consumption decreasing from 1.50 to 0.80. However, this 
change did not alter the ranking with WRCM-Altered still performing worse than both MSW-Collect 
and ORWARE. It is important to note that changing the default in WRCM does not alter other model 
outputs. Additionally, no default values relating to fuel consumption in ORWARE could be altered 
without drastically changing other outputs and requiring a transformation of the model structure. 
Moreover, changing ORWARE’s distance between stops defaults to those calculated by MSW-Collect 
made the L of diesel prediction of ORWARE significantly less accurate, a change from ∑ ∆2 = 0.34 
with ORWARE defaults to 1.63. As this alteration did not improve the ORWARE model it has not 
been included in the published results.  
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Item MSW-Collect ORWARE WRCM 
WRCM - 
Altered 
n 12 12 12 12 
 Σ∆2 0.169 0.335 1.50 0.796 
Median -2.3% -8.1% 11.9% -7.0% 
σ 12.2% 16.6% 32.5% 23.4% 
2σ upper 22.0% 25.1% 76.9% 39.8% 
2σ lower -26.7% -41.3% -53.1% -53.7% 
 
Figure 5-3 –  The deviation of predicted results from actual results (diesel consumed) 
MGB = Mobile garbage bin, MOB = Mobile Organics Bin, MRB = Mobile Recycling Bin  
5.5.2 Trucks required (time) 
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All models translate time into the number of trucks required. To do this all models use a 7 hour 
truck day, operating 5 days a week, 52 weeks a year. In the case of ORWARE the default value for 
time per stop was 54 s/stop due to the data being based on Swedish collection conditions where a 
truck stops and picks up multiple bins constantly. This is higher in comparison to the LGA conditions 
being modelled, which helps explain the significant over estimation of ORWARE seen in Figure 5-4 
An alteration to this parameter was therefore made (ORWARE – Altered) from 54 s/stop to 8.35 
s/stop, based on the new data for time taken per lift presented in 5.3.1. This change significantly 
improved the accuracy of ORWARE, suggesting the new data is better representative of 
contemporary real-world conditions. Despite this change however, MSW-Collect was still 97.7% 
more accurate than ORWARE-Altered.  
WRCM was used only for LGA within the state of Victoria as the model obtained included only 
Victorian specific data. Therefore, all models could be compared for Victorian (VIC) LGA, whilst only 
ORWARE, ORWARE –Altered and MSW-Collect could be compared for other LGA. This consequently 
distorts ∑ ∆2 for the WRCM model as it has less deviations (n) in total then ORWARE and the MSW-
Collect. However, when only analysing the Victorian LGA MSW-Collect is still the most accurate 
model, followed by WRCM, ORWARE – Altered and ORWARE, with ∑ ∆2 values of 0.89, 2.03, 2.03 
and 53.5, respectively.  
Looking at the performance of the models relevant to waste stream, LGA type, and LGA state 
(Table 5-5) the only category in which MSW-Collect was less accurate in terms of ∑ ∆2 was in New 
South Wales. In this case ORWARE – Altered outperformed MSW-Collect with ∑ ∆2 values 0.86 and 
0.95, respectively. This suggests that for NSW LGA, ORWARE – Altered may be a useful model for 
predicting trucks required.  
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Item MSW-Collect ORWARE ORWARE - Altered WRCM 
n 33 33 33 17 
 Σ∆2 2.66 121 5.25 2.03 
Median 0.00% 175% 22.2% 8.3% 
σ 28.8% 96.1% 37.0% 35.5% 
2σ upper 57.6% 367% 96.2% 79.3% 
2σ lower -57.6% -17.2% -51.8% -62.7% 
 
Figure 5-4 –  The deviation of predicted model results from actual results for trucks 
required, including sum of squared deviations median and standard deviations.  
 
Table 5-5 –  Sum of squared deviations results for trucks required divided into waste 
stream, LGA type and LGA state.  
 The number of deviations summed (n) is in parenthesis  
 
MSW-Collect  ORWARE  ORWARE – Altered  WRCM  
∑ ∆𝟐  Results by LGA Type 
Urban 1.33 (15) 36.0 (15) 1.57 (15) 0.435 (7) 
Peri-urban 0.500 (9) 31.1 (9) 1.52 (9) 0.273 (5) 
Rural 0.821 (9) 54.1 (9) 2.16 (9) 1.32 (5) 
∑ ∆𝟐 Results by Waste stream 
MGB 1.42 (14) 92.6 (14) 3.18 (14) 0.957 (6) 
MOB 0.708 (6) 3.00 (6) 1.34 (6) 0.174 (3) 
MRB 0.531 (9) 4.00 (9) 0.730 (9) 0.902 (4) 
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Mix 0.160 (4) 14.1 (4) 0.214 (4) 0.277 (4) 
 ∑ ∆𝟐 Results by State 
Victoria 0.888 (17) 53.5 (17) 2.03 (17) 2.03 (17) 
New South 
Wales 
0.946 (8) 11.5 (8) 0.861 (8) - 
South 
Australia 
0.214 (4) 23.2 (4) 0.729 (4) - 
Queensland 0.609 (4) 32.9 (4) 1.63 (4) - 
5.5.3 Results of FW collection scenarios as modelled by MSW-Collect 
The results are presented in Figure 5-5, Figure 5-6and Figure 5-7. 
 
a) 
b) c) 
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Figure 5-5 –  A) Increase (%) in litres of diesel required for each scenario above BAU. B) 
Increase (%) in trucks required for each scenario above BAU. C) Increase (%) in waste 
diverted from landfill for each scenario above BAU.  
 
Figure 5-6 –  Litres of diesel/Mg of food waste diverted for each scenario.  
 Note this refers to the litres consumed when collecting both the MGB, MOB/MCOB and if in use 
MFB. 
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Figure 5-7 –  Litres of diesel/Mg of food waste and garden waste diverted for each 
scenario. 
 Note this refers to the litres consumed when collecting both the MGB, MOB/MCOB and if in use 
MFB. 
All Scenarios showed an increase in fuel consumption when compared to BAU (Figure 5-5) 
increasing from between 1.38 – 57.59%. Whilst all Scenarios except Scenario 4 (S4) for the case 
studies NSW1 and SA1 showed an increase in trucks required. Scenario 1 (S1), presented a greater 
increase in both diesel consumption and trucks required than the closely related Scenario 2 (S2), 
with the exception of NSW4 where both scenarios required one extra truck. This result is primarily 
due to S1 having a weekly collection of the MGB, whilst S2 collects the same bin on a fortnightly 
basis, meaning S1 has a greater number of stops and lifts over the year. S3 also showed a greater 
increase for both fuel and trucks when compared to S4 as the same change from weekly to 
fortnightly pickup of the MGB occurs.  
In terms of diesel consumption, Scenario 5 (S5) presented the best results for case studies VIC1, 
VIC5, VIC7 and NSW4, whilst exhibiting the fourth best result for SA1 and NSW 1, indicating it is a 
useful scenario to collect FW whilst minimising fuel consumption. Overall S5 increased fuel 
consumption from between 13.85 – 31.82% with the average being 20.66%. However, S5 diverts the 
least amount of FW from landfill in all case studies. In terms of trucks required S5 ranked first for the 
least increase in trucks outright for VIC5, whilst sharing first place with S2 and S4 for VIC1, and VIC7. 
S5 was ranked fourth for the least truck increase for SA1 and NSW1. In NSW4 all Scenarios required 
the addition of 1 truck.  
S4 exhibited the smallest increase in diesel consumption for SA1, and NSW1. It had the second 
smallest increase for NSW4 and the third for VIC1, VIC5 and VIC7. S4’s increase ranged between 1.38 
– 37.37% with an average of 17.23%. S4 also revealed the least increase in trucks for all LGA, except 
for VIC5 (range between 0.00 – 50.0%, median 16.85%). It must be noted however, that the low 
increase in SA1 and NSW1 for diesel consumed (1.99% for SA1 and 1.38% for NSW1), and no 
requirement for extra trucks is due to the current BAU collection regime already providing an MOB 
service to a large proportion of households within these LGA. In SA1 96% of households already have 
an MOB service whilst in NSW1 the value is 85%. Other LGA modelled provide MOB services to 
approximately 50% of households. This means there is only a slight increase in the number of stops 
and lifts per year for SA1 and NSW1 above BAU. Regarding the L of diesel/Mg of FW diverted ( 
Figure 5-6) S4 was ranked best on three occasions with the other three occasions coming in 
second place to S2. When looking at the L of diesel/Mg of organic waste diverted S4 was consistently 
 Joel Edwards – PhD Thesis   Chapter 5—108 of 271 pages 
  
the best scenario. These results suggest that in general S4 is the most suited scenario for collecting 
organic waste whilst minimising fuel consumption.  
S2, despite never ranking the best for smallest increase in fuel consumption, consistently ranked 
well, placing second best for five of the LGA, VIC1, VIC5, VIC7, NSW1 and SA1, and third for the 
remaining LGA. Overall S2 increased fuel consumption from between 13.78 – 28.16% with an 
average increase of 20.22%. S2 was also a consistent performer across LGA for the smallest increase 
in truck numbers ranking first and second three times respectively. Increases ranged from 11.11 – 
50.0% and an average of 24.73%. S2 was the scenario with the smallest result for L of diesel 
consumed/ Mg of FW diverted for 3 case studies. This indicates that where FW diversion is the 
ultimate goal S2 may be the best collection scenario for an LGA. 
Scenario 3 (S3) and Scenario 1 (S1) were the worst performers across all case studies. When 
looking at the smallest increase in diesel consumption S3’s best ranking was third for NSW1 with 
diesel increases ranging from 19.16 – 35.21%, and an average increase of 36.24%. S1’s best ranking 
was fourth, with diesel increases ranging from 31.56 – 47.11%, and an average increase of 37.97%. 
5.6 Sensitivity analysis and limitations  
5.6.1 Sensitivity analysis of FW collection scenarios 3 and 4 
The most favourable across all LGA modelled for L/Mg of organics diverted was S4 ranging from 
9.22 – 17.03 L/Mg of organics diverted, with an average of 13.81 L/Mg. Figure 5-6 and Figure 5-7 
shows that when considering only Mg of FW diverted S2 and S4 have similar results across Scenarios, 
with S2 bettering S4 for VIC1, VIC5, and VIC7. This is partly because S4 collects more GW than any 
other scenario and subsequently diverts this increased quantity from landfill. S4’s results are based 
on two key assumptions; firstly, as S4 increases GW services from the BAU rate to 95% of all 
households, it is assumed that the new households generate GW at the same BAU rate, for example 
0.27 tonnes of GW per household per year. This may not be true in real life where it is more likely 
that a large proportion of households that do not currently have an MOB generate very little or no 
GW. Therefore, GW quantities in the model may be overestimated. The second assumption is the 
model assumes that all GW and FW collected in either the MCOB or MFB would have been sent to 
landfill under BAU conditions. This implies that the extra GW collected in S4 is diverted from landfill. 
However, it is more likely that the extra GW collected in S4 was never going to landfill and would 
have typically been  composted or left to degrade at the household, therefore never requiring 
kerbside collection. It could therefore be argued that S4 may needlessly increase waste collection 
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quantities. These assumptions apply equally to S3. To test the aforementioned assumptions, a 
sensitivity analysis was run which altered S3 and S4 so that the quantity of GW collected remained 
the same. This looked to model a situation where households who receive a new MCOB only use it 
to dispose of FW as they are assumed to have no GW to dispose of, whilst households who already 
have an MOB use the new MCOB to dispose of their current quantity of GW and FW.  
The results of the sensitivity analysis are depicted Figure 5-8. In terms of L of diesel/Mg of 
waste diverted Scenario 4 – altered (S4-Alt) still had a lower rate of diesel consumption than S2, but 
was higher than S3 and S4. This indicates that S4 is the scenario that consumes the least L of 
diesel/Mg of organic waste diverted, even when it diverts the smallest amount of GW conceivable 
under the assumptions. The results of the sensitivity analysis did, however, narrow the difference 
between S2 and S4-Alt. This was most significant for VIC1, VIC7, VIC5 and NSW4.  As an example, S2 
when applied to VIC1 was 25.67 L/Mg of organics diverted; 8.64 L/Mg of organics diverted or 50.7% 
above S4’s 17.03 L/Mg. This narrowed to a difference of only 1.95 L/Mg of waste diverted or 8.2% 
above S4-Alt’s result. A similar trend was also seen across other LGA with S2 results being between 
7.8 – 18.6% of S4-Alt with an average of 10.8%. SA1 and NSW1 witnessed a less significant reduction 
(2.88 to 2.55 L/Mg for SA1 and 3.60 to 2.24 L/Mg diverted for NSW1), because of their high 
proportion of households already with an MOB service – which means the assumptions tested in the 
sensitivity analysis did not have a significant impact on the results. Scenario 3 – altered (S3- Alt) was 
a higher consumer of diesel than S2, S3, S4 and S4-Alt. 
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Figure 5-8 –  Sensitivity analysis regarding the quantity of GW diverted 
5.6.2 Sensitivity analysis of FW diversion assumptions 
A sensitivity analysis was also run to assess the impact of altering the sorting efficiency. 
According to FW source separation trials 45% was the minimum sorting efficiency achieved and 71% 
was the maximum. When the model was ran at 45% sorting efficiency, 15% lower than the assumed 
60%, the L of diesel/Mg of organics diverted increased by between 4.85 – 12.83% across Scenarios. 
When the sorting efficiency was improved to 71% of FW being correctly discarded, the L of 
diesel/Mg of organics diverted decreased by between 8.31 – 18.45% across scenarios. This analysis 
confirms that the sorting efficiency is a crucial parameter in determining L of diesel consumed, and 
demonstrates that increasing sorting efficiency will decrease a Scenario’s L/Mg of organics diverted 
by a greater magnitude than by a decrease in sorting efficiency will raise L/Mg of organics diverted.  
5.6.3 Limitations of MSW-Collect 
MSW-Collect, is designed to be a general model and despite being more accurate than ORWARE 
and WRCM for the case studies tested, like any model, it is a simplification of a complicated real life 
phenomenon; consequently it is important to understand its assumptions and limitations. 
Firstly, default values, as presented in Section 5.3.1, are based on collection regimes where the 
majority of trucks are side loaders 25 m3 in capacity with automated hydraulic arms (the most 
commonly used waste collection truck in Australia (Chrisant, 2015)). Where back loader vehicles are 
used, as is sometimes common in high density urban LGA with narrow streets, the model requires 
adaptation. This may explain why  ∑ ∆2 results for urban LGA are higher in comparison to peri-urban 
and rural LGA, where side loaders are more common.  
Topography, traffic congestion and poor road infrastructure (like a lack of arterial roads and 
freeways) can all play a crucial role in a collection regimes fuel and time requirements. MSW-Collect 
is unable to assess the effect of these variables unless specific data from the LGA being modelled is 
known. It can nominally reflect traffic congestion and poor road infrastructure through a change in 
average urban and freeway driving speeds, however this would require localised studies. Regarding 
road infrastructure, changing the assumption shown in Figure 5-2 that the first and last 2.5 km of 
haul mode is urban driving and the remainder is freeway driving to a value greater than 2.5 km could 
represent an LGA where road infrastructure is poor, whilst lowering the value below 2.5 km would 
represent an increase in efficient arterial roads and hence represent better road infrastructure.  
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Finally, missed collections are a regular occurrence for kerbside collection regimes. 
Unfortunately, MSW-Collect does not include any parameter to estimate the event of a missed 
collection, as no reliable data was available. It is envisioned from observations that missed bins 
would make a small contribution to energy consumption and time required by a collection fleet. 
However, MSW-Collect would benefit from more research into the influence of missed collections.  
5.6.4 Additional concerns when determining a suitable FW collection scenario 
5.6.4.1 Treatment method of diverted waste 
It is important to consider how the waste collected will be treated, as treatment technology may 
also contribute in a decision on whether a MCOB bin like that in S4 or an exclusive MFB (S2) is the 
most suitable collection strategy. 
One concern with an MCOB is the waste requires a higher degree of processing downstream and 
thus typically incurs a higher processing gate fee than more homogenised waste streams 
(Department of Environment and Conservation NSW, 2007). Moreover, MCOB waste is unlikely to be 
directly treated by AD, as GW is considered not suitable unless pre-treated with energy intensive 
and costly mechanical, thermal or biological processes (Hendriks and Zeeman, 2009), meaning 
treatment options are diminished. MFB waste, on the other hand, is suitable for AD processes as 
long as low contamination levels can be maintained (Bernstad et al., 2013; Levis et al., 2010; Zhang 
et al., 2014).  
5.6.4.2 Additional infrastructure and household behaviour 
All scenarios will require additional resources in order for the collection regime to operate as 
designed. In a number of trials in Australia and Europe, containers that temporarily hold FW in 
kitchens have been provided by LGA to households, including caddies, compostable bin liners and 
bio-bins. These containers are often crucial to the sorting efficiency of a collection regime as they 
increase diversion and participation rates (Department of Environment and Conservation NSW, 
2007). Furthermore, for S1 and S2 a new MFB would need to be provided to all households. The 
distribution of these resources would typically further increase diesel consumption and time 
required. Moreover, even co-mingled collection of FW and GW as represented in S3, S4 and S5 may 
require new bigger or vented MCOB, and may need to be redesigned to ensure odour emissions are 
better prevented. Altering the collection frequency of MGB from weekly to fortnightly may also 
present a satisfaction and sanitation issue as odour can become an issue (Department of 
Environment and Conservation NSW, 2007). Any changes to the design of mobile bins may also 
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affect the hydraulic lifting of these bins requiring a slower pace of pickup or augmentation to the 
hydraulic arms of collection trucks (Department of Environment and Conservation NSW, 2007). 
These additional resources and design alterations are not modelled in this paper and should be 
considered when determining the best collection regime for FW. 
5.7 Conclusion  
This paper has developed a new general mathematical kerbside waste collection model. It 
requires only 8 input data points and uses novel scientific sub-models to incorporate local conditions 
of a collection regime. When comparing and validating MSW-Collect against predecessor models, 
MSW-Collect was demonstrated to be more accurate at predicting the number of trucks and L of 
diesel required for the Australian LGA case studies assessed. Using sum of squared deviations MSW-
Collect was 97.9% more accurate for fuel use and 97.7% more accurate for trucks required then the 
second most accurate model.   
MSW-Collect was then used to predict the trucks required and L of fuel consumed for five 
different scenarios of ssFW across six LGA case studies. Results showed that all collection scenarios 
require an increase in diesel consumption and trucks required from BAU, excluding S4 for the cases 
of NSW4 and SA1, which required no increase in trucks. All scenarios showed a significant reduction 
of L of diesel/ Mg of organic waste diverted from landfill when compared to BAU. S4 - the weekly 
collection of co-mingled FW and GW in an MCOB and the fortnightly collection of the MGB - showed 
consistently to have the smallest increase in diesel consumption per Mg of organic waste diverted. 
Additionally, S4 displayed the smallest need for additional trucks. These results suggest that S4 
represents the best scenario for collecting FW + GW. It was found however, that S4’s favourability 
was based to a large extent on the diversion of GW not FW. When key assumptions regarding the 
quantity of GW collected were reduced, S4 still remained the most favourable in L of diesel/Mg of 
organic waste diverted, although, S2 typically consumed only 10.8% more L of diesel/Mg of diverted 
organic waste. When considering just L of diesel consumed per Mg of FW diverted, S2 and S4 proved 
very similar across LGA. Therefore, an LGA’s decision to implement either S2 or S4 may hinge on 
whether the focus is to divert FW alone, or FW and GW.  
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Chapter Six  
6 Life cycle inventory and mass-balance of municipal food waste 
management systems: Decision support methods beyond the 
waste hierarchy  
 
The following chapter traces the flow of waste through seven municipal food waste (FW) 
management systems using mass-balance principles. In doing so it generates a life cycle inventory 
(LCI) for each system and explores the benefits of considering a life cycle approach to waste 
management systems, in particular, being able to model flows across such system boundaries in 
order to establish key metrics and indicators that describe the resource recovery efficiency of a 
system. The chapter also presents the first system wide LCI of an in-sink FW macerator. At the time 
of Thesis submission the chapter had just been accepted (6th August 2017) and was undergoing copy 
editing for the inclusion in the journal Waste Management.  
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6.1 Introduction 
Municipal solid waste is known to make a significant contribution to many of the world’s most 
critical environmental problems; including climate change, resource depletion and ecosystem 
damage. FW is typically the largest component of municipal solid waste in both developed and 
developing nations and, despite its biodegradable nature, is one of the biggest sources of pollution 
to water and the atmosphere stemming from solid waste management, particularly when landfilled 
(Laurent et al., 2014a). Waste managers and policy makers the world over recognise the need to 
better manage FW. Many nations have thus implemented a number of legislative and policy tools in 
order to promote better management of FW from as early as 1997 (European Council, 2008; M. 
hyung Kim et al., 2011; Kjaer, 2013; Zhang et al., 2014). Australia has recently implemented policy 
measures including landfill levies and incentivising source separation of FW  (J. Edwards et al., 2015; 
Pickin, 2015; Randell et al., 2014). Yet, only 270,000 Mg of FW was sent for recycling in Australian for 
the fiscal year 2010/11, approximately 11% of municipal FW generated, with the remaining 
2,720,000 Mg sent to landfill (Randell et al., 2014). Given this context and further increases to landfill 
levies, waste managers are seeking alternative methods of treating FW that both divert FW from 
landfill and achieve better environmental outcomes. 
When assessing the environmental impact of a waste management system, in Australia, and in 
many other nations, the assessment is guided by the waste management and treatment hierarchy, 
which is written into legislation (Randell et al., 2014). The hierarchy detailed as highest to lowest in 
priority is as follows 1) avoidance and the reduction of waste generation 2) the re-use of waste i.e. 
cleaning and re-filling glass beverage containers, 3) the recycling of waste into alternative products 
4) the recovery of energy from waste 5) treatment and disposal. Governments at all levels are 
henceforth interested in reducing waste as per priorities 1 and 2, and where waste is inevitably 
generated, governments are interested in a management systems’ ability to maximise the quantity 
of waste recycled or used to recover energy. However, there is a gap in the knowledge concerning 
the quantification of waste a system can recycle, recover or dispose of; with data rarely being 
reported or published. Moreover, when it is reported, measures typically refer to the mass or rate at 
which waste is ‘recovered for recycling’ or ‘recovered for energy generation,’ referring to the  waste 
that has been made available as an input into a physical or chemical process that generates a 
valuable product, substance or material (Carre et al., 2014; Randell et al., 2014). This definition is 
distinct from the mass of a useable product, material or substance derived from a waste. Measuring 
the quantity of waste ‘recovered for recycling’ is not able to show the efficiency of a recycling or 
energy recovery system (Bartl, 2014; Gharfalkar et al., 2015).  
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Bartl (2014) suggests three criteria in order to measure a systems efficiency pertaining to 1) how 
much material is lost, 2) what is the quality of the product, material or substance created, and 3) 
what is the energy and water demand. A mass-balance is a useful method of determining these 
criteria, as it is capable of mapping where materials are lost from a system, the quantity of elements 
which are key quality indicators like N:P:K or methane and when applied to the biosphere, and when 
an energy balance is also included energy consumption and generation can be shown.  Yet, there is 
an absence of knowledge regarding the mass-balance of a whole waste management system, from 
collection to treatment, and to ultimate end-use. Previous mass balance studies have been 
completed within the context of a waste treatment facility or single treatment process (Schievano et 
al., 2011; Spokas et al., 2006; Yoshida et al., 2015; Zhang and Matsuto, 2011, 2010). However, few 
studies focus on the path taken after the treatment facility, for example; the mass of the nutrients 
within waste derived compost that is available to plant life when applied to land, the mass of 
biogenic carbon stored in the humus, or the mass of methane in landfill gas or biogas that is 
combusted for energy generation. 
This study circumvented this issue by taking a novel life cycle approach to mass-balance 
modelling; extending the boundary to include the collection, pre-treatment and end-use of the 
waste. Completing the mass balance of systems in this manner enables a waste system model to 
incorporate the principles of the circular economy, more explicitly allowing for; 1) a complete 
assessment of a wastes pathway to a valuable product or to disposal, 2) the identification of 
inefficiencies within a current recycling or recovery system, and 3) the comparison of systems in 
accordance to the amount of waste that each system recycled or recovered for energy.  
The study also provides the LCI for six commonly applied waste management system and one 
atypical approach involving kitchen sink disposal. The systems include; FW being sent to landfill 
(BAU), composted with garden organics in a centralised facility (COMP), composted at home 
(HCOMP), FW being mechanically separated, digested and then aerobically treated (MBT), and 
source separated FW that is either separately digested (SAD), or co-digested along with SS (AcoD). 
The final waste management system is the first published inventory for a waste management system 
based upon the kitchen in-sink maceration of FW that is transported by the sewer system to the 
local wastewater treatment plant (WWTP) where it forms a component of the SS and is 
anaerobically digested (INSINK). The INSINK system, is an infrequently and informally used system, 
however has been included in the study as it represents an innovative method for collection and 
transportation of FW to a WWTP where anaerobic co-digestion with sewage sludge (SS) can occur. 
Anaerobic co-digestion, according to previous work has been shown  to significantly boost the 
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energy recovery efficiency of waste management systems and therefore was a prime focus of the 
study (Righi et al., 2013; Zupančič et al., 2008).  
The LCI was used to determine the net-energy and water demand of all waste management 
system as well as the emissions of key pollutants to the environment, so as to be used in a 
subsequent life cycle assessment (LCA). The study focused on two local government areas as case 
studies that provide the reference flow of waste as well as real life variables. This is the first LCI of 
many of the waste management system modelled in the context of Australia. By using two case 
studies the research demonstrated the nuances across waste catchments, moreover, investigated 
whether systems showed consistent performance, despite the different variables imposed by each 
case study.  
6.2 Materials and methods 
Waste management systems are modelled in the context of two unique Australian case study 
local government areas with the primary function of each system to safely collect and treat all 
municipal solid waste including FW and inert residual waste, which is discarded to the 80-120 L 
kerbside collected mobile garbage bin (MGB); garden waste (GW), that is discarded to the 240 L 
kerbside collected mobile organics bin (MOB) and SS which is a by-product of municipal wastewater 
treatment. Recyclable items (e.g. glass, plastics, and metals) discarded by inhabitants into the 
kerbside recyclable bin were excluded from this study as they were managed in the same manner 
throughout all waste management systems. However, recyclables misplaced into the MGB were 
implicitly included in the study as they are reported as contributions to the categories within MGB 
waste, for example paper/cardboard.    
The functional unit was defined as “the management and treatment of the annual quantity of 
MGB and MOB waste collected by the local government, and the annual quantity of SS treated by the 
local WWTP.” 
6.2.1 Case study area and flows 
The two case studies modelled are Melton City Council Australia (CASE 1), located in the outer 
suburbs of Melbourne, Australia and Sutherland Shire Council (CASE 2) an inner suburban suburb of 
Sydney. The two case studies and their associated waste flows are detailed in Table 6-1. 
6.2.2 Description of waste management systems and system boundary 
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The LCA system boundary incorporated the entire waste management service provision and was 
divided into four distinct unit process stages; collection, pre-treatment, treatment, and end-
use/disposal. The zero burden approach was adopted whereby no environmental impact is 
designated to the waste from prior production, transportation and use stages (Turner et al., 2016). 
Unit process I – Collection – was the kerbside collection of mobile wheelie bins. Unit process II - Pre-
treatment – was a physical or chemical process that sorted wastes into homogenous waste streams 
in order to ensure the downstream treatment operates effectively, in doing so waste may also be 
partly degraded or its characteristics altered. Unit process III – Treatment – referred to a waste 
stream entering; landfill, composting, or AD technology. The final unit process, Unit process IV – end-
use/disposal – represented the destination process of the waste stream after treatment, and 
included waste remaining in landfill or being applied to land as either biosolids or compost.  
Each waste management system was named after the manner in which it treats FW excluding 
business-as-usual which represents the current waste management system in each case study. The 
seven systems modelled are;  
• Business-as-usual (BAU) – FW is discarded along with inert waste into the MGB where it 
is collected at the kerbside and sent directly to landfill. GW is collected in the MOB and 
sent to a windrow composting facility located adjacent to the landfill site.  SS is digested 
at the WWTP.  
• Anaerobic co-digestion (AcoD) –FW is source separated, collected separately and sent to 
the local WWTP for pre-treatment and co-digestion with SS. Other wastes are treated in 
the same manner as in BAU.  
• In-sink maceration of FW (INSINK) –FW is also sent to the local WWTP  for co-digestion 
but is transported via an in-built kitchen in-sink maceration unit and the sewer system. 
Other wastes are treated in the same manner as in BAU.   
• Centralised composting (COMP) –FW is placed in a co-mingled organics bin along with 
GW for collection and ultimate treatment through centralised windrow composting. 
Other wastes are treated in the same manner as in BAU. 
• Home composting (HCOMP) –FW is placed along with the small particle sized GW (i.e. 
grass, leaves etc.) into a backyard composter. Other wastes are treated in the same 
manner as in BAU. 
• Separated anaerobic digestion of FW (SAD) –FW is source separated, collected 
separately and sent as a single feedstock to a purpose built AD facility. Other wastes are 
treated in the same manner as in BAU. 
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• Mechanical separation and biological treatment of FW (MBT) – FW is mechanically 
separated from MGB waste, it is then treated through AD followed by an aeration post 
treatment. Other wastes are treated in the same manner as in BAU. 
Each of the seven waste management systems exploited a unique pathway for FW, but also 
relied on common treatment methods for other wastes. Therefore each unit process stage includes 
more than one treatment method. As an example for the Unit process III – Treatment inert waste in 
the SAD system was considered to be sent to landfill, whilst FW was treated by AD, MOB waste was 
treated by composting, and SS was digested at the WWTP. Given the variations in each system, a 
simplified system boundary is depicted in Figure 6-1 to describe the management and treatment of 
each waste stream according to the waste management system being modelled.  
The treatment unit processes were responsible for either the generation of bioenergy as a by-
product in the form of landfill gas (LFG), or biogas from either WWTP AD or the mono-digestion of 
FW. The end-use unit processes generated a by-product in the form of total N:P:K which was 
considered recycled when applied to land as biosolids and/or compost.  Bioenergy was considered to 
offset electricity generation and nutrient  by-products were considered to offset synthetic fertiliser 
products available in the market according to attributional LCA as described elsewhere (European 
Commission and Joint Research Centre Institute for Environment and, 2010). In the case of 
bioenergy; any electricity generated by a system offset electricity from the grid in accordance with 
the electricity generation mix specific to the case study (see supplementary material). Moreover, 
biosolids or compost product generated by a waste management system was considered to offset 
the synthetic production of N, P2O5 and K2O fertiliser, based on the equivalent available mass of N, P 
and K, respectively.  
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Figure 6-1 –  Summary of system boundarys for each waste management system 
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6.2.3 Definitions for recycled, recovered for energy and disposed in mass-
balance classification 
In order to quantify the amount of waste (dry weight) that was recycled, recovered for energy or 
disposed of it was important to define each element. Recycled, recovered for energy and disposed 
are classifications of management and treatment methods of waste found in the Australian 
municipal waste treatment hierarchy (The Government of New South Wales, 1997; Victorian 
Government, 2001; Waste Avoidance and Resource Recovery ACT, 2001). Despite the constant use of 
these classifications there is no consistent definition within Australian legislation. The use of the 
term ‘recycled’ in other studies may mean ‘recovered for recycling’ or ‘diverted from waste’ (Carre 
et al., 2014). For the purpose of this study the definitions were as follows; 
• Recycled was defined as the mass (dry weight) of a waste that was converted into raw 
materials that can be used as, or in the production of, new products. In the case of this 
study it was further divided into; 
o Recycled (valued); the N, P and K available to plants from land applied 
compost or biosolids, as well as biogenic carbon sequestered after 100 years, 
and  
o Recycled (other); all other elements within the compost and biosolids 
matrices applied to land that were not emitted as air or water emissions.  
Dividing recycled into recycled (valued) and recycled (other) is a way of highlighting 1) 
the N:P:K component of compost or biosolids that may be used to offset synthetic 
fertiliser, 2) the biogenic carbon that may be eligible for carbon offset certificates and 3) 
everything else within compost including the potentially valuable micronutrients like Ca 
and Mg and properties of compost and biosolids, like moisture retention properties. But 
also pollutants or non-useful components like Hg, Pb, and ash. The whole mass (dry 
weight) of woodchips was considered recycled (valuable) with the generation of 
woodchips being constant throughout waste management systems.  
The reason behind separating recycled into two components, recycled (valued) and 
recycled (other), was to distinguish between elements within the mass-balance that have 
a clear and inferable market price (for example the mass of phosphorous available to 
plant life has a cost inferred from the market price for P2O5) and those that do not (like 
moisture retention properties, or available micronutrients). Moreover, within recycled 
(other) there are also elements which are considered pollutants like mercury or lead and 
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substances that may oscillate between useful or pollutant contingent on variables 
including soil type, plant variety, and concentration of compounds.  
• Recovered for energy was defined as the mass (dry weight) of gas from the degradation of 
waste captured and then combusted, which was applied for a beneficial use e.g. heat, gas 
or electricity generation. Only the combustible mass (CH4) of biogas was classified as 
recovered for energy, the associated CO2 and other trace molecules of biogas were 
covered by the disposed definition.  
• Disposed was the mass (dry weight) of waste disposed to air, soil and water whereby 
there was no beneficial use. This included air, water and soil emissions contained in 
landfills, or from the composting or digestion processes, and from the degradation of 
compost or biosolids product once applied to land, net of any materials recycled or used 
for energy recovery.  
6.3 Life cycle inventory 
6.3.1 Data quality  
Foreground data was obtained from primary sources including local water utilities and waste 
managers during technical visits and correspondence. This data was used to form average values for 
the reference year (July 2013 to June 2014). Where foreground data was not available averaged 
secondary data was obtained from enterprises with the same or similar processes operating outside 
the case study area, literature sources, or from industry representatives. Ecoinvent (version 3.1, 
attributional data set) and Australasian Unit Process LCI (version 2015.2) formed the basis for 
background process data.  
6.3.2 Characteristics of each waste type 
The waste being collected at the kerbside by waste management systems in the kerbside bins 
were a mixture of a number of waste types defined as FW, GW, paper/cardboard, textiles, 
nappies/sanitary items, rubber/leather and other/inert materials. GW, is further classified into small 
garden waste (leaves, grass clippings, soil etc.) and large garden waste (small branches, clippings, 
wood etc.). The mass of each waste type being managed by each waste management system was 
always the same (see Table 6-1). However, the manner in which the waste was collected, sorted, 
treated and disposed of differed depending on the system.   
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A consistent problem with life cycle inventories focusing on the management and treatment of 
municipal solid waste (MSW) is the definition of ‘organic waste’ is rather ambiguous. The manner in 
which an ‘organic’ waste is separated from other wastes makes a big difference in the purity and 
characteristics of that waste. As an example mechanically separated organic fraction of municipal 
solid waste is likely to include paper and higher amounts of inert materials like glass than source 
separated waste (European Commission, 2015). To most accurately detail mass flows through the 
system each waste being modelled should be adequately defined and characterised, paying 
particular reference to  mass of carbon, nutrients and heavy metals within each waste (A Bernstad 
and la Cour Jansen, 2012). Therefore, in this study each waste type was characterised in accordance 
with measured data, median values from literature or from the Ecoinvent database (Doka, 2007). 
The SS from both case study WWTPs, as well as FW and GW have been characterised previously 
(Edwards et al., 2017a) whilst paper/cardboard, textiles, nappies/sanitary items, rubber/leather, and 
other/inert were characterised according to Doka (2003). 
Table 6-1 –  Case study details and waste reference flows 
 Melton City Council (CASE 1) Sutherland shire council (CASE 
2) 
Population 125,000 220,000 
Households with kerbside 
collection 
36,919 82,470 
Quantity of MGB waste (Mg) 
Food waste 
Paper & cardboard 
Non-composted garden waste 
Wood waste 
Textiles 
Nappies/sanitary items 
Rubber/leather 
Inert 
19,020 
8,559 
3,424 
1,331 
190 
285 
1,522 
190 
3,519 
51,225 
17,920 
7,993 
4,970 
512 
769 
2,050 
512 
16,499 
Quantity of MOB waste (Mg) 8,125 13,000 
Quantity of sewage sludge 
(Mg) 
22,574 91,300 
6.3.3 Description of unit processes 
6.3.3.1 Unit process I – Collection 
The number of collections and the function of a kerbside bin varied depending on the system 
being modelled. The bin type, the frequency of collection and the wastes collected for each bin are 
outlined in Table 6-2. It was assumed that 59% of the total household generated FW was discarded 
to the MFB, INSINK and MCOB based on trials of source separation bins in Australia (Zero Waste SA, 
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2010). This excluded contamination (incorrectly sorted non-degradable waste) and the addition of 
plastic or paper bags used as bin liners used in the MFB and MCOB. For these items an additional 
13% of the waste stream was considered paper (2%) and other/plastic/inert material (11%) 
(Bolzonella et al., 2006). 
The MSW-Collect model  (Edwards et al., 2016) was used to determine the quantity of diesel and 
trucks required for each systems’ collection regime. This model includes variables such as 
households serviced, distance to facility, distance between bins, set out rates etc.  The key inventory 
items were the litres of diesel consumption and consequent air emissions of CO2, NOx, CO and 
NMVOC from combustion. Air emission factors were taken from inventory data for a 21 Mg 
collection lorry in Ecoinvent as well as truck infrastructure. Truck infrastructure was included in the 
inventory and was modelled according to MSW-Collect. The AcoD and SAD system also included a 
new 80 L polypropylene MFB and smaller 25 L kitchen caddy, as well as the provision of 100 
compostable bags. It is worth noting that the use and collection protocol  for the MFB is considered 
to be the same as the pre-existing MGB. Experiences overseas collecting source separated FW varies, 
for example, some jurisdictions offer a high pressure steam cleaning service for kerbside MFB whilst 
others collect weekly and do not clean the bins but may use specific plastic bags (Nghiem et al., 
2017; Zero Waste SA, 2010)  . The latter was assumed in this case. Other bins were not included in 
the inventory as there was no change across systems being compared.  
In addition to kerbside collection of waste deposited to bins, the INSINK waste management 
system had a unique collection technique. FW was sent via an in-sink maceration unit into the sewer 
system. The inventory for the use of the macerator including data for energy, water and 
infrastructure was determined from Lundie and Peters (2005). The inventory for energy, water and 
infrastructure for the sewer when transporting FW and the additional water to the WWTP was 
compiled using Australasian Unit Process LCI.  
Whilst travelling through the sewer network 19% of readily available COD was catabolised with 
13% being anabolised into biomass, leading to a CODtotal reduction of 6%, lost as energy consumed 
by bacteria and released as gaseous CO2, biogenic and liquid water. Presuming that the COD reduction 
was the degradation of organic matter it was assumed that 6% removal rate was a proxy for volatile 
solids (VS) lost, and as the conversion of VS to the gaseous phase is  the only loss of mass from the 
system VS is assumed to be equal to wet weight (see Figure 6-2). These values were based upon 
removal rates for archetypal wastewater in gravity fed sewers where heterotrophic bacteria was the 
dominant microbe (Hvitved-Jacobsen et al., 2013). It must be noted that sewer networks involve 
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many dynamic processes including hydrolysis, sedimentation, and biological degradation. For 
example, as FW is more readily degradable than typical wastewater, degradation in the sewer 
system may be greater than that modelled (Xie et al., 2017). Moreover, increased degradation of 
organic material in the sewer system may lead to higher rates of corrosion brought about by H2S 
formation and the introduction of higher concentrations of fats, oils and grease may lead to frequent 
blocking of sewer networks (Iacovidou et al., 2012a).  How macerated FW interacts with these 
chemical and biological sewer processes has not been studied and was largely unknown. Therefore, 
considering  the lack of available data, the above conceptual model and underlining assumptions 
were necessary.  
Table 6-2 –  Description of mobile bins being collected at the kerbside  
Bin name Waste collected Waste management 
system used by: 
Mobile Garbage Bin 
(MGB) 
All residual waste (inert, non-recyclable 
paper, wood, FW etc.) This represents the 
current collection method of FW. 
BAU and MBT 
Mobile Organics Bin 
(MOB) 
Garden/yard waste (grass cuttings, leaf 
litter, small branches)   
BAU, AcoD, INSINK, 
HCOMP, SAD, MBT 
Mobile Food 
organics Bin (MFB) 
Source separated food waste (cooked and 
uncooked food, peels, bones, meat). 
AcoD, SAD 
Mobile Garbage Bin 
with reduced FW 
(MGB-Re) 
All residual waste in MGB but excludes the 
quantity of source separated FW (ssFW) 
diverted to either the MFB, MCOB In-sink 
maceration or home composting. 
AcoD, INSINK, COMP, 
HCOMP, SAD 
Mobile Co-mingled 
Organics Bin 
(MCOB) 
All garden/yard waste and ssFW diverted 
from the MGB.  
COMP 
 
6.3.3.2 Unit process II – Pre-treatment 
The source separated FW collected by the MFB, as well as MGB waste in the MBT system, 
underwent a mechanical pre-treatment step that removed non-organic contaminants prior to 
digestion. This involved waste being channelled into a sorting line by front end-loaders where a bag 
opener, screw press, density float/sink, magnet, and pulper jointly removed contaminants and 
prepare the organic component for digestion. The energy requirements of the mechanical 
separation processes were 29.4 kWh of electricity/Mg of waste and 1.89 L of diesel/Mg of waste. It 
was assumed, in accordance with average values published in (Bernstad et al., 2013), that 20.5 % of 
MFB waste was removed as refuse and sent to landfill, of which 55% was considered inert waste, 
11% paper and cardboard waste, and 34% was FW in accordance with the contamination of the MFB 
detailed in Section 6.3.3.1. The pre-treatment is considered to occur on-site adjacent to the 
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treatment technology. In the case of the co-digestion, which takes place at an existing facility in both 
case studies, it is assumed that there is existing space available for pre-treatment infrastructure 
installation, and new expertise would be employed to manage such a facility. Both case study 
WWTP’s are located on relatively large sites surrounded by large expanses of land and buffer zones. 
However, it should be noted that this may not be the case for other sites, therefore it may be a 
requirement for sites without available land to arrange pre-treatment offsite, and have biowaste 
brought in in liquid form by a pre-treatment contractor (Nghiem et al., 2017). Such an arrangement 
would lead to a change in the inventory, particularly for transportation of feedstock.     
The amount of refuse generated when  mechanically pre-treating MGB waste, as in the MBT 
system, differed significantly from pre-treated MFB waste because of the heterogeneous nature of 
MGB waste compared with the more homogenous MFB waste. Therefore the pre-treatment of MGB 
waste, as in the MBT system, had a greater amount of refuse generated as there is a greater 
quantity of inorganic material. Moreover, there was a higher content of paper and garden waste 
remaining with the FW for digestion. To delineate pre-treated MFB waste from pre-treated MGB 
waste this paper defines the latter as mechanically separated organic fraction of municipal solid 
waste (msOFMSW). The factors and characteristics of refuse and msOFMSW from the pre-treatment 
of MGB waste was determined using measured data from (Montejo et al., 2013) and depicted in 
Table 6-3. CASE 1 had 42.9% of MGB separated as refuse sent to landfill, whilst for CASE 2 the value 
was 43.2%.  
MCOB and MOB waste was also considered to be pre-treated, although a more simple process 
was modelled. A rotating trommel separated large and small material and manual labour was used 
to remove further contaminants. Contamination was modelled as 3.5% of total MOB waste where, 
90% was other/inert waste and 10% was GW (Sustainability Victoria, 2010). The basic inventory for 
this pre-treatment was diesel fuel consumed at 0.47L/Mg of MOB waste (Sharma and Campbell, 
2007). The breakdown of contamination in MCOB was the sum of the contamination of the GW 
within the bin 3.5%, of which 90% is other/inert waste and 10% is GW, and the contamination of the 
FW within the bin, considered to be the same breakdown as the aforementioned MFB waste.  
Pre-treatment of FW in the INSINK system was distinct from the other waste management 
systems. FW entered the head of the WWTP as a component of wastewater and was subject to 
physical and chemical treatments initiated by the primary and secondary stages of the local 
treatment processes including; solubilisation, primary sedimentation, aeration, and secondary 
sedimentation.  
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Following on from the sewer macerated FW entered the WWTP inlet where it began pre-
treatment by beginning primary sedimentation. Previous studies showed that 20 - 64% of volatile 
solids takes the form of colloidal or dissolved solids (Fisgativa et al., 2016; Graunke and Wilkie, 2014; 
Kim et al., 2015; Li et al., 2008). Therefore, it was assumed that 39% (average value) of FW volatile 
solids (FWVS) was solubilised with the remainder staying as particulate. During primary 
sedimentation 56% of particulate FWVS settled and became a component of the primary sludge, 
whereby, following thickening, it was anaerobically digested. The settling rate of FWVS was 
consistent with Equation 1 (Metcalf & Eddy, 2003) and the design of the two case study treatment 
plants. Studies have concluded similar primary settling results of 59-62%, although these studies 
used a 3 hour retention time (Martin, 2015), an hour longer than sedimentation at the case study 
WWTPs . The remaining 44% of FWVS not settled after primary sedimentation was sent to secondary 
aeration treatment along with solubilised FWVS. In the aeration step metabolism of carbon lead to 
43% of FWVS being ejected into the atmosphere as CO2 according to averaged literature values 
(Doka, 2009a; Yoshida et al., 2015). The biomass and treated waste water from the aeration step 
then entered the clarifier, whereby 91% and 96% for CASE 1 and CASE 2 respectively, of FWVS 
settled, with the balance being discharged as effluent. The clarifier efficiency used was based on 
data provided by the specific local WWTP.  The FWVS settled in the secondary clarifier was 
considered waste activated sludge, and sent to the anaerobic digester. The FWVS mass-balance of the 
INSINK pre-treatment and treatment model can be found in Figure 6-2.  
Equation 1 𝑅 =
𝑡
𝑎+𝑏𝑡
   
Where, R is the total solids removal efficiency of a primary sedimentation tank, t is the detention 
time within the settling tank (2 hours), a is an empirical constant of 0.0075 at temperature of 20˚C, 
and b is an empirical constant of 0.014 at temperature of 20˚C.  
The flow of nutrients and heavy metals in the INSINK pre-treatment process were modelled in 
accordance with transfer coefficients to sludge and effluent based on the average performing Swiss 
WWTP provided by Doka (2009a). Materials consumption was based on the local WWTP data. 
Regarding energy requirements, introducing higher concentrations of readily degradable carbon has 
been shown to optimise aeration processes (Battistoni et al., 2007), however a conservative 
approach was taken using existing rates for energy required per COD removal to model electricity 
consumption, provided by the local WWTPs (0.72 MWh/Mg of COD removed). Infrastructures for all 
the pre-treatment processes were inventoried using Ecoinvent data. With the relevant inventory for 
 Joel Edwards – PhD Thesis   Chapter 6—129 of 271 pages 
  
FW AD, SS AD, AcoD and composting also including the infrastructure involved in Unit process III – 
treatment.   
The wet weight mass balance was also modelled as the quantity of sludge generated is 
important to determine infrastructure requirements (i.e. digester size) as well as transportation 
quantities of biosolids being applied to land. The collection phase has been discussed previously in 
Section  6.3.3.1. Wet mass was modelled by assuming FW undergoing primary sedimentation had 
the same % of total solids as untreated FW. The FW converted to waste activated sludge was 
considered to have the same % of total solids as thickened sludge 6.42% and 5.46%, for CASE 2 and 
CASE 1 respectively, see Figure 6-2 for wet weight flows.  This lead to an overall increase in sludge 
sent to AD of 22% for CASE 2 and 47% for CASE 1. These values are in line with studies showing an 
increase in sludge generation from the addition of macerated FW (Battistoni et al., 2007; Iacovidou 
et al., 2012a; Martin, 2015).  
Table 6-3 –  Waste flows for the mechanical pre-treatment of MGB waste (MBT system) 
Waste type 
within MGB 
Percentage of 
waste type as 
refuse 
(Montejo et 
al., 2013) [A] 
Percentage of 
waste type for 
treatment 
(Montejo et 
al., 2013) [B] 
Percentage of 
waste type as 
total of MGB 
waste collected 
[C] 
Percentage of 
MGB waste as 
refuse (sent to 
landfill) [A*C] 
Percentage of 
MGB waste for 
treatment [B*C] 
   CASE 1 CASE 2 CASE 1 CASE 2 CASE 1 CASE 2 
Food waste 17.2% 82.8% 45.0% 35.3% 7.75% 6.08% 37.3% 29.2% 
Garden waste 17.2% 82.8% 7.00% 9.70% 1.21% 1.67% 5.79% 8.03% 
Paper/Card 73.0% 27.0% 18.0% 15.6% 13.1% 11.4% 4.86% 4.21% 
Wood 59.7% 40.3% 1.00% 1.00% 0.60% 0.60% 0.40% 0.40% 
Textiles 89.8% 10.2% 1.50% 1.50% 1.35% 1.35% 0.15% 0.15% 
Nappies 100.0% 0.0% 8.00% 4.00% 8.00% 4.00% 0.00% 0.00% 
Rubber/Leather  89.8% 10.2% 1.00% 1.00% 0.90% 0.90% 0.10% 0.10% 
Other/Inert 54.0% 46.0% 18.5% 31.9% 10.0% 17.2% 8.50% 14.7% 
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Figure 6-2 –  Volatile solids and wet weight mass-balance for the INSINK collection and 
pre-treatment unit processes 
6.3.3.3 Unit process III – Treatment 
6.3.3.3.1 Composting 
MOB waste in all systems, as well as MCOB in the COMP system, was carried out by centralised 
composting. The treatment process was assumed to be an open windrow compost process for the 
small GW fraction of MOB and the small GW fraction and FW fraction in the MCOB. Windrow 
composting is the prevailing composting method in Australia (Sharma and Campbell, 2007). The 
large fraction of GW (32.3%) was chipped. The chipping process included no emission inventory with 
the only inventory being for energy use, at 3.07 L of diesel/Mg of input waste that includes chipping 
and final screening of product (Sharma and Campbell, 2007). The mass of woodchips generated was 
the mass of large GW subtracting 4% of the mass considered to be removed from the woodchips in 
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the final screening. In terms of the composting process, it was assumed, due to the adequate rainfall 
(800-1200 mm/year) in the cool to mild-temperate climatic region of the east coast of Australia, 
there was no need for additional water use or oxygen aeration for the compost to mature; as these 
are adequately provided by the natural environment, the managed turning of windrows, and the 
recirculation of leachate (Sharma and Campbell, 2007). After pre-treatment organic material was 
shredded, placed into windrows, turned, watered (in the case of GW windrows), and once matured; 
processed through particle size grading. The energy and materials inventory for these processes 
were average values determined from literature (Boldrin et al., 2011a; Buratti et al., 2015; Righi et 
al., 2013; Sharma and Campbell, 2007; Sonesson, 1996). Emission factors for CH4, NH3, N2O, and CO2 
were also determined using average values from literature (Amlinger et al., 2008; Saer et al., 2013) 
according to the feedstock being composted; GW only, or a mixture of 50:50 GW and FW for the 
COMP and HCOMP systems. The emission factors for NMVOC, H2S and PM were not available 
according to feedstock so they are common across feedstock and were average values from (Buratti 
et al., 2015; Righi et al., 2013) see  Table 6-4. Infrastructure and material inventories were sourced 
from the Ecoinvent database. The dry mass of compost product generated was determined by the 
initial dry mass composted subtracted by the mass of air emissions. As wet weight was also required 
to determine the weight being transported, the compost was assumed to have a water content of 
29%, a value determined from the median value of literature (Zhang and Matsuto, 2011).  
Home composting was used as a treatment process in the HCOMP waste management system. It 
includes the same air emissions inventory as centralised composting although it was assumed there 
are no energy requirements for home composting and the infrastructure required is a 7.5 kg 
polyethylene compost bin whose background inventory was taken from the Ecoinvent database. 
Wood chipping, however still occurs in the HCOMP system as large GW was collected in the MOB.  
Table 6-4 –  Emission factors for the composting treatment process based on literature  
(Amlinger et al., 2008; Saer et al., 2013)  
Air emission Units  
(1 Mg-1 of 
waste) 
GW only  Range for 
GW in 
literature 
Mixture of FW 
and GW 
Range in for 
FW and GW in 
literature 
CO2 kg 134.5 115 – 154 256 134 – 378 
CH4 g 64.5 30 – 620 345.5 63 – 628 
NH3 g 189.5 25 – 354 208.4 25 – 576 
N2O g 39.5 16 – 178 127.0 22 – 232 
NMVOC g 784.0  10 – 1700 784.0 10 – 1700 
H2S g 703.3 20 – 1560 703.3 20 – 1560 
PM  g 92.0 74 - 110 92.0 74 - 110 
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6.3.3.3.2 Landfill  
Landfill as a treatment method was used in all of the waste management systems modelled. As 
this study divides MSW into waste types (i.e. FW, GW. paper, textiles, etc.) a model was required to 
determine the inventory for each singular waste type. The model and the inventory used was 
described in detail in Edwards et al. (2017a) and was used  to determine the amount of LFG 
generated, which was either captured for electricity generation, flared, or emitted through the 
landfill cap as fugitive air emissions. The remainder of the waste not transformed into biogas is 
considered in the landfill end-use process (Unit Process IV). 
6.3.3.3.3 Digestion of sewage sludge and co-digestion 
The inventory for SS digestion and the co-digestion of SS and FW had been developed previously 
(Edwards et al., 2017a). However, a brief description of the process is as follow; SS, or SS plus FW at 
the WWTPs were fed continuously into a single stage mixed tank reactor operating at mesophilic 
temperatures (35 – 42˚C). As the anaerobic bacteria within the tanks breakdown the feedstock, 
biogas was generated (35% CH4, 65% CO2 and small quantities of trace gases by mass at STP) and 
sent to a combined heat and power unit that generated electricity as well as providing sufficient 
heat to maintain the digester working temperature. Feedstock net of the biogas formed is 
considered digestate, which at both case study sites was separated into biosolids (solid fraction) with 
a totals solids content of 22.5% and 20.5% for CASE 1 and CASE 2, respectively) and supernatant 
(liquid fraction). All of the supernatant was returned to the inlet of the WWTPs, and biosolids were 
managed in accordance to jurisdictional regulation either stored temporarily for 3 years for CASE 1 
biosolids or land applied without stockpiling for CASE 2 (Environmental Protection Authority, 2004; 
EPA NSW, 2000). Whilst biosolids stemming from SS digestion in both case studies are currently 
compliant with the aforementioned regulations, it is unclear whether biosolids stemming from co-
digestion will be in compliance, as no Australian cases of co-digestion of FW and SS exist, and 
contaminates in the MFB like small plastics or ceramics may not be completely removed during pre-
treatment meaning they may end up in the biosolids. There are cases whereby biosolids derived 
from the AD of ssFW both meet and do not meet regulation  overseas (Nghiem et al. 2017; WRAP, 
2010). In this case the AcoD system biosolids are assumed to be safe to apply to land.  
6.3.3.3.4 Separate digestion of source separated food waste 
The digestion process was a continuous single stage mesophilic digestion process however, the 
addition of water to dilute the FW feedstock to 10% TS was required. The specific methane 
production rate used was an average value taken from the literature of FW digestion and can be 
found in Table 6-5 along with the specific methane production rates for SS digestion, co-digestion 
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and the digestion of msOFMSW. Digestate was determined by subtracting the initial wet mass of 
waste entering digestion by the mass of biogas emitted. With the help of a belt press biosolids were 
generated from the digestate retaining 91.5% of the TS in the digestate and generating a biosolids 
product of 22.5% TS. The supernatant was treated by an onsite wastewater treatment process with 
data taken from the Ecoinvent database.  
Table 6-5 –  Specific methane production rates during anaerobic digestion  
Digestion/feedstock  Specific biogas production rate (m3 of 
CH4/Mg of VS added) 
Reference 
CASE 1  CASE 2  
SS at WWTP 265.0 325.0 Measured 
Co-digestion of SS and 
FW at WWTP 
357.8 439.2 Based on (Edwards et 
al., 2017a) model  
Co-digestion of SS and 
INSINK FW at WWTP 
357.8 439.2 Based on (Edwards et 
al., 2017a) model 
Source separated FW 360.0 
Range from 
literature (209 – 420) 
360.0 
Range from 
literature (209 – 420) 
Averaged values from 
(Banks et al., 2011; 
Evangelisti et al., 2014; 
Hansen et al., 2004; 
Weiland, 2000; Xu et 
al., 2015) 
msOFMSW 241.8 
Range from 
literature (204 – 317) 
241.8 
Range from 
literature (204 – 317) 
Averaged values from 
(Montejo et al., 2013; 
Walker et al., 2011; 
Zhang and Banks, 2012) 
6.3.3.3.5 Separate digestion of the mechanically sorted organic fraction of municipal solid 
waste 
The biological treatment of msOFMSW in the MBT system was modelled as a dry AD procedure 
at thermophilic temperature, followed by an aeration step. The dry digestion process was conducted 
with a feedstock of 30% TS and had a specific methane production rate of 241 m3/Mg of VS added.  
The aeration step emitted primarily CO2, biogenic, CH4, biogenic, as well as trace amounts of N2O, with all 
other substances directed to the digestate.  The remaining digestate was separated into biosolids 
and liquid supernatant with quantities of elements defined by factors provided by literature. The 
biosolids were applied to forestry land as it was deemed inappropriate for use for direct application 
on agricultural land. It was important to note that the characteristics of msOFMSW are different 
from that of source separated MFB waste digested in other systems. The msOFMSW entering 
digestion contains not only FW but also other waste types. CASE 1 msOFMSW contained 65% FW, 
10% GW, 8.5% paper/card, 0.7% wood, 0.3% textiles, 0.2% rubber/leather and 15% other/inert. 
Whilst msOFMSW in Case 2 consisted of 51% FW, 14% GW, 7% paper/card, 1% wood, 0.3% textiles, 
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0.2% rubber/leather and 26% other/inert. This was due to the nature of the mechanical separation 
of MGB waste.  
6.3.3.3.6 By-products LFG and biogas  
The inventory associated with the combustion of captured LFG, in a flare or in a generator for 
electricity generation, as well as biogas from digestion processes was covered in Edwards et al. 
(2017a). Captured LFG was sent to electricity generator with an electricity generation efficiency of 
32.11%, whilst for biogas produced through AD a combined heat and power unit (infrastructure 
included in the inventory) was used with an electricity generation efficiency of 36.8%. It was 
assumed that generators are switched off for maintenance resulting in 2% of biogas or captured LFG 
being flared instead. All electricity generated was assumed to offset the grid electricity mix, whereby 
the mix is heavily reliant on coal. The mix for the grid was sourced from Australasian Unit Process LCI 
in accordance to each case studies jurisdiction (NSW grid mix for CASE 2, and VIC for CASE 1), where 
76.1% of electricity is derived from black coal for the case study CASE 2, and 89.3% from brown coal 
for CASE 1 see supplementary information for the complete mix. Black coal has a higher net calorific 
value than brown coal because it has a lower moisture content. This means black coal has a lower 
carbon emissions factor when comparing the two hard coal sources (Fott, 1999).    
6.3.3.4 Unit process IV – End-use/Disposal 
6.3.3.4.1 Stored in landfill as leachate or soil 
The mass that remains in the landfill solids matrix was the waste deposited to the landfill net the 
mass of LFG generated and the mass of pollutants in the leachate.  The landfill solid matrix was 
considered “contained disposal” and was therefore not inventoried as a pollutant applied to soil. The 
leachate, however, was considered mobile over time as degradation of the liner and containment 
system over 100 years is likely, even with management best practice (Allen, 2001; Damgaard et al., 
2011). Of the leachate generated 68% was treated by an onsite WWTP and discharged to surface 
water, whilst the remainder was discharged to groundwater untreated (Edwards et al., 2017a). 
6.3.3.4.2 Land application of biosolids and compost 
Biosolids and compost were transported by truck to land application sites where tractors were 
used to apply the material to land. The supernatant from dewatering of digestate was modelled 
using the local WWTP data, for COD and TN removal whereas, P and S as well as the speciation of N 
into NH4, NO3, NO2 and N-org was based on(Doka, 2009a). The concentration of heavy metals in both 
the biosolids and supernatant were also calculated using coefficients according to (Doka, 2009a). It 
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was assumed that heavy metals in the supernatant remained in solution and became part of the 
effluent emissions released  to water. This may represent a higher level of heavy metal emissions 
from supernatant as some metals may precipitate into sludge after being recycled through the 
WWTP process , however no specific data was available. Energy and materials use was obtained 
from case study WWTP data.  
Whilst the land application of SS biosolids is common practice in both case studies as the quality 
is compliant with regulations, whether biosolids derived from ssFW is going to meet these 
regulations is untested in Australia. The contamination of the ssFW waste stream along with the pre-
treatment process is critical in ensuring that plastic, seashells, broken ceramics etc. are removed 
prior to digestion and hence do not become a component of the biosolds product. It is assumed in 
this inventory analysis that the biosolids stemming from co-digestion can be applied to land based 
upon sorting and monitoring specifications outlined in the UK (WRAP, 2010).    
6.4 Results and discussion 
6.4.1 Inventory analysis;  
6.4.1.1 Energy balance 
In each waste management system energy entered the system, for example electricity being 
imported from the grid to pump supernatant. Energy was also generated (e.g. the combustion of 
landfill gas to make electricity, or the use of biosolids on land to substitute the production of 
synthetic fertiliser). Therefore, the energy balance of a system was represented by the energy 
entering the system subtract the energy being offset. The overall energy balance of all systems along 
with the contribution to either energy in or energy out according to specific unit processes is shown 
in Figure 6-3. 
It is evident from Figure 6-3 that all waste management systems are net-energy generators. The 
MBT system generated the most energy in CASE 1 and second most for CASE 2. However, this was 
counterbalanced by the high energy demand of Pre-treatment (Unit Process II) and FW digestion 
(Unit Process III), subsequently causing MBT to have the smallest, and second smallest net-energy 
generation for the CASE 2 and CASE 1 studies respectively. Electricity generation from the 
combustion of LFG (Electricity generation at Landfill) was the largest contributor to energy 
generation in BAU. Yet, its contribution diminishes for the other systems, which was to be expected, 
given all other systems divert the majority of FW from landfill and hence the FW did not biodegrade 
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and transfer to LFG.  Electricity generation at WWTP was also a consistently high generator of energy 
due to the digestion of SS in BAU, COMP, HCOMP, SAD and MBT whilst in AcoD and INSINK a 
noticeable increase in energy generation was witnessed thanks to the co-digestion of FW and SS. 
Collection (Unit Process I) had a consistently high demand for energy, due to diesel requirements of 
collection trucks, or electricity for maceration in the INSINK system. Digestion at WWTP (Unit 
Process III) also showed a consistent demand for energy across systems. 
In terms of the net balance, any system that had a net-energy generation less than BAU would 
suggest that that particular system was less energy efficient than BAU. This implied that the energy 
needs incurred by these systems in order to separate, collect and treat FW was not recouped by any 
energy recovery technique employed, if employed. Therefore, from the perspective of energy 
recovery, COMP and MBT in both case studies, were less efficient than BAU. The only system to 
consistently outperform BAU across both case studies in terms of net-energy generation was AcoD.  
Nevertheless, the effectiveness of the case study landfills to capture and utilise LFG was a 
significant provider of recovered energy. Both landfills used in the case studies are considered to 
outperform the average landfill in their respective regions for their LFG capture efficiency. There LFG 
capture efficiencies being 0.71 and 0.74, for CASE 1 and CASE 2 respectively (Edwards et al., 2017a). 
If a landfill within a case study did not have LFG capture equipment, and therefore was not 
generating electricity, analysis shows that all systems including HCOMP, COMP, SAD and MBT would 
have a better net-energy balance than BAU.  
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Figure 6-3 –  Cumulative energy demand of both case studies  
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water consumption as the FW needs to be diluted to 10% TS prior to digestion. For the MBT pre-
treatment process the greater quantity of waste as throughput (i.e. all MGB waste) is why its 
contribution is greater than the AcoD pre-treatment process.  
 
Figure 6-4 –  Cumulative water demand of both case studies  
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representing emissions to the environment whilst negative values represent avoided emissions due 
to the substitution of fossil fuel derived energy or synthetic fertiliser. Results were presented using a 
shaded ranking system, whereby the darkest shade of a cell corresponds to the highest emission for 
that substance, whilst no shade represents the least emission/highest avoided emissions for that 
substance. Figure 6-5 depicts the contribution unit processes make to key cumulative emissions 
based on the CASE 1.  
The substance emissions of sulfur oxides, CO2 fossil, brown and black coal, listed in Figure 6-5, 
were chiefly driven by the use or generation of electricity by unit processes. The use of diesel by a 
system was primarily responsible for the flows of crude oil, barium and to an extent nitrogen oxides. 
This is why Collection (Unit Process I) was a significant contributor to nitrogen oxide emissions as 
seen in Figure 6-5, although the offsetting of electricity also showed a positive contribution. The 
amount of waste sent to landfill by each system was the primary parameter responsible for 
emissions of CH4 biogenic, CFC-12, COD, organic nitrogen, and ammonium. This was exemplified by MBT 
having the least emissions of these substances, given it was shown to divert the most waste away 
from landfill. The final key substance emitted to agricultural and forestry soil was lead, of which the 
land application of biosolids from the WWTP was the primary cause of these emissions. 
Contributions from compost applied to land were also present. The land application of biosolids 
derived from the AD of msOFMSW was clearly the biggest contributor for lead emissions to the soil 
in the MBT system, contributing more than half of the total emissions. This was because msOFMSW 
includes waste other than FW that has a higher level of lead as well as other heavy metals that 
remain in the solid matrix applied to land.  
Regarding the use of raw materials, the negative value (avoided use) of cadmium was mostly the 
result of the application of biosolids to land, which replaced the generation of synthetically 
produced fertilisers. Interestingly there is the potential to increase avoided use by also using 
supernatant on land, although not currently practiced, which contains high levels of phosphorous. 
Synthetically produced fertiliser like P2O5 requires the use of non-renewable resources including lead 
concentrate for sulphuric acid production. As lead ore is mined commercially to produce lead so 
cadmium is also mined, hence its depletion. The use of copper was primarily allocated to processes 
that require electricity from the grid as the associated electricity network involves the need for 
copper wires.  
6.4.1.4 Mass-balance: recycled, recovered for energy or disposed 
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The fundamental goal of the mass-balance was to determine how much waste is recycled, used 
for energy recovery or disposed to the environment using the aforementioned definitions of these 
classifications in Section 6.2.2. Table 6-7 shows the total amount of waste that is classified as 
recycled (valued), recycled (other), recovered for energy and disposed for each waste management 
system.  
The pathway of waste from treatment to end use can be found in the relevant sunburst chart in 
Figure 6-6 and Figure 6-7, with border types differentiating the classification of end use i.e. recycled 
(other).  The inner circle of each chart in Figure 6-6 and Figure 6-7 divides the dry weight of all waste 
into Unit Process III treatment technologies like composting, landfill, AD at WWTP, and AD of either 
ssFW or msOFMSW. The proceeding outer circles further apportion the dry weight according to the 
specific treatment process. Landfilling (Unit process III) was split into the landfill matrix (mass that 
remains within the borders of the landfill, including biogenic carbon), landfill gas (all gaseous mass 
captured by LFG infrastructure, including CO2 and CH4) and fugitive emissions (emissions to air that 
are not captured by LFG infrastructure and emissions to water as leachate).  Composting (Unit 
Process III) was divided first into the small fraction of material sent for compost processing and the 
large particle size fraction sent to wood chipping (considered a valuable product). Compost 
processing was then further divided into Process emissions and Compost Product Land applied. The 
latter referring to the end product of compost applied to land that generated its own air emissions, 
and consists of valuable N, P, and K, stored biogenic carbon, as well as other elements in the 
compost matrix. WWTP (Unit Process III), and the other AD technologies in SAD and MBT were 
separated into mass of waste converted to biogas, biosolids and supernatant. The biosolids was 
further divided in the same way as Compost Product Land applied, and biogas was further divided 
into the CO2 and CH4 components.  
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Table 6-6  – Select cumulative substance emissions (per functional unit) for both case studies  
 (Colour scale = lowest emission no shade to highest emission darkest shade  –  reading horizontal) 
Substance Inventory type Unit BAU AcoD INSINK COMP HCOMP SAD MBT 
Sutherland Shire Council (CASE 2) 
Cadmium Raw material kg -9.2E+00 -1.0E+01 -1.0E+01 -1.1E+01 -1.2E+01 -9.8E+00 -1.4E+01 
Copper Raw material kg 2.3E+01 1.4E+02 2.4E+02 -1.8E+02 -1.9E+02 5.6E+02 2.7E+03 
Oil, crude, 42 MJ/kg Raw material kg 8.8E+05 9.6E+05 8.3E+05 8.4E+05 5.2E+05 9.6E+05 8.2E+05 
Coal, 26.4 MJ/kg Raw material kg -5.0E+06 -5.8E+06 -5.2E+06 -4.3E+06 -4.2E+06 -4.7E+06 -3.5E+06 
Coal Brown Raw material kg -8.8E+05 -1.0E+06 -9.1E+05 -7.4E+05 -7.3E+05 -8.2E+05 4.6E+05 
Nitrogen oxides Emission to air kg -1.2E+04 -1.4E+04 -1.4E+04 -9.3E+03 -1.0E+04 -8.1E+03 5.0E+03 
Sulfur oxides Emission to air kg -5.0E+04 -5.7E+04 -5.2E+04 -4.3E+04 -4.2E+04 -4.6E+04 -2.8E+04 
CO2, fossil Emission to air kg -9.0E+06 -1.1E+07 -9.8E+06 -7.1E+06 -7.1E+06 -7.9E+06 -4.6E+06 
CH4, biogenic Emission to air kg 5.8E+04 5.3E+05 4.6E+04 4.7E+04 4.6E+04 4.7E+04 2.6E+04 
CFC-12 Emission to air kg 1.4E+02 1.2E+02 1.1E+02 1.2E+02 1.1E+02 1.2E+02 6.3E+01 
Ammonium, ion Emission to water kg 2.7E+05 1.9E+05 1.8E+05 1.8E+05 1.8E+05 1.9E+05 1.1E+05 
Nitrogen, organic bound Emission to water kg 3.8E+05 2.4E+05 2.3E+05 2.3E+05 2.2E+05 2.4E+05 1.1E+05 
Barium Emission to water kg 6.5E+03 6.8E+03 6.3E+03 6.4E+03 6.1E+03 6.8E+03 5.1E+03 
Lead  Emission to soil  kg 7.2E+02 7.3E+02 7.1E+02 7.3E+02 7.2E+02 7.3E+02 2.6E+03 
Melton City Council (CASE 1) 
Cadmium Raw material kg -1.7E+00 -2.5E+00 -2.7E+00 -2.8E+00 -3.0E+00 -2.5E+00 -3.5E+00 
Copper Raw material kg 8.4E+01 1.6E+02 2.4E+02 -1.5E+01 -2.0E+01 3.5E+02 9.1E+02 
Oil, crude, 42 MJ/kg Raw material kg 3.6E+05 3.9E+05 3.5E+05 3.7E+05 2.1E+05 3.9E+05 3.4E+05 
Coal, 26.4 MJ/kg Raw material kg -1.2E+04 -1.6E+04 3.0E+04 -2.8E+04 -2.1E+04 -6.4E+03 4.1E+05 
Coal Brown Raw material kg -3.1E+06 -3.9E+06 -3.1E+06 -2.4E+06 -2.4E+06 -3.3E+06 -4.0E+06 
Nitrogen oxides Emission to air kg 4.0E+03 4.3E+03 4.0E+03 4.3E+03 3.3E+03 5.0E+03 7.4E+03 
Sulfur oxides Emission to air kg -1.7E+04 -2.1E+04 -1.8E+04 -1.4E+04 -1.3E+04 -1.7E+04 -1.8E+04 
CO2, fossil Emission to air kg -1.1E+06 -1.8E+06 -1.4E+06 -5.9E+05 -7.0E+05 -1.2E+06 -1.1E+06 
CH4, biogenic Emission to air kg 2.8E+04 2.2E+04 2.2E+04 2.2E+04 2.2E+04 2.2E+04 1.4E+04 
CFC-12 Emission to air kg 7.0E+01 5.5E+01 5.4E+01 5.5E+01 5.3E+01 5.5E+01 3.4E+01 
Ammonium, ion Emission to water kg 2.6E+04 1.5E+04 1.4E+04 1.5E+04 1.4E+04 1.5E+04 8.6E+03 
Nitrogen, organic bound Emission to water kg 4.2E+04 2.5E+04 2.3E+04 2.5E+04 2.3E+04 2.5E+04 1.4E+04 
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Barium Emission to water kg 1.4E+03 1.6E+03 1.4E+03 1.5E+03 1.3E+03 1.6E+03 1.5E+03 
Lead  Emission to soil  kg 1.6E+02 1.7E+02 1.6E+02 1.7E+02 1.6E+02 1.7E+02 5.1E+02 
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Figure 6-5 –  Unit processes contribution for select cumulative air, water and soil emissions  
(CASE 1 only, per functional unit) 
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Table 6-7 –  Percentage of waste (dry weight) defined according to aforementioned 
classifications - difference from BAU in parenthesis 
Sutherland shire council (CASE 2) 
Classification BAU AcoD INSINK COMP HCOMP SAD MBT 
Recycled (valued) 6.1% 6.2% 
(+0.1) 
 6.0% 
(-0.1) 
6.3% 
(+0.2) 
6.4% 
(+0.3) 
6.3% 
(+0.2) 
7.2% 
(+1.1) 
Recycled (other) 6.5% 6.2% 
(-0.3) 
 6.3% 
(-0.2) 
7.3% 
(+0.8) 
7.0% 
(+0.5) 
7.2% 
(+0.7) 
21.2% 
(+14.7) 
Recycled (Total) (valued + 
other) 
12.5% 12.4% 
(-0.1) 
12.3% 
(-0.2) 
13.6% 
(+1.1) 
13.4% 
(+0.9) 
13.4% 
(+0.9) 
28.5% 
(+16.0) 
Recovered for energy 7.3% 8.0% 
(+0.7) 
 7.1% 
(-0.2) 
6.1% 
(-1.2) 
6.1% 
(-1.2) 
7.0% 
(-0.3) 
 6.6% 
(-0.6) 
Disposal 80.2% 79.6% 
(-0.6) 
80.5% 
(+0.3) 
80.4% 
(+0.2) 
80.5% 
(+0.3) 
79.6% 
(-0.6) 
64.9% 
(-15.3) 
Diverted from landfill 
(kerbside waste only) 
17.5% 23.6% 
(+6.1) 
24.1% 
(+6.6) 
23.6% 
(+6.1) 
24.1% 
(+6.6) 
24.1% 
(+6.6) 
59.5% 
(+42.0) 
Melton city council (CASE 1) 
Classification BAU AcoD INSINK COMP HCOMP SAD MBT 
Recycled (valued) 9.7% 10.0% 
(+0.3) 
9.8% 
(+0.1) 
9.7% 
(+0.0) 
10.0% 
(+0.3) 
10.0% 
(+0.3) 
11.3% 
(+1.6) 
Recycled (other) 8.6% 9.0% 
(+0.4) 
9.0% 
(+0.4) 
8.9% 
(+0.3) 
8.7% 
(+0.1) 
9.5% 
(+0.9) 
19.9% 
(+11.3) 
Recycled (total) (valued + 
other) 
18.2% 19.0% 
(+0.8) 
18.8% 
(+0.6) 
18.7% 
(+0.5) 
18.7% 
(+0.5) 
19.5% 
(+1.2) 
31.3% 
(+13.1) 
Recovered for energy 3.5% 4.3% 
(+0.8) 
3.4% 
(-0.1) 
2.9% 
(-0.6) 
2.9% 
(-0.6) 
4.0% 
(+0.5) 
4.9% 
(+1.4) 
Disposal 78.2% 76.7% 
(-1.5) 
77.8% 
(-0.4) 
78.4% 
(+0.2) 
78.4% 
(+0.2) 
76.5% 
(-1.8) 
63.9% 
(-14.3) 
Diverted from landfill 
(kerbside waste only) 
27.9% 
 
35.2% 
(+7.3) 
35.9% 
(+8.0) 
35.2% 
(+7.3) 
35.9% 
(+8.0) 
35.2% 
(+7.3) 
63.4% 
(+35.5) 
6.4.1.5 Disposal and landfill diversion 
The quantity of waste classified as disposed was the lowest for the MBT system across case 
studies. The SAD and AcoD systems also consistently presented less disposed waste than BAU across 
both case studies. Although they only exhibited small decreases from the BAU rate whilst the MBT 
system showed much greater reduction.   
The amount of waste classified as disposal increased for the systems; HCOMP and COMP for 
both case studies, and INSINK for CASE 2 (see Table 6-7). This was largely due to both the air 
emissions of CO2, biogenic stemming from the composting process, and the application of compost to 
land. Compost applied to land, despite providing increased benefits of recycled (valued) and recycled 
(other) products, also showed between 41-45% of dry mass directly emitted to the atmosphere see 
Figure 6-6 and Figure 6-7. Whilst there is an argument that this is not disposal, these emissions are 
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classified as disposal in this study much the same way it would be defined as disposal if it were CO2, 
biogenic air emissions in a landfill. The discussion of how to account for such emissions is compounded 
by there being no definition of the waste hierarchy terms recycled, recovered for energy or disposed 
in any legislation or regulation in Australia. European legislation, which does define these 
classifications, albeit with some ambiguity (Gharfalkar et al., 2015), still provides no clear details on 
how to manage such emissions at the level of a mass-balance. This nuance, highlighted by the mass-
balance, is one reason why life cycle thinking that includes the entire waste service from collection 
to end-use may provide the evidence based approach necessary for policy makers and waste 
managers to select a waste management system that best suits environmental, public health and 
cost effective objectives (Joint Research Centre, 2011a; Laurent et al., 2014a; Williams, 2015).  
The mass-balance analysis also revealed the extent to which each system diverted waste away 
from landfill. The diversion rate increased in all systems with the MBT system clearly diverting the 
most amount of waste from landfill, 59.5% and 63.4% for CASE 2 and CASE 1 respectively. This was a 
significant increase when compared to BAU landfill diversion rates of 17.5% for CASE 2 and 27.9% for 
CASE 1. Other systems made improvements on the BAU system varying from an increase of between 
6.1% to 6.6% for CASE 2 and 7.3% to 8.0% for CASE 1. It is worth noting that the baseline modelling 
value for the household sorting efficiency of FW was 59%, which is used in all systems other than 
BAU and MBT. Moreover, the contamination level of the MFB in baseline modelling was set to 21%. 
Therefore, if the household sorting efficiency value was to increase to levels witnessed for the 
sorting of plastic, metal and paper recycling in Australia (Perrin and Barton, 2001) than the rate of 
diversion would be expected to increase significantly. This would also be the case if the 
contamination levels were to be lowered.  
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Figure 6-6 –  Dry mass flow of waste for each waste management system (CASE 1) 
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Figure 6-7 –  Dry mass flow of waste for each waste management system (CASE 2) 
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6.4.1.6 Recovered for energy 
AcoD achieved the highest rate of waste used for energy recovery in CASE 2(8.0%), whilst 
for CASE 1, MBT achieved the highest rate (4.9%) followed by AcoD (4.4%). The prime reason 
why MBT in CASE 2 did not perform as well for waste recovered for energy was because it 
treated less FW as a percentage of all waste treated, than in CASE 1. CASE 1 has 45% FW in the 
collected MGB waste, leading to msOFMSW after pre-treatment consisting of 65% FW. In 
contrast for CASE 2, 35% of MGB waste is considered to be FW of which, after the pre-
treatment step, msOFMSW consists of 51% FW that was sent for biological treatment.  
The two systems of COMP and HCOMP showed a reduction in the quantity of waste 
classified as recovered for energy when compared to BAU.  This was because COMP and 
HCOMP included no energy recovery for the FW diverted away from landfill. Conversely, BAU 
witnessed a relatively effective energy recovery system, capturing a significant amount of CH4 
derived from LFG capture. 
Despite the energy recovery of systems, decisions should be viewed in the context of the 
net-energy demand for the whole life cycle of the system as shown in Section 6.4.1.1, as MBT 
in this case was shown to have a high demand for energy for its pre-treatment and biological 
treatment processes, counterbalancing the higher amount of energy generation.  This is one 
reason why the quantity of waste managed and treated using energy recovery as described by 
the waste hierarchy may be misleading when informing decision makers of the best waste 
management system for the environment.  
6.4.1.7 Recycled 
All systems provided an increase to the amount of waste classified as recycled (valued). 
The highest increase was for the MBT system across both case studies. This was largely due to 
the ability of MBT to divert the greatest quantity of FW away from landfill, treat it and then 
apply it to land. However, the MBT system achieved this by treating a greater amount of waste 
in the form of msOFMSW, which involves FW as well as a mixture of other wastes. Therefore, 
not just FW is being applied to land. This brought about a greater amount of heavy metals and 
other elements applied to land, as metals were present in higher concentration in the 
msOFMSW waste stream than compared to ssFW, evidenced by MBT showing the highest 
amount of Recycled (other). Furthermore, evinced by the low ratio of Recycled (valued) to 
Recycled (other) compared to other systems ratios. The high levels of heavy metals in MBT 
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biosolids were shown in the case studies to restrict the use of the biosolids to land not 
associated with the primary production of foodstuff, as per state regulation.  
The MBT biosolids offered an example of the difficulty associated with a lack of definitions 
for crucial waste hierarchy terms. Heavy metals within MBT biosolids product that are present 
in high concentrations, and are not available micronutrients for plant life, are unlikely to be  
useful for the products purpose. These metals are arguably not being recycled but are a 
contaminant that may reduce the quality and value of a recycled product; inefficient when 
considering the aim of a circular economy is to utilise resources at its highest utility. 
6.5 Conclusion 
The study provided a LCI, dry weight mass, and energy balance for seven waste 
management systems in the context of a complete waste service; including the first such 
inventory for a waste system that collected FW via kitchen in-sink maceration.  
Employing the method to analyse the real-life flows of two Australia case studies revealed 
three vital considerations for all waste managers; 
1. Energy recovery and net-energy demand can differ significantly. It is therefore 
advocated that when comparing waste management systems net-energy demand 
should be considered instead of the quantity of waste recovered for energy or the 
amount of energy generation from a treatment technology.  This point is 
exemplified by the MBT system which recovered the most amount of waste for 
energy generation and in one case study generated the most electricity. However 
MBT was at best fifth when examining the overall net-energy output of the system.  
2. It is critically important for a waste management system to increase landfill 
diversion and maximise net-energy generation in order to reduce emissions of 
damaging pollutants. Energy use in the Australian context is reliant on coal derived 
electricity and being able to offset the use of this form of electricity can heavily 
reduce emissions of CO2, SOx and NOx. Moreover, landfill emissions which provide 
the leading share of system emissions of CH4, organic nitrogen and phosphate, can 
be reduced by diverting FW to other treatment methods.   
3. It is useful when comparing systems to determine the components within a 
recyclate generated as a means to understanding both a) the efficiency of a system 
to maximise the quantity of waste recycled and b) ensure the recycled material is 
kept at its maximum utility.  
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6.6 Supplementary data  
Supplementary data associated with this article can be found in the appendix. 
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Chapter Seven  
7 Anaerobic co-digestion of municipal food waste and sewage 
sludge: A comparative life cycle assessment in the context of a 
waste service provision 
 
Chapter 7 provides a life cycle assessment (LCA) comparing the environmental impacts of 
landfilling municipal food waste (FW) against the anaerobic co-digestion (AcoD) of FW with 
sewage sludge (SS). Its narrowed scope, whereby it focuses on two waste management 
systems, enables an in-depth look at the effect of key sensitivities in the systems particularly 
methodological decisions. Key sensitivity analysis performed include changing whether 
biogenic carbon was considered to have a global warming potential, subtracting of the 
environmental impact associated with avoided electricity generation or subtracting the 
environmental impact associated with the avoided production of fertiliser, and whether a 
landfill performs under  average or case specific conditions. This chapter was published in 
Bioresource Technology in 2017 (Volume 223: pp. 237-249).  
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7.1 Introduction  
Anaerobic digestion (AD) at wastewater treatment plants (WWTP) is a crucial technology 
that can generate high value resources from a perceived ‘waste.’ AD is also becoming a crucial 
technology for solid waste managers handling FW. Changes in FW management policy are 
increasingly promoting recycling and energy recovery, creating a demand for AD treatment of 
FW (J. Edwards et al., 2015). Because of this demand a great number of FW anaerobic 
digesters have been built over the past decade. A small number of WWTPs have also begun 
treating FW by simultaneously digesting FW with SS known as AcoD. AcoD has been shown 
consistently in these cases to have a synergistic effect; making AD more efficient, boosting 
biogas production, stabilising digestate, and increasing the amount of key nutrients in biosolids 
(Cavinato et al., 2013; Gómez et al., 2006; la Cour Jansen et al., 2004; Liu et al., 2013; Zupančič 
et al., 2008). Because WWTP are the largest users of AD in Australia, with existing expertise, 
and often underutilised infrastructure (J. A. Edwards et al., 2015), AcoD provides a unique 
opportunity for WWTPs as a practical means to optimise nutrient and energy recovery from 
sludge. Additionally, AcoD offers a new and localised treatment alternative for FW managers.  
Whilst many studies have evaluated the biogas potential of AcoD, very few papers have 
assessed the environmental impact of AcoD. Those studies that have assessed the 
environmental impact typically used life cycle assessment (LCA) in the context of WWTP 
operation, and focused on a functional unit applicable to treatment alone (M. hyung Kim et al., 
2011; Righi et al., 2013; Xu et al., 2015). No study has used LCA to determine the 
environmental impact of AcoD as part of an waste management system; that is to say 
determining the environmental impact of AcoD as a waste service provision, including the 
collection, transportation and pre-treatment of FW prior to co-digestion, as well as the post-
treatment and end-use of biosolids and supernatant after co-digestion.  
To contribute to the identified gap in knowledge, this paper used two Australian local 
government case studies to determine the environmental impact of an AcoD based waste 
management system. The AcoD system was then compared against the current business-as-
usual (BAU) system. This research was designed to establish whether AcoD, as part of a wider 
integrated waste management system, has a lesser impact on the environment than business-
as-usual. The use of two case studies and a detailed sensitivity and uncertainty analysis 
provided a further insight into how AcoD performs across study areas. As both case studies are 
unique with different variables and thus life cycle inventories (LCI), the aim was not to 
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compare case studies, but to determine whether one system consistently outperforms the 
other across case studies investigated.  
7.2 Methods 
This study observed the LCA framework set out by the International Standard Organisation 
(ISO) standard ISO14040 and ISO14044 (International Organization for Standardization, 2006a, 
2006b) and was further guided by the International Reference Life Cycle Data system 
handbook series (European Commission et al., 2010; European Commission and Joint Research 
Centre Institute for Environment and, 2010), where the contextual situation of the study was a 
micro-level study, Situation A. The ISO framework describes four crucial steps to LCA; step 1 - 
goal definition, step 2 - scope definition followed by step 3 - the collection of inventory data 
and its analysis, and finally step 4 the characterisation of environmental impacts. The 
framework is an iterative approach requiring reassessment and interpretation for all steps.   
7.2.1 Functional unit  
This study concentrated on municipal kerbside collected waste that was discarded into the 
moble garbage bin (MGB) within the local government area (LGA) under investigation, as well 
as SS that was generated following the treatment of municipal wastewater at each local 
WWTP. Waste discarded to the MGB was a mixture of organic and inorganic material. The 
functional unit, therefore, was defined as “the management of the annual quantity of 
municipal waste discarded into the MGB and collected by the local government, as well as the 
management of the annual quantity of SS treated by the local WWTP.” 
Each CASE 1 household discarded on average 515 kg of mixed garbage to the MGB 
producing 19,020 Mg every year, of which 45% (8,559 Mg) was FW. The CASE 1 WWTP treats 
34,310 Mg (wet weight) of sludge per year. Households in CASE 2 discarded on average 621 kg 
of mixed garbage to the MGB producing 51,238 Mg of waste annually, of which 35% (18,087 
Mg) was considered FW. The Cronulla (CASE 2 WWTP) produces 91,311 Mg of SS per year. The 
above waste flows were taken from the reference year 2014.   
7.2.2 Case study areas 
The Australian local governments: Melton City Council (CASE 1) and Sutherland Shire 
Council (CASE 2) were used as case studies. CASE 1 is located on the outskirts of Melbourne 
with an area of 527.6 km2, a population of 122,909 people and 36,919 households serviced by 
weekly MGB collection. The nearby Melton wastewater treatment plant (CASE 1 WWTP) is 
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designed to treat wastewater equivalent to 145,000 people and treats primarily domestic 
wastewater, but also wastewater from local industry and commercial properties where 
licensed. CASE 2 is a local government of Sydney with an area of 333.6 km2, over 45% of which 
is national park. It has a population of 210,863 with kerbside collection of MGB servicing 
82,470 households. The local Cronulla wastewater treatment plant (CASE 2 WWTP) also treats 
primarily domestic wastewater and to a lesser extent industrial and commercial wastewater.  
7.2.3 System descriptions and Boundaries 
7.2.3.1 Business as usual 
Business-as-usual (BAU) represents the current manner in which both FW and SS is 
managed (see Figure 7-1). FW is discarded along with other organic and inorganic waste into 
kerbside collected MGB that is collected on a weekly basis and sent, by collection trucks, 
directly to landfill. The landfill extracts and exploits landfill gas (LFG) to generate electricity, 
which it exports to the national gird. A leachate collection and treatment system is also 
employed. SS is anaerobically digested at the local WWTP. Digestion produces biogas that 
powers a combined heat and power (CHP) generator and in turn, generates electricity and 
heat used on site. Digestion also produces digestate, which is dewatered and split into liquid 
supernatant and solid biosolids. Supernatant is returned to the head of the WWTP where it is 
treated along with inflow wastewater, whilst biosolids are transported to local farmers for 
application on land. 
7.2.3.2 Anaerobic co-digestion (AcoD) 
AcoD refers to the simultaneous treatment of source separated municipal food waste 
(ssFW) and SS in the same digester. The ssFW is placed into a dedicated kerbside collected 
mobile FW bin (MFB), which is collected weekly and sent to the local WWTP for pre-treatment 
and co-digestion. The existing MGB, void of ssFW, converts to a fortnightly collection and is 
sent to landfill, as per BAU. At the WWTP the FW undergoes a pre-treatment process to 
remove any material that may have an inhibiting effect on the digestion process, after which it 
is mixed with SS and co-digested. Similarly to BAU, the co-digestion process also generates 
electricity and heat via the combustion of biogas. The supernatant is returned to the head of 
the WWTP where it is treated along with inflow wastewater and the biosolids are applied to 
farmland.  
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Figure 7-1 –  System boundary of both systems 
7.2.4 Assessment methodology  
SimaPro 8.0 software and the well-established mid-point impact method CML-IA (version 
4.2) developed by the Centre of Environmental Science (CML-IA) of Leiden University in The 
Netherlands was used. There are no mid-point models yet developed for Australia. Therefore 
CML-IA was used as it is considered the best practice assessment method  for Australian 
conditions for the impact categories studied; abiotic depletion (ADP), fossil fuel depletion 
(FFDP), global warming potential (GWP), human toxicity (HTox), acidification (AP) and 
eutrophication (EP) (Renouf et al., 2016).  
7.2.4.1 System expansion and avoided products 
System expansion is prioritised over allocation as per the International Standard 
Organisation (ISO) 14044 ISO hierarchy for managing multi-functional processes. Therefore, as 
the current MGB collects a mixture of co-mingled waste streams (FW, inert waste, nappies, 
wood, paper etc.) expansion was employed in order to avoid the need to allocate multi-
functional processes to FW management alone. The system was also expanded to include SS 
treatment for the same reasons. The substitution method was applied in cases where biosolids 
or electricity was generated by waste management systems and the use of equivalent 
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products was avoided. In the case of biosolids, the subtracted process was synthetically 
producing and applying the equivalent quantity of N, K2O and P2O5 fertiliser in accordance with 
the mass of N, K and P available to plant life in biosolids respectively. Whilst for electricity 
generation the equivalent energy generation from the electricity grid (MJ) was subtracted 
from the impact.  
7.2.4.2 Carbon cycle 
Many solid waste LCA studies have included carbon sequestration as an environmental 
benefit (Laurent et al., 2014a). In this study carbon sequestered from organic wastes (FW, 
garden waste, paper and wood) in landfill or as digestate was not included in the baseline 
assessment, but was included as a credit (1 Mg of carbon stored = - 3.65 Mg of CO2) in a 
separate sensitivity analysis as per the ILCD guidelines (European Commission and Joint 
Research Centre Institute for Environment and, 2010). Carbon emissions deriving from the 
degradation of organic wastes have been considered as biogenic. Biogenic CO2 and CH4 air 
emissions have impact factors of zero and 22.25, whilst their non-biogenic impact factors are  
1 and 25 respectively (Solomon et al., 2007).  
7.2.4.3 Sensitivity and uncertainty analysis 
Sensitivity analysis was conducted focusing on variables and assumptions that have 
significant impact on the results. Monte Carlo simulation was employed to develop a 
probabilistic model of environmental impact using uncertainty data propagated through the 
use of the pedigree matrix (Weidema and Wesnaes, 1996).The pedigree matrix translates 
qualitative assessments of basic uncertainty and uncertainty pertaining to the reliability, 
completeness, age, geography, and technology of a data point into a square of the standard 
deviation (σ2). The σ2 for each data point was then used to generate a lognormal distribution 
for any given data point. Taking into consideration correlation, overall uncertainty of each 
system was compared by counting the number of runs AcoD’s impact was greater than BAU’s 
impact.  
7.2.5 Life cycle inventory 
7.2.5.1 Waste composition  
The contents of the MGB for this study were divided into eight waste streams; FW, garden 
waste (GW), paper and cardboard, wood, textiles, nappies, rubber and leather and other (inert 
wastes predominantly plastic, concrete, and metals). The biodegradability and key nutrient 
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characteristics of ssFW and GW as well as other wastes are crucial in determining the potential 
for air, water and soil pollution and the potential for reuse of digestate from AD processes. The 
ssFW and GW characteristics were average values based on literature sources, whilst other 
municipal solid waste streams have been characterised using Ecoinvent inventory data based 
on (Doka, 2003). Total solids (TS) and volatile solids (VS) of SS, Nitrogen and Phosphorous 
concentrations were measured at the two case study WWTPs with typical heavy metal 
contents determined using average values from literature. The characteristics of the organic 
waste streams can be found as Supplementary A.1.  
7.2.5.2 Kerbside collection 
In the collection process litres of diesel and trucks required were determined using the 
MSW-Collect model developed in (Edwards et al., 2016). The model incorporates the unique 
demography, geography and waste management logistics of the two local case studies. Once 
diesel was estimated Ecoinvent data was used for the air emission profile upon combustion, 
and Australasian LCI database was used for background data concerning the extraction and 
production of diesel for the Australian market (Australian Life Cycle Assessment Society 
(ALCAS), 2015). The quantity of waste collected by each kerbside bin was also modelled in the 
collection process. It was assumed that 59% of FW is correctly placed into the MFB, based on 
ssFW trials in Australia (Zero Waste SA, 2010).  The fraction of each waste category in the MGB 
and MFB for each case study and system is presented in Supplementary A.2. Plastic associated 
with the need for a new household MFB and kitchen caddy along with compostable bag liners 
were also inventoried.  
7.2.5.3 Treatment 
7.2.5.3.1 Food waste pre-treatment 
AcoD requires the pre-treatment of ssFW following its collection from the kerbside. In the 
pre-treatment step ssFW enters a pit where it is funnelled into a rotating trommel screen. 
Here large contaminants are removed. This is followed by iron removal, shredding and wet 
density separation that further removes contaminants of glass, grit and other inert material. 
Data for the pre-treatment process was obtained from literature sources (Bernstad et al., 
2013; Bolzonella et al., 2006; Buratti et al., 2015), where electricity use was 28.9 kWh/Mg of 
waste and water was 0.37 m3/Mg of waste. Water was assumed to be recycled from the wider 
WWTP operations. A rejection rate of 20.5% was used in which, 34.5% was classified as FW, 
54.9% as other, and 10.6% as paper. All rejected material was transported to landfill via truck 
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and discarded.  During pre-treatment the TS concentration of ssFW lowers by 23.3% as solid 
contaminants are removed. But volatile solids remain. Therefore the VS/TS ratio alters from 
0.88 to 0.91 (Bernstad et al., 2013).  
7.2.5.3.2 Digestion 
7.2.5.3.2.1 Sewage sludge digestion 
Both case study WWTPs are tertiary treatment plants adopting complete mix mesophilic 
digestion to treat SS. Digestate from the digester reactors is dewatered and separated into 
biosolids (solid fraction) and supernatant (liquid fraction). The CASE 2 WWTP uses a centrifuge 
that dewaters to an average concentration of 20.5% TS, whilst CASE 1 WWTP uses a belt-press 
to achieve 22.5% TS. A biofilter that collects and oxidises gases from digestate storage and 
dewatering is used at CASE 2 WWTP. Fugitive emissions of biogas were assumed from  
literature as 1% of biogas generated (A Bernstad and la Cour Jansen, 2012). In accordance with 
CASE 2 WWTP measurements 2% of biogas generated is sent to the flare and the remaining 
98% is sent to the CHP. Due to ongoing maintenance at the CASE 1 WWTP a site specific value 
for flare use was not available, and therefore the CASE 2 WWTP value was assumed.  
Inventory for the digestion of SS at both case study WWTPs was based on data averaged 
over a one year period, whereas for concentrations of heavy metals and nutrients, which were 
not routinely measured, were sourced from Ecoinvent data. The measured quantity of biogas 
generated at each WWTP was used to determine the mass of C, O, H, S and N in the feedstock 
transferred to biogas and digestate respectively, using volume to mass conversion of biogas at 
standard temperature and pressure, along with the assumption that biogas consisted of 60% 
CH4, approximately 40% CO2, and trace amounts of CO, H2S, N2O, NOx, SOx and H2O according 
to Ecoinvent emission factors (Heck, 2007). The mass of biogas generated is directly related to 
wet weight loss as described by the linear regression model in (Schievano et al., 2011) As such 
this model was used to validate measured digestate quantities. All other elements in the 
feedstock were assumed to be not present in the biogas, and therefore entirely transferred to 
the digestate. VS reduction for CASE 2 WWTP was 60.7% and for CASE 1 WWTP the value was 
49.4%. Concentrations of heavy metals in biosolids and supernatant as well as their quantities 
were calculated by multiplying concentrations in the digestate by Ecoinvent particulate and 
soluble factors, respectively (Doka, 2009a). Nutrient concentrations of N, P, K, S and C in 
biosolids and supernatant were calculated similarly too heavy metals, however were informed 
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by measured data. The established nutrient mass-balance was validated against literature 
(Bauer et al., 2009; Möller et al., 2010; Möller and Müller, 2012).     
7.2.5.3.2.2 Co-digestion of food waste and sewage sludge 
Co-digestion of FW and SS inventory was determined using a mass-balance as per Section 
7.2.5.3.2.1  where the mixture of FW (after pre-treatment) and SS form the feedstock. As the 
mass-balance is contingent on the amount of biogas generated; biogas generation was 
calculated using the method described by Equation 8 and Equation 9.   
 
Equation 8 – Specific biogs production for co-digestion   
𝑺𝑩𝑷𝑺𝑺,𝒙 × (𝟏 + 𝟎. 𝟑𝟓)  =  𝑺𝑩𝑷𝑺𝑺+𝑭𝑾,𝒙 
 
Equation 9 – Biogas generated   
𝑺𝑩𝑷𝑺𝑺+𝑭𝑾,𝒙  × 𝑽𝑺𝑺𝑺+𝑭𝑾 𝒂𝒅𝒅𝒆𝒅,𝒙 = 𝑩𝒊𝒐𝒈𝒂𝒔 𝒈𝒆𝒏𝒆𝒓𝒂𝒕𝒆𝒅𝒙 
 
Whereby; 𝑆𝐵𝑃𝑆𝑆,𝑥 is the specific biogas production (SBP) from SS at the wastewater 
treatment plant, x, in m3 of biogas/kg of VS added,  35% is the average increase of SBP for co-
digesting FW and SS when compared with digesting SS as a single feedstock, based on pilot and 
full scale examples (Bolzonella et al., 2006; Cavinato et al., 2013; Gómez et al., 2006; Kim et al., 
2003; la Cour Jansen et al., 2004; Liu et al., 2013; Zupančič et al., 2008), 𝑆𝐵𝑃𝑆𝑆+𝐹𝑊,𝑥 is the SBP 
of co-digesting SS and FW at WWTP, x, and 𝑉𝑆𝑆𝑆+𝐹𝑊 𝑎𝑑𝑑𝑒𝑑,𝑥 is the quantity of VS to be added 
to the co-digester at WWTP, x in one year.   
Knowing the quantity of biogas generated enables the estimation of the quantity of 
digestate as well as VS removal as per Section 7.2.5.3.2.1. VS reduction for co-digestion was 
81.87% for CASE 2 WWTP and 66.8% for CASE 1 WWTP. The wet weight of biosolids and 
supernatant was determined using the solids capture rate of the dewatering mechanism 
(91.5%) multiplied by the quantity of TS in the digestate. This was then multiplied by the TS 
content of the final biosolids cake 20.5% and 22.5% for Cronulla and Melton WWTP, 
respectively.  The proportion of nutrients and heavy metals that flow to either supernatant or 
biosolids was determined by the same method applied in the SS digestion described in Section 
7.2.5.3.2.1. A summary of key inventory data for AD for SS as a single feedstock and the co-
digestion of FW and SS processes can be found in Table 7-1. 
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Table 7-1 –  Summary of inventory for digestion and co-digestion 
(all quantities are 1 Mg-1 of substrate added to the digester)  
Flow category Flow Units  
(1 Mg-1 of 
substrate wet 
weight) 
BAU (SS only) AcoD (SS + FW) 
CASE 1 CASE 2 CASE 1 CASE 2 
Fugitive air 
emissions 
CH4 kg 8.21E-02 1.23E-01 1.57E-01 1.95E-01 
 
CO2 kg 1.51E-01 2.25E-01 2.88E-01 3.58E-01  
N2O kg 2.93E-05 4.38E-05 5.61E-05 6.69E-05  
NMVOC kg 5.85E-05 8.75E-05 1.12E-04 1.39E-04 
Valuable 
materials 
Biogas to power m3 2.05E+01 3.07E+01 3.93E+01 4.87E+01 
 
Biogas to flare m3 4.18E-01 6.26E-01 8.02E-01 9.94E-01  
Biosolids  kg 1.27E+02 1.11E+02 1.27E+02 9.42E+01 
Water emissions Supernatant 
generated 
m3 8.49E-01 8.54E-01 8.28E-01 8.50E-01 
Energy required Electricity kWh 1.54E+01 1.67E+01 1.54E+01 1.67E+01 
 
Natural gas GJ 2.61E-02 2.61E-02 2.61E-02 2.61E-02 
Materials Polyacrylamide 
(Polymer) 
kg 4.29E-01 3.30E-01 4.29E-01 3.30E-01 
 
Wood chips kg 1.81E-06 1.81E-06 1.81E-06 1.81E-06 
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7.2.5.3.3 Treatment of digester supernatant  
The supernatant from dewatering for both digestion of SS as a single feedstock and co-
digestion of FW and SS is returned to the head of the WWTP. Its treatment and eventual 
discharge was modelled using the local WWTP data, for COD and TN removal whereas, P and S 
as well as the speciation of N into NH4, NO3, NO2 and N-org was based on Ecoinvent data 
(Doka, 2009a). It was assumed that the concentration of heavy metals in the supernatant 
remained the same through treatment and was then discharged to the environment. Energy 
and materials use was obtained from case study WWTP data with the inventory presented in 
Table 7-2. 
Table 7-2 –  Summary of inventory for digester supernatant  
(all units are for 1 Mg-1 of supernatant) 
Flow category Flow Units 
 (1 Mg-1 of 
supernatant) 
BAU AcoD 
CASE 1 CASE 2 CASE 1 CASE 2 
Water emissions COD kg 4.06E-01 1.21E-01 4.10E-01 1.21E-01 
 
NH4-N kg 5.88E-01 4.79E-01 6.47E-01 4.88E-01  
NO3-N kg 7.38E-01 6.02E-01 8.73E-01 6.59E-01  
NO2-N kg 1.35E-02 1.10E-02 1.05E-02 7.90E-03  
N-Part kg 3.32E-02 2.70E-02 3.77E-02 2.80E-02  
PO4-P kg 1.71E-01 2.04E-01 1.77E-01 2.03E-01  
SO4-S kg 2.08E-01 2.49E-01 2.05E-01 2.42E-01 
Air emissions N2O kg 1.17E-03 9.51E-04 1.29E-03 9.70E-04 
Energy and 
materials 
Electricity kWh 4.20E-01 4.20E-01 4.20E-01 4.20E-01 
 
Alum kg 1.39E-02 1.39E-02 1.39E-02 1.39E-02 
7.2.5.3.4 Landfill 
The LCI for landfilling required the differentiation of landfill air, water and soil emissions as 
well as LFG production according to waste streams. This was impractical to measure at the 
case study landfills as waste is deposited as one mixed mass and waste may take many 
decades, even centuries to degrade. Therefore, a model was used to determine the 
environmental impact of the different waste streams. LFG generation was modelled using the 
first order decay method (Pipatti et al., 2006) widely used in Australia and globally to report 
greenhouse gas emissions from landfills (Department of the Environment, 2014b). LFG was 
calculated for each classified waste stream on a yearly basis for a period of 100 years. Air 
emissions other than the pollutants CO2 and CH4, including N2O, PM2.5, CO, NOx, Butane, and 
other volatile organic compounds  were calculated using the quantity of methane generated 
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and emission factors in accordance with USA EPA’s Landfill gas emissions model (LandGEM) 
(EPA USA, 2005). 
LFG collection infrastructure was assumed to be operational for 40 years after the original 
depositing of waste where; for the first 30 years LFG is sent to a generator producing 
electricity, the following 10 years LFG is flared, and for the remaining 60 years no collection of 
LFG occurs and it is emitted to air. This infrastructure operation timeline is similar to previous 
studies (Damgaard et al., 2011; Pickin et al., 2010).The efficiency of LFG collection 
infrastructure (Colleff) was modelled on the operations of the case study landfills, whereby 
temporary capping and piping infrastructure of the tip face occurs for the first year (collection 
efficiency, 𝑅𝑡𝑡𝑒𝑚𝑝 was 0.5 (Barlaz et al., 2009)), followed by a permanent cap that is frequently 
maintained over the 40 year life of the infrastructure (collection efficiency,  𝑅𝑡𝑝𝑒𝑟𝑚 was 0.8 
(Barlaz et al., 2009; Xue and Liu, 2013)). Leachate is collected and treated in both case study 
landfills; however the quantity of leachate and the characteristics of the pollutants at each 
landfill were not known, nor divided into waste streams. Therefore the quantity of leachate 
generated (𝐿𝑔𝑒𝑛) over the 100 year timespan ( L/Mg) was calculated using the leachate model 
developed by Camba et al. (2014) (Equation 10) and adapted to the local conditions, specific to 
the landfills in the case studies. 
Equation 10 – Leachate model  
 𝐋𝐠𝐞𝐧 = 𝐏 +  𝐔𝐰 − 𝐀𝐄𝐓 − 𝐑𝐎  
 
Where, 𝑃 is the average rainfall (local data see Supplementary C.1.), 𝑈𝑤 is the incoming 
moisture from the deposited waste (default value of 3.7mm used (Camba et al., 2014)), 𝐴𝐸𝑇 is 
the loss of water through evapotranspiration, and 𝑅𝑂 is runoff water, where for years 0-2, 3-
24, and 35-100 𝑅𝑂 is 0.15, 0.2, 0.3, respectively. 𝑅𝑂 changes with time to represent 
alterations in the landfill topography characterising a progressive decrease in the permeability 
of the surface soil, meaning less rainfall seeps into the underlying waste matrix; from 
cultivated land with steep slope, to clay and soil capped land, and ending with plant and 
woodland cover. The pollutants in the leachate specific to each waste stream were determined 
according to the method described in (Doka, 2009b). 
A summarised inventory for the landfill process is presented in Table 7-3 . Energy, 
electricity and diesel, use was measured onsite. Data for materials use including water, soil 
 Joel Edwards – PhD Thesis   Chapter 7—167 of 271 pages 
 
cover, polymer and chemical treatment was collected from the case study landfills and values 
validated according to results from (Righi et al., 2013).  
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Table 7-3 –  Summary of inventory for landfill process  
(all quantities are 1 Mg-1 of the respective waste) 
Flow 
category 
Flow Units 
(1 Mg-1 
of 
waste) 
Amount according to waste type and landfill 
CASE 1 CASE 2 
FW Paper GW Nappi
es 
Other Rubber 
& 
Leather 
Textil
es 
Wood FW Paper GW Napp
ies 
Other Rubber 
& 
Leather 
Textil
es 
Wood 
Air 
emissions 
CH4 kg 18.9 40.6 25.7 27.1 5.93 44.0 16.3 31.8 16.5 32.9 19.8 27.1 5.93 35.7 13.2 29.5 
CO2 kg 57.7 124 78.6 82.9 18.1 135 49.7 97.0 50.4 100 60.4 82.9 18.1 109 40.2 90.3 
Valuable 
materials 
CH4 to 
power 
kg 46.8 68.6 54.1 45.7 14.7 74.3 27.4 28.7 53.7 81.5 65.2 45.7 14.7 88.3 32.6 37.7 
CH4 to 
flare 
kg 4.29 9.95 6.26 6.64 1.35 10.8 4.00 6.43 0.19 7.48 2.24 6.6 1.35 8.10 2.99 6.81 
Carbon 
stored 
kg 11.6 204 117 102 81.0 182 159 305 0.00 159 89.5 56.2 62.5 149 133 284 
Water 
emissions 
Leachate 
generated 
L 1644 1644 1644 1644 1644 1644 1644 1644 3217 3217 3217 3217 3217 3217 3217 3217 
COD kg 1.65 1.02 0.25 0.43 0.16 0.78 0.59 0.03 2.41 2.10 0.82 1.41 0.54 1.60 1.21 0.08 
Total N kg 3.39 0.17 0.26 0.09 0.09 0.45 2.39 0.01 6.34 0.36 0.12 0.29 0.31 0.93 4.94 0.02 
Total P kg 0.16 
 
0.02 
 
0.01 0.04 
  
0.30 
 
0.06 
 
0.03 0.08 
  
SO4 kg 0.16 0.11 0.02 0.02 0.02 0.08 0.13 1.58E-03 0.30 0.22 0.08 0.07 0.06 0.17 0.26 3.75E-03 
Lead kg 2.85E-
06 
2.45E
-04 
1.85E-
06 
5.39E
-06 
9.57E
-05 
4.56E-
04 
 
9.42E-06 5.31E
-06 
8.10E
-05 
6.10E
-06 
7.11E
-06 
3.15E
-04 
9.39E-
04 
 
2.24E-05 
Copper kg 4.34E-
06 
3.31E
-05 
1.13E-
06 
1.04E
-06 
6.40E
-05 
3.00E-
04 
 
1.71E-07 8.10E
-06 
6.80E
-05 
3.71E
-06 
3.44E
-06 
2.11E
-04 
6.29E-
04 
 
4.06E-07 
Chromium kg 7.92E-
06 
2.93E
-05 
1.44E-
06 
 
9.31E
-05 
4.43E-
04 
  
1.48E
-05 
6.05E
-05 
4.74E
-06 
 
3.07E
-04 
9.13E-
04 
  
Energy  Diesel L 1.20 1.20 1.20 1.20 1.20 1.20 1.20 1.20 1.10 1.10 1.10 1.10 1.10 1.10 1.10 1.10 
Electricity kWh 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 2.80 
Materials Soil Mg 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 0.25 
Water L 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 16.9 
NaOH kg 15.7 15.7 15.7 15.7 15.7 15.7 15.7 15.7 30.0 30.0 30.0 30.0 30.0 30.0 30.0 30.0 
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7.2.5.3.5 Land application of Biosolids 
Biosolids from the dewatering of SS digestion or co-digestion at the WWTP was assumed 
to be transported by a 32 Mg truck that travels on average 50 km from the WWTP to local 
farmland where the biosolids are applied directly to animal or forest pasture according to 
regulation. Diesel usage was considered to be 0.14 L/km considering laden and empty 
movements (Sharma and Campbell, 2007). The biosolids applies nutrients to agricultural land 
to benefit its productivity. The quantity of N, P and K in biosolids determined by the mass 
balance was multiplied by an ‘availability’ factor. Nitrogen availability is 40% whilst P and K are 
considered to be 100% available to plants over the 100 year time frame (Sharma and 
Campbell, 2007). Air emissions of CO2, are inventoried, as well as elements that are leached to 
the soil. The emission factors are based on the Recycled Organics Unit Inventory for the land 
application of compost in Australia (Sharma and Campbell, 2007). Carbon that is not emitted 
to the air or leached to water was considered sequestered in the corresponding sensitivity 
analysis and becomes a credit for the process, otherwise no credit will be received. Emissions 
of N to air, soil and water from biosolids land application are assumed to be the same as N 
emissions from synthetic fertiliser application and therefore when subtracting the emissions as 
per the extended boundary the overall N emissions would be zero. Emissions of N were 
inventoried however (see Table 7-4) for use in the latter sensitivity analysis which removes any 
credits received by offsetting fertiliser.  
Table 7-4 –  Summary of inventory for biosolids land application  
 (units are 1 Mg-1 of biosolids) 
Flow category Flow Units  
(1 Mg-1 of 
biosolids) 
BAU AcoD 
CASE 1 CASE 2 CASE 1 CASE 2 
Water emissions N leached kg 5.75E-02 2.62E-01 6.21E-02 3.16E-01 
Air emissions CO2 kg 2.56E+02 2.12E+02 2.95E+02 2.20E+02  
N2O kg 1.26E-01 5.76E-01 1.37E-01 6.94E-01  
NH3 kg 2.62E-01 1.19E+00 2.83E-01 1.44E+00 
Soil emissions N kg 7.90E-01 3.60E+00 8.54E-01 4.34E+00 
 
S kg 2.37E+00 3.25E+00 2.27E+00 3.70E+00 
 
As kg 9.40E-04 1.30E-03 8.00E-04 1.40E-03 
 
Cd kg 6.60E-04 9.10E-04 5.60E-04 9.80E-04  
Hg kg 1.05E-03 1.44E-03 8.80E-04 1.55E-03 
 
Pb kg 6.19E-02 8.49E-02 5.22E-02 9.12E-02 
Valuable material N fertiliser eq. kg 1.15E+00 5.24E+00 1.24E+00 6.31E+00  
K2O fertiliser eq. kg 8.73E-01 1.20E+00 1.99E+00 2.24E+00  
P2O5 fertiliser eq. kg 9.08E+00 1.25E+01 9.20E+00 1.46E+01 
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 C stored kg 2.48E+01 3.41E+01 7.25E+01 7.05E+01 
Energy Diesel (transport) L 5.30E-01 5.30E-01 5.30E-01 5.30E-01  
Diesel (land 
application) 
L 9.40E-01 9.40E-01 9.40E-01 9.40E-01 
7.2.5.4 Biogas and LFG use 
The CHP unit is responsible for converting the biogas sent from AD and AcoD processes 
into electricity. It also generates air emissions in the process. The air emission factors are 
based on Heck (2007) and the electricity efficiency was calculated from operational data CASE 
2 WWTP’s 835 kW CHP unit. Heat generated is used for maintaining digesters at the required 
operational temperature. Electricity generated is used onsite for wider WWTP operations and 
was credited with offsetting electricity generated by the grid mix with grid mix data provided 
by Australasian Unit Process LCI (see Supplementary D.1). Materials used were measured at 
CASE 2 WWTP, whilst infrastructure data comes from Ecoinvent. A proportion (2%) of biogas 
received is flared during times of maintenance or inactivity according to observations. Flared 
biogas attracts its own emission factors as per (Doka, 2009a).  
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7.3 Results and discussion  
The environmental impact of the two waste management systems for each case study is 
detailed in Table 7-5. The contributions of key processes to the overall impact are depicted in 
Figure 7-2. Results in the positive are deemed environmental impacts, whilst results in the 
negative direction are environmental benefits. The overall net impact is denoted by a black 
rectangle.  The key processes labelled are; the land application of digestion biosolids (LandApp 
Biosolids), electricity generation from the combustion of digestion biogas (Elec. Gen. AD), 
electricity generation from the combustion of LFG at the landfill (Elec. Gen. LFG), the pre-
treatment of FW before co-digestion (Pre-treatment), the process of digestion occurring at the 
WWTP (WWTP AD), the process of landfilling waste (Landfill), and the kerbside collection and 
transport of waste to treatment (Collection). From the results it is clear that AcoD shows the 
best result for each impact category across both case studies, excluding for HTox.  
Table 7-5 –  Total environmental impact of the systems BAU and AcoD for both case 
studies  
Impact category Units  
(per functional 
unit) 
CASE 1 CASE 2 
BAU AcoD BAU AcoD 
Abiotic depletion (ADP) kg Sb eq a -9.61E-02 -1.49E-01 -4.76E+00 -5.29E+00 
Fossil fuel depletion (FFDP) MJ -1.77E+07 -2.53E+07 -1.19E+08 -1.42E+08 
Global warming potential 
(GWP)  
kg CO2 eq 9.25E+06 6.54E+06 1.21E+07 6.36E+06 
Human toxicity (HTox) kg 1,4-DB eq b 1.71E+06 1.84E+06 9.21E+06 9.96E+06 
Acidification (AP) kg SO2 eq -1.79E+04 -2.35E+04 -6.64E+04 -7.68E+04 
Eutrophication (EP) kg PO4 eq 3.33E+04 2.08E+04 3.07E+05 2.12E+05 
a kg Sb eq is the reference unit for abiotic depletion measured in kg of antimony – based on current 
rates of economic reserves and the rate of de-accumulation of an abiotic element. b kg 1-4 DB eq is the 
reference unit for human toxicity expressed in kg of 1,4 dichlorobenzene equivalent 
7.3.1 Mid-point analysis 
7.3.1.1 Abiotic depletion 
ADP refers to the avoided use of non-renewable resources excluding fossil fuels. The total 
system impact for ADP depicted in Table 7-5 shows the system with the least ADP impact was 
AcoD for both the CASE 1 and CASE 2. In both systems and in both case studies the impact was 
negative suggesting a net benefit to the environment. The net benefit arose from the 
application of biosolids to land which replaced synthetically produced commercial fertilisers. 
Synthetically produced fertiliser like P2O5 requires the use of non-renewable resources 
 Joel Edwards – PhD Thesis   Chapter 7—172 of 271 pages 
 
 
primarily phosphorous ore. Non-renewable resources like gold, zinc and copper are also used 
to produce the infrastructure of a fertiliser production plant. In both systems biosolids were 
generated from the digestion of SS and offset synthetic fertiliser. Therefore both systems by 
offsetting the above use of non-renewable resources incurred a net benefit for Ab. 
In the AcoD system there was a larger mass of N and P in the biosolids introduced by FW 
that enabled a larger quantity of synthetically produced fertiliser to be offset. The reduction in 
the need for phosphorous ore did not have as big of an influence as the reduction in a need for 
gold, zinc and copper for infrastructure, as phosphorous ore has a low impact factor according 
to CML-IA due to economic extraction being relatively plentiful compared with other non-
renewable elements.  Despite an overall benefit, there were still processes with an ADP 
impact. WWTP AD, provided between 66.0% and 77.8% of ADP impact. This impact was largely 
because of raw materials required for the production of; 1) synthetic polymer used at the 
WWTP to aid dewatering, and 2) infrastructure associated with the WWTP.  
7.3.1.2 Fossil fuel depletion 
The environmental impact category fossil fuel depletion (FFDP) refers to the use of non-
renewable fossil fuels. Both systems were shown to have a net-benefit with AcoD deemed to 
be the system with the greater benefit. The largest contributing processes that increased the 
impact of FFDP were Collection, Landfill, WWTP AD and Pre-treatment. The processes that 
supplied the benefit for FFDP were Elec. Gen. AD, Elec. Gen LFG and LandApp Biosolids. The 
contribution of processes for FFDP was reliant on the electricity consumption or generation of 
the process, with any process that involved large generation of electricity had a significant 
benefit, whilst if a process used a large amount of electricity it made an FFDP impact. This is 
because the electricity generation mix operating in both case studies is largely dependent on 
energy from black or brown coal (see Supplementary D.1). This consequently means that FFDP 
can act as a useful proxy for the net-energy demand of a system, and in doing so, it can be 
inferred that in both case studies AcoD is the more efficient system at recovering energy. 
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Figure 7-2 –  Environmental impacts with key process contribution (per functional unit)
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7.3.1.3 Global warming potential 
GWP is a well-known impact category quantifying the gaseous emissions that contribute to 
climate change. AcoD outperformed BAU across both case studies for GWP. The total GWP of AcoD 
was 70.7% and 52.7% of the impact of BAU for CASE 1 and CASE 2, respectively. This was largely 
attributable to landfill fugitive air emissions stemming from FW, with the contribution of Landfill in 
the AcoD system reduced by approximately 20% when compared to BAU.  Less Landfill emissions 
equated to a saving for CASE 1 of 2.90 Gg of CO2-eq and for CASE 2 of 4.91 Gg of CO2-eq. Credits for 
offsetting electricity also ensured AcoD outperformed BAU. The Collection process played a minor 
role in GWP across systems and across case studies; from between 3.9% to 6.6% of the impact. 
WWTP – AD added 6.7% to 13.3% of the GWP impact and when Pre-treatment was used in the AcoD 
system, it contributed 6.6% and 5.5% of total GWP, respectively, for CASE 1 and CASE 2 to GWP 
impact.  
7.3.1.4 Human Toxicity 
The environmental impact category HTox quantifies the potential harm to human beings that 
chemicals or substances released to the environment may have. In the baseline results BAU was 
found to have the least impact when compared to AcoD. The Landfill and Collection processes had a 
significant effect on HTox impact. The impact of Landfill was generally the same across both systems 
as it is primarily paper waste and wastes other than FW that contributed to the critical pollutants 
emitted as leachate i.e. mercury or lead. As the same quantities of these wastes are landfilled in 
both systems there is little difference. The only difference being that some of the impact seen in 
Figure 7-2 is attributed to the pre-treatment process, as it is responsible for removing contaminants 
from FW and then subsequently disposing of them into landfill. The greatest contributing process to 
HTox was LandApp Biosolids where heavy metals deposited to agricultural soils were the prime 
reason for the impact. Under the HTox CML-IA impact assessment factors, toxic substances applied 
to agricultural land receive a higher impact factor. Hence despite the small amount of toxic 
substances added to the biosolids in the AcoD process by digesting FW as well as SS, substances 
have a far greater effect than if going to landfill where they eventually contributed to groundwater 
pollution. It is important to note however that the biosolids applied to land, both in the BAU and 
AcoD systems, have heavy metal concentrations below the maximum allowable levels deemed safe 
for land application (EPA NSW, 2000; EPA Victoria, 2004).   
7.3.1.5 Acidification 
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Acidification potential (AP) refers to emissions that are acidifying substances that cause a wide 
range of impacts to surface water bodies, soil, buildings etc. AP for both systems had a net benefit to 
the environment, with AcoD showing the greatest benefit for both case studies. This was due to a 
greater amount of electricity generation and thus a greater credit achieved from offsetting coal 
derived electricity. Coal derived electricity was a strong contributor to NOX and SOX air emissions, 
two key AP emissions. The offsetting of N and P synthetic fertiliser production also played a minor 
role in reducing acidification impacts.  
7.3.1.6 Eutrophication 
In terms of EP, which represents impacts brought about by excess nutrients in the environment, 
all systems had an overall impact. BAU consistently showed the greater impact, when compared to 
AcoD. Landfill was the greatest contributing process to EP. Within the Landfill process untreated 
leachate from landfilled FW was the most significant contributor to EP, as well as untreated leachate 
from GW, paper and other waste. Untreated leachate has a relatively large concentration of N and P 
which enters the groundwater and the water cycle potentially leading to excess nutrients. The 
treated leachate also made an impact, although as 85% of N and 40% of P were assumed to be 
removed in the leachate treatment step, its contribution was lessened. In the AcoD system, as most 
FW was treated by co-digestion and thus diverted from the landfill process, the emissions of N and P 
in landfill leachate decreased, but consequently, the impact of the WWTP AD process increased 
slightly. This is because after the co-digestion of SS and FW, a fraction of the N and P is transferred 
to both the biosolids and the supernatant. The supernatant is then treated by the WWTP and 
discharged to the environment in compliance with environmental agency applied discharge licenses. 
In Figure 7-2 it is clear that the contribution of the WWTP AD process is much greater for CASE 2 
than for CASE 1 and this is due to more stringent N removal requirements at CASE 1 WWTP, which 
discharges to an inland river system. The Pre-treatment process was also found to have a small 
impact on EP and this is due to the landfilling of rejected material, which in turn generated leachate 
at the landfill.  
7.3.2 Sensitivity analysis 
7.3.2.1 Carbon storage 
Sequestering biogenic C can make a significant impact on GWP as credits are received for the 
amount of C remaining in soil, as shown by previous studies of waste management LCA (Evangelisti 
et al., 2014; Smith et al., 2001). Results showed that when including GWP credits for biogenic C 
sequestered in landfill and biosolids applied to land both systems were found to have a significant 
 Joel Edwards – PhD Thesis   Chapter 7—176 of 271 pages 
 
 
reduction. BAU’s GWP reduced by 41.1% and 58.8% for CASE 1 and CASE 2 respectively. AcoD GWP 
reduced by 56.0% from the baseline result for CASE 1. Whilst AcoD for CASE 2 showed the greatest 
change becoming a net benefit for the environment with a total of -7.55E5 kg of CO2-eq (see Figure 
7-3).These results display a similar trend to other published results on the effect of C sequestration 
to GWP (Buratti et al., 2015; Evangelisti et al., 2014; Smith et al., 2001). 
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Figure 7-3 –  Results for the three sensitivity analysis 
A) accounting for biogenic carbon sequestration, B) no accounting for credits obtained by 
offsetting electricity or synthetic fertiliser, and C) the use of average data modelling the 
collection rate of LFG  
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-5.00E+06 0.00E+00 5.00E+06 1.00E+07 1.50E+07
Case 1
Case 2
GWP (kg of CO2-eq.)
A) - Accounting for biogenic carbon stored 
AcoD - C Stored
AcoD (Baseline)
BAU - C stored
BAU (Baseline)
0.00E+00 1.00E+07 2.00E+07 3.00E+07 4.00E+07
Case
1
Case
2
GWP (kg of CO2-eq.)
B) - No credits for offsetting energy or fertiliser
AcoD - No offset
AcoD (Baseline)
BAU - No offset
BAU (Baseline)
0.00E+00 1.00E+07 2.00E+07 3.00E+07 4.00E+07 5.00E+07
Case
1
Case
2
GWP (kg of CO2-eq.)
C) - Use of the average performing landfill for each jurisdiction 
AcoD - Average
Landfill
AcoD (Baseline)
BAU - Average Landfill
BAU (Baseline)
 Joel Edwards – PhD Thesis   Chapter 7—178 of 271 pages 
 
 
Baseline results for all categories excluding EP were significantly influenced by the credits 
received for offsetting electricity and fertiliser generation. Credits are received from any electricity 
added to the grid or fertiliser added to land, as these products were assumed to offset respective 
products previously generated by raw sources in accordance to the market mix. These credits were 
granted because local demand for both electricity and fertiliser is growing (Food and Agriculture 
Organization of the United Nations, 2015), therefore there is a need to increase supply and the 
market was considered to be able to accept new suppliers. However, to test the influence of this 
assumption the converse case was considered by removing any electricity credits and assuming a 
saturated, contracting market where electricity generated is used on site only, but does not displace 
any grid electricity. Biosolids were also assumed not to displace synthetic fertiliser in the market and 
instead complement its use. Results from the sensitivity analysis showed that for the environmental 
impact categories ADP, FFDP and AP BAU became the more favourable system than AcoD across 
both case studies. Although for ADP and FFDP the favourability was by a small margin with BAU 
being better by no more than 12.9% for ADP and 8.5% for FF. AcoD for both case studies continued 
to be the most favourable for the categories of GWP and EP, whilst BAU was still the more 
favourable for HTox. Total impact quantities are shown in Table 7-6. 
7.3.2.3 Landfill gas capture rate 
The baseline results showed that the electricity generation (at the landfill and WWTP) were 
crucial contributors to most environmental impact categories. The magnitude of the contribution 
was reliant on the amount of LFG and biogas captured. The CH4 capture efficiency (R) modelled was 
dependent on a number of assumptions pertaining to the collection infrastructure, principally the 
values for Rttemp and Rtperm. Landfills modelled in the baseline results were considered best 
practice landfills with a high rate of LFG capture. However the average LFG capture efficiency across 
landfills in each case studies jurisdiction is much less. Using a sensitivity analysis the value of R was 
altered to the value for R in the average performing landfill in each case studies jurisdiction. For 
CASE 1, R was 0.45 (down from the baseline value of 0.71) whilst for CASE 2 this was 0.37 (0.74 being 
the baseline). Results showed that GWP rose significantly when using the average LFG capture rate; 
approximately doubling for both the BAU and AcoD systems in CASE 1. The increase was even more 
significant for CASE 2, rising from 1.2E7 to 4.4E7 kg of CO2-eq. for BAU, whilst AcoD demonstrated 
the biggest rise from the baseline 6.4E6 kg of CO2-eq. to 3.2E7 kg of CO2-eq. when using the average 
LFG capture rate. The changes were due to greater fugitive emissions from landfill as well as a 
subsequent smaller amount of landfill electricity generated. ADP, FFDP and AP also changed due to 
the lesser amount of environmental credits received from lower electricity generation.  
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7.3.2.4 Specific biogas production 
The specific biogas production rate for AcoD was based on the literature sourced value that 
there will be a 35% increase in SBP of the current WWTP digesters. A series of sensitivity analysis 
were undertaken to check the influence of a range of SBP values from; a decrease of 25% of the 
existing SBP at each WWTP, which models a situation in which the co-digestion of FW and SS was 
less effective at generating biogas than simply digesting SS as a single feedstock (a situation not 
recorded in the literature), 0%, where there was no increase and SBP remains the same, and for 25% 
and 50%, whereby SBP is increased.  
It can be seen in Figure 7-4 that for every increase of 50 m3 of biogas there was a 2.5% decrease 
in GWP as a percentage of BAU (-0.23 Gg of CO2-eq) for CASE 1. In the case of CASE 2 this was higher, 
showing a 6.0% decrease of GWP as a percentage of BAU (-0.71 Gg of CO2-eq).  
It is important to note that SBP is limited by the amount of VS available in the FW and SS 
feedstock. If full degradation of VS was to occur this would equate to an SBP of 893 m3/Mg of VS. 
This sensitivity analysis also shows that if SBP remains the same for co-digestion as when digesting 
only SS, AcoD had 78.5% and 74.8% of BAU GWP for CASE 1 and CASE 2 respectively. If SBP is 
reduced by 25%, AcoD still remains the better waste management system for both case studies. 
Other categories of ADP, FFDP and AP followed similar patterns to GWP as electricity generation 
contributes significantly to these impact categories, whilst HTox and EP showed no significant 
change under this sensitivity.  
7.3.2.5 Food waste sorting efficiency 
The final sensitivity concerns the sorting efficiency of FW into the MFB at the household. The 
sorting efficiency dictates the quantity of FW placed correctly into the MFB and sent to AcoD. The 
baseline assumption was 59.0% of FW being sorted correctly. This assumption was tested by 
increasing the sorting efficiency by 20% to the maximum rate achieved in ssFW trials  (Zero Waste 
SA, 2010), and increasing the sorting efficiency by 40%, to values approaching well-functioning 
sorting efficiencies for source separation of metal, plastic and paper kerbside recycling (Perrin and 
Barton, 2001). Results for the increase in sorting efficiency showed an improvement across all 
impact categories. The most significant improvement was seen when increasing FW sorting by 40%; 
GWP decreased from AcoD’s baseline by 21.6% and 24.5% for CASE 1 and CASE 2 alike. As depicted 
in Figure 7-4  these results show that 40% higher sorting efficiencies at the household could 
significantly better the results of AcoD, increasing savings of CO2-eq compared to BAU for CASE 1 
and CASE 2, respectively - by no less than 13%. 
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Figure 7-4 –  GWP of AcoD system for different specific biogas production (SBP) rates and 
food waste sorting efficiency rates 
 
Table 7-6 –  Results across environmental impact categories for select sensitivit ies 
Category Case 
Study 
Scenario Base  No offset  Average 
landfill gas 
capture 
Specific 
biogas 
production 
(+0%)  
Food 
waste 
sorting 
y = -0.0005x + 1.0088
y = -0.0012x + 1.3823
0%
10%
20%
30%
40%
50%
60%
70%
80%
90%
100%
0 100 200 300 400 500 600 700 800 900
G
W
P
 a
s 
%
 o
f 
B
A
U
SBP (m3 of biogas/Mg of VS added)
Specific biogas production sensitivity results (GWP) 
Baseline (Case 2) 
Baseline (Case 1) 
y = -0.666x + 1.1011
y = -0.5583x + 0.8551
0%
10%
20%
30%
40%
50%
60%
70%
80%
90%
100%
0.4 0.5 0.6 0.7 0.8 0.9
%
 o
f 
B
A
U
 G
W
P
 
FW sorting efficiency
Food waste sorting efficiency sensitivity results (GWP)
MCC SSC Linear (MCC) Linear (SSC)
Baseline (Case 2) 
Baseline (Case 1) 
 Joel Edwards – PhD Thesis   Chapter 7—181 of 271 pages 
 
 
efficiency 
(+40%) 
Abiotic depletion CASE 1 BAU -9.61E-02 6.68E-01 -9.34E-02 - - 
  AcoD -1.49E-01 7.54E-01 -1.53E-01 -1.04E-01 -1.82E-01 
 CASE 2 BAU -4.76E+00 2.09E+00 -4.54E+00 - - 
  AcoD -5.29E+00 2.20E+00 -5.12E+00 -5.03E+00 -5.49E+00 
Abiotic depletion (fossil fuels) CASE 1 BAU -1.77E+07 1.40E+07 -1.67E+07 - - 
  AcoD -2.53E+07 1.52E+07 -2.66E+07 -1.68E+07 -3.21E+07 
 CASE 2 BAU -1.19E+08 4.24E+07 -6.68E+07 - - 
  AcoD -1.42E+08 4.29E+07 -1.02E+08 -1.10E+08 -1.43E+08 
Global warming (GWP) CASE 1 BAU 9.25E+06 1.23E+07 1.65E+07 - - 
  AcoD 6.54E+06 1.04E+07 1.17E+07 7.27E+06 5.12E+06 
 CASE 2 BAU 1.21E+07 2.88E+07 4.41E+07 - - 
  AcoD 6.36E+06 2.55E+07 3.16E+07 9.04E+06 4.80E+06 
Human toxicity (HTox) CASE 1 BAU 1.71E+06 1.84E+06 1.75E+06 - - 
  AcoD 1.84E+06 2.00E+06 1.86E+06 1.87E+06 1.72E+06 
 CASE 2 BAU 9.21E+06 9.90E+06 9.46E+06 - - 
  AcoD 9.96E+06 1.01E+07 9.52E+06 9.41E+06 9.35E+06 
Acidification (AP) CASE 1 BAU -1.79E+04 7.11E+03 -1.72E+04 - - 
  AcoD -2.35E+04 8.43E+03 -2.46E+04 -1.76E+04 -2.69E+04 
 CASE 2 BAU -6.64E+04 3.90E+04 -3.95E+04 - - 
  
AcoD -7.68E+04 4.39E+04 -5.60E+04 -6.19E+04 -7.69E+04 
Eutrophication (EP) CASE 1 BAU 3.33E+04 3.46E+04 3.34E+04 - - 
  
AcoD 2.08E+04 2.37E+04 2.08E+04 2.09E+04 2.21E+04 
 
CASE 2 BAU 3.07E+05 3.36E+05 3.09E+05 - - 
  
AcoD 2.12E+05 2.45E+05 2.13E+05 2.13E+05 1.74E+05 
7.3.3 Uncertainty Analysis 
Uncertainty analysis is seldom applied to waste service LCA studies (Laurent et al., 2014b). 
Uncertainty analysis has been included as it can help determine the confidence of the above 
deterministic results. Results of the uncertainty analysis, shown in Figure 7-5, illustrated that AcoD 
had a smaller GWP in 100% of the 5000 simulation runs for both CASE 2 and CASE 1. This provided 
strong evidence that GWP will be minimised under the AcoD system. Regarding the environmental 
impact category EP, the percentage of runs where AcoD had a smaller impact than BAU were also 
very high, for Case 2 the value was 99.9% and for CASE 1 98.2%.  There was a high confidence that 
AcoD will have the smallest impact for FFDP and AP as well for both case studies, with neither 
reporting a value less than 85%. However, analysis did show a large degree of uncertainty regarding 
ADP and HTox with no obvious agreement on the better system. This is likely to represent the 
relatively similar baseline impacts for both systems as well as the inherently high uncertainty in 
emission data and impact assessment factors that corresponds to HTox and ADP. In order to gauge a 
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better picture of these two categories more localised, specific data over longer periods should be 
obtained.  
Overall, taking into consideration the inherent uncertainty of the LCA data, the analysis provided 
robust evidence that AcoD is the most preferred waste management system for GWP, EP, AP, and 
FF.  
 
Figure 7-5 –  Monte Carlo analysis results (AcoD minus BAU) 
 Percentage of runs (5000) in which a systems impact was lesser or greater than the other. 
Negative percentages refer to AcoD having a lesser impact than BAU, whilst positive val ues refer 
to AcoD’s impact being equal to or greater than BAU’s impact for the given category  
7.4 Conclusion 
1. This study used a comparative LCA to investigate the environmental impact of anaerobic 
co-digestion as a municipal solid waste service. 
2. Results showed that co-digestion and the wider AcoD system has the least environmental 
impact for all but one category when compared to the current system, as the benefits of 
generating more bioenergy and diverting waste from landfill exceeded impacts 
associated with additional collection and pre-treatment processes.   
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3. Sensitivity analysis indicated that AcoD’s GWP decreased by as much as 24.5% with 
improved household FW sorting.  
4. Uncertainty modelling confirmed the co-digestion system had a 100% likelihood of a 
smaller GWP for both case studies.  
7.5 Supplementary data  
Supplementary data associated with this article can be found in the appendix. 
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Chapter Eight 
8 Life cycle assessment to compare the environmental impact of 
seven contemporary food waste management systems 
 
Chapter 8 is a complete life cycle assessment (LCA) of all seven modelled waste management 
systems across two case studies. The chapter demonstrates the flexibility of the integrated inventory 
by expanding the system boundary to include garden waste (GW). It ranks and compares all 
alternative systems including anaerobic digestion (AD) based systems, against the current system, 
and includes a novel ranking approach that incorporates uncertainties inherent in the life cycle 
inventory (LCI) data. The chapter follows on from Chapter 6 in which it applies impact factors to the 
mass-balance LCI modelling of the seven system presented. It also uses the framework set out in 
Chapter 7 regarding the impact assessment and sensitivity analysis. The chapter has been accepted 
for publication in a special edition on bioconversion of food waste in Bioresource Technology, 2017 
(In-Press)  
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8.1 Introduction: 
Australia has a successful history of recycling municipal metal, plastic and paper(OECD, 2017). 
The progressive implementation of many garden waste collection and diversion programs has also 
furthered a reputation for high municipal waste recycling rates(Sustainability Victoria, 2015). Yet, FW 
has largely remained untouched by efforts in recycling kerbside waste. FW instead is most 
commonly disposed of to landfill co-mingled with inert and non-recyclable metals, plastics and other 
municipal waste. Approximately 91% of the 1.6 Tg of FW generated annually in Australia ends up In 
landfill, where it is a significant contributor to environmental pollution  (Randell et al., 2014). 
However, many governments have begun focusing on the diversion of FW away from landfill, using 
more stringent policy measures including landfill levies, source separation incentives and renewable 
energy incentives, to promote alternative collection and treatment methods. Whilst, many FW 
management and treatment alternatives are technologically feasible, the environmental and human 
health impact of many treatment technologies have yet to be widely assessed, especially in the 
context of Australia.  
Environmental impact needs to be measured in a manner that can fairly compare FW treatment 
technologies. This is inherently difficult in waste management as treatment technologies often have 
different pre-requisite conditions to their treatment method that take place prior to the treatment 
facility, for example, household source separation of FW or mechanical pre-treatment. Moreover, 
by-products from a treatment technology may have impacts or benefits to the environment post the 
treatment facility. This necessitates a treatment technology to be considered as part of a wider 
waste management and treatment system. It is crucial, therefore that the methodology for 
comparing the environmental impact be considered in the context of a waste service, ensuring the 
same quantity of waste collected and quality of treatment is maintained across systems. Not 
comparing systems in this way may lead to misleading outcomes, with the potential to shift the 
environmental burden from one process to another.  
To ensure a fairer and complete environmental evaluation, LCA has become a widely used 
method for comparing waste management systems. LCA has been used in over 200 solid waste 
management studies worldwide, and over 22 papers focus explicitly on FW management (Laurent et 
al., 2014a). Many studies have not compared systems but instead used LCA to investigate; weak 
points within a current system, the treatment process exclusively, or theoretical waste flows (Anna 
Bernstad and la Cour Jansen, 2012; Jin et al., 2015; Patterson et al., 2011). Moreover, few LCA 
studies that complete comparison of waste systems incorporate uncertainty analysis, and fewer still 
use uncertainty to rank waste systems (Clavreul et al., 2012; Laurent et al., 2014b).This study 
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focused on the whole waste service provision and used two Australian case studies in order to 
provide real life examples. A total of seven waste systems were investigated that all generate 
bioenergy and bio-fertiliser. The study included the first system wide assessment of the AD of FW 
collected via kitchen in-sink maceration and the sewer. As well as including detailed sensitivity and 
stochastic uncertainty analysis of all for all seven systems across seven impact categories.  
The aim of the study was to provide decision makers with a tool to analyse and determine the 
most environmentally friendly waste management system for their specific waste catchment. The 
baseline modelling depicted the environmental impacts for all systems across expected conditions.  
Sensitivity analysis highlighted parameters and variables that can significantly alter the performance 
of systems, whilst uncertainty analysis integrated inherent unknowns to determine the probability 
that one system will outperform another in any given impact category.  This study provides an 
important demonstration of how a municipality can incorporate LCA into their decision making 
process, not only through baseline results but also by including market and technological 
uncertainties, to enable a more robust and justified selection.  
8.2 Materials and method 
8.2.1 Comparative life cycle assessment  
Goal and scope definition, LCI, life-cycle impact assessment (LCIA) and interpretation of impact 
results are the four major phases in LCA (International Organization for Standardization, 2006a). The 
goal and scope definition involved defining the purpose, functional unit, system boundaries, and 
objectives, as described in Section 8.2.1.1 and 8.2.1.2. The LCI refers to data collection, calculation 
and modelling of relevant inputs. LCIA involves selecting the impact categories, the assignment of 
LCI data, and modelling category indicators. This paper focuses on LCIA and interpretation of results. 
Given the study is a comparative assertion study, the optional LCIA evaluation methods of weighting 
and normalization have been excluded, and essential sensitivity and uncertainty analysis have been 
included to provide a thorough discussion of the outputs as mandated by ISO14044(International 
Organization for Standardization, 2006a). Ordinal rankings of systems across impact categories are 
used in this study as a means to facilitate discussion, in particular when comparing uncertainty 
findings with the baseline environmental impacts.  
8.2.1.1  Functional unit and case study data 
The functional unit describes and quantifies the product or service that must be present in all 
compared systems. For this study the functional unit is to collect, manage and treat one years’ worth 
 Joel Edwards – PhD Thesis   Chapter 8—190 of 271 pages 
 
 
of municipal kerbside collected garbage, food and garden waste by each case study local 
government and one year’s worth of sewage sludge (SS) generated at the local wastewater 
treatment plant (WWTP). It is worth noting that treatment must be achieved safely and in 
accordance with regulation, therefore technologies that have been exhibited to meet treatment and 
reuse regulations have been assessed. As there are two case studies the reference flows (in wet 
weight) ascribed to each case study are described below. 
• Melton city council (CASE 1) provides waste services to 36,919 households. Waste 
quantities collected  are; – 10,461 Mg of garbage waste, 8,559 Mg of FW, 8,125 Mg of 
garden waste, and 22,574 Mg of SS 
• Sutherland shire council (CASE 2) provides waste services to 82,470 households. Waste 
quantities collected  are; 33,280 Mg of garbage waste, 17,920 Mg of FW, 13,000 Mg of 
garden waste, and 91,300 Mg of SS 
8.2.1.2 System boundary 
The system boundary was considered to begin at the point where waste was collected and ends 
at the point at which waste was either disposed of or re-used as a product. The ‘zero burden’ 
approach was adopted in the study, whereby the environmental impact of all life cycle stages prior 
to collection of waste were considered to be identical, meaning that these prior processes would not 
affect the directional outcomes of the study. All environmental flows were considered over a period 
of 100 years. Products generated within the system like electricity and compost/biosolids were 
modelled using attributional modelling, i.e. the products were considered to replace similar products 
on the market in full and apportioned to the energy output (electricity offsets the average electricity 
supply as per the local grid mix(Edwards et al., 2017a)) or the mass of N, P and K in the case of 
compost and biosolids (offsetting the equivalent quantity of N, K2O and P2O5 fertiliser).  
Allocation was avoided by expanding the system boundary to include SS treatment as well as 
other waste streams like garden waste and inert waste. Furthermore, by dividing unit processes into 
multiple sub-processes and modelling and assessing each respective output from these sub-
processes.  
8.2.1.3 Life cycle inventory 
Inventory data for foreground processes were largely derived from local sources. The treatment 
of SS at both local WWTPs was modelled using real life averaged data over one year. Landfill 
inventory data was calculated using IPCC first order decay models based on specific local conditions 
(Pipatti et al., 2006). All energy and materials were provided by local operators, where this was not 
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possible by literature, the Australasian Unit Process LCI (version 2015.2) and the Ecoinvent database 
(version 3.1, October 2014). Finally, the characterisation of waste streams, including heavy metals of 
significance were average values determined from Australian and international literature. Given 
there are seven waste management systems assessed there are a number of models (composting, 
in-sink maceration, AD) that led to the final inventory. These models are discussed in more detail in 
(Edwards et al., 2017a). 
8.2.1.4 Impact assessment, sensitivity and uncertainty method 
A growing number of impact assessment methods are available for LCA practitioners. Despite 
this, there are no impact assessment methods specific to Australia. The CML-IA Version 4.2, April 
2013 method was chosen for this study (characterisation factors can be found 
http://cml.leiden.edu/software/data‐cmlia.html) on the advice from Renouf (2016) who advocate it 
as the most applicable current method for Australia. However, the IPCC 2013 method for global 
warming potential over a time horizon of 100 years was used instead of the CML-IA method to 
incorporate updated characterisation factors. The environmental impact categories assessed are as 
follows: 
• Abiotic depletion (ADP) – the use of raw finite materials e.g. copper, silver. Measured in 
kg of antimony equivalence (kg of Sb eq.). 
• Abiotic fossil fuel depletion (FFDP) – the use of non-renewable energy sources e.g. coal, 
crude oil, measured in MJ 
• Ozone layer depletion (ODP) – the lessening of the earth’s ozone layer due to interactions 
with specific emissions measured in kg of trichlorofluoromethane equivalence (kg of CFC-
11 eq.). 
• Human toxicity (HTox) – the endangering of human health due to toxic chemical 
emissions, measured in kg of 1,4 dichlorobenzene equivalence (kg of 1-4DB eq.). HTox 
does not include any assessment of the effects of pathogens.  
• Photochemical oxidation potential (POP) – the increased likelihood of harmful smog and 
haze caused by various emissions, measured in kg of ethylene equivalence (kg of C2H4 
eq.). 
• Acidification potential (AP) – the causing of acid rain due to interactions in the 
atmosphere of specific emissions, measured in kg of sulfur dioxide equivalence (kg of SO2 
eq.). 
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• Eutrophication potential (EP) – the causing of dense growth of algae or other plant life 
due to the excessive accumulation of nutrients in a body of water, measured in kg of 
phosphate equivalence (kg of PO4 eq.). 
• Global warming potential (GWP) – the causing of global atmospheric temperature 
increase due to specific air emissions, measured in kg of carbon dioxide equivalence (kg 
of CO2 eq.). 
The ecotoxicity categories within the CML-IA method have been excluded from any assessment 
as uncertainty associated with the environmental impacts were considered high (European 
Commission and Joint Research Centre Institute for Environment and, 2010). The high uncertainty is 
also true for the HTox impact category factors. HTox was however, assessed in this study as the 
application of recycled waste products to agricultural soil, and the follow on potential to harm 
humans was considered an area of importance in the study. Therefore, a systems HTox impact 
should always be viewed in light of the in-built uncertainty.    
This study is classified as a publicly asserted comparative LCA. As per (ISO) 14044 any weightings 
or end-point assessment should not occur when conducting such an LCA. Therefore midpoint 
analysis has taken place i.e. only environmental impact factors are considered.  Whilst, this limits the 
potential to provide a single metric for systems, it ensures the study does not impress one 
environmental impact category’s importance over another.  
SimaPro 8.0 software was used to manage the LCI, LCIA and related sensitivity and uncertainty 
analysis. Sensitivity analysis was carried out focusing on real-world variables and key assumptions 
that were likely to have significant influence on the environmental impact of systems. Monte Carlo 
simulation was used to develop a probabilistic model of environmental impact using uncertainty 
data propagated through the use of the pedigree matrix on each inventoried item. The pedigree 
matrix translates five quality data indicators for each data point and translates them into a square of 
the standard deviation (σ2) (Weidema and Wesnaes, 1996). The σ2 for each data point was then used 
to generate a lognormal distribution for any given data point. Monte Carlo simulations were run by 
subtracting one system compared to another, resulting in 42 simulations. This method was to ensure 
that certain variables that would be the same across all systems do not affect the difference 
between systems i.e.  the percentage of electricity generated by black coal combustion is constant 
across both systems when being assessed (Clavreul et al., 2012).  
8.2.1.5 Biogenic carbon and its storage 
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Carbon emissions deriving from the degradation of organic wastes (FW, garden waste, paper and 
wood) have been considered as biogenic. Biogenic carbon released to the environment as CO2 and 
CH4 air emissions have impact factors of zero and 25.25 kg CO2 eq./kg, respectively. Their non-biogenic 
impact factors are 1 and 28 kg CO2 eq./kg respectively.  Biogenic carbon that remains in landfill or the 
soil after 100 years is considered sequestered and is granted a credit (1 Mg of biogenic carbon stored 
= -3.65 Mg of CO2). This criteria ensures a carbon balance for all systems whilst also reflecting the 
benefits of biogenic carbon storage (Christensen et al., 2009; Muñoz and Schmidt, 2016). Many solid 
waste LCA studies have included biogenic carbon sequestration as an environmental benefit, and 
many too have considered all carbon emissions, whether of biogenic or fossil origin, as equal (Laurent 
et al., 2014a). Whilst there is no common method for accounting for biogenic carbon, as long as the 
inventory and method implemented ensures a carbon balance, is consistently applied and is clearly 
and transparently defined either method is appropriate (Laurent et al., 2014b; Muñoz and Schmidt, 
2016). 
8.2.1.6 System expansion and avoided products 
System expansion is prioritised over allocation as per the International Standard Organisation 
(ISO) 14044 hierarchy for managing multi-functional processes. Therefore, as the current garbage 
bin collects a mixture of waste streams (FW, inert waste, nappies, wood, paper etc.) expansion was 
employed in order to avoid the need to allocate multi-functional processes to FW management 
alone. The system is also expanded to include SS treatment for the same reasons. The substitution 
method was applied where biosolids or electricity was generated by a waste management system 
and the use of equivalent products was considered to be avoided. In the case of biosolids and 
compost applied to land, the subtracted process was synthetically producing and applying the 
equivalent quantity of N, K2O and P2O5 fertiliser, respectively. Whilst for electricity generation the 
equivalent energy from the regional specific electricity grid mix was subtracted from the impact.   
8.2.2 Description of systems 
All waste management systems assessed in this study have been previously described in detail in 
the predecessor LCI and mass-balance study. However, a brief description of how each system 
operates is as follows; 
8.2.2.1 Business-as-usual (BAU)  
The business as usual (BAU) waste management system is a representation the current system in 
both case studies. FW along with other garbage is discarded by residents into the garbage bin and 
garden waste is discarded into the garden organics bin for kerbside collection. Garbage waste is 
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collected weekly and sent to landfill with landfill gas capture and subsequent electricity generation. 
Garden waste is collected fortnightly and sent to a centralised windrow composting site adjacent to 
the landfill site. Sorting occurs with the large (particle size) fraction being chipped. Compost soil 
product is sold to farmers to apply to agricultural land. Meanwhile SS is treated by AD at the local 
WWTP, where biogas is captured and used to generate electricity. Biosolids generated is dewatered 
and applied onto agricultural land. Biosolids are assumed compliant with local regulation as 
treatment grade 3, contaminant grade C2 (EPA Victoria, 2004), or stabilisation grade B and 
contamination grade C (EPA NSW, 2000).  
8.2.2.2 Anaerobic co-digestion (AcoD) 
The anaerobic co-digestion system (AcoD) involves the source separation of FW at the 
household into a new FW bin. The FW is collected weekly, whilst the garbage bin (now largely void of 
FW) is collected fortnightly. FW is diverted to the WWTP where it undergoes a pre-treatment 
process on-site, removing contaminants (landfilled), and the remaining organic FW is co-digested 
along with SS. Co-digestion takes place using existing digestion infrastructure (continually stirred 
tank reactor, mesophilic temperature range, sludge retention on average 20 and 11 days for CASE 1 
and CASE 2, respectively). Garbage is sent to landfill and garden waste is sent to a centralised 
composting in the same manner described for BAU.  
8.2.2.3 In-sink maceration and co-digestion (INSINK) 
The kitchen in-sink maceration and co-digestion system (INSINK) operates similarly to AcoD. 
However, there are two key differences; first households macerate FW using an in-sink food disposal 
unit. The FW then enters the reticulated sewer which transports it to the WWTP, whereby 6% of FW 
volatiles is metabolised by heterotrophic bacteria. Second, once at the treatment plant the FW 
undergoes typical wastewater treatment including primary sedimentation (where 34.4% of FW 
settles and is sent for digestion), and biological nutrient removal where a proportion is either; 
released as CO2, biogenic air emissions (25.6%), or becomes a component of the waste activated sludge 
(32.5%). This process is considered to be the ‘pre-treatment’ of FW. All other waste flows are the 
same as in AcoD. 
8.2.2.4 Centralised composting (COMP) 
The centralised composting system (COMP) differs from other systems in that it has residents 
place FW along with garden waste into a large organics bin. The organics are collected weekly and 
sent to a centralised composting facility. Large items like branches and timber are removed and 
chipped whilst the small items (leaves, grass clippings, FW etc.) undergo windrow composting. The 
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garbage bin (now largely void of FW and collected fortnightly) is still directed to landfill and SS is 
treated in the same way as in BAU. 
8.2.2.5 Home composting (HCOMP) 
HCOMP is where FW is composted at home. Local government provide a small compact 
composting unit to all households. FW is discarded into these units whilst non-organic garbage is still 
collected at the kerbside but now on a fortnightly basis. It is also considered that small items of 
garden waste are also home composted along with FW like grass clippings and leaves. The large 
items of garden waste are collected on a monthly bases and chipped. Other waste streams are 
treated in the same manner as COMP. 
8.2.2.6 Separate anaerobic digestion (SAD) 
The separate AD system (SAD) involves the source separation of FW into its own bin, as per. This 
FW is sent to an AD plant where it is pre-treated and digested as a single, exclusive feedstock using 
the most commonly applied AD technique (semi-continuously fed, single stage, complete mix, 
mesophilic temperature range) similar to that reported in (Banks et al., 2011). This digestion 
processes generates electricity, which is exported to the national grid, and a biosolids product 
(compliant to the highest contamination grading (EPA NSW, 2000; EPA Victoria, 2004)), is applied to 
agricultural land.  
8.2.2.7 Mechanical biological treatment (MBT) 
The MBT has a collection regime the same as in BAU with FW and other garbage discarded into 
the one bin. This waste is sent to an MBT facility where it undergoes mechanical sorting that 
separates the organics (FW, garden waste, and paper) from inorganics (plastic, glass etc.). It is 
important to note that the mechanical sorting process invariably sorts some organics and inorganics 
incorrectly, leading to some contamination and a waste stream different in character to the FW 
streams in previously mentioned systems. Therefore, this waste stream is henceforth referred to as 
the mechanically separated organic fraction of municipal solid waste (msOFMSW). After mechanical 
sorting, msOFMSW undergoes biological treatment that includes thermophilic AD followed by 
aeration. Biological treatment generates biogas and subsequently electricity, as well as a biosolids 
product that is suitable for safe application to land. The inorganic stream is sent to landfill. In some 
nations the inorganic stream may be further processed to form refuse derived fuel for incineration 
and subsequent energy generation. However, no incineration plants treating municipal solid waste 
operate in Australia.  
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8.2.3 Ranking method  
Each waste management system was given a baseline ordinal rank from 1-7 for each 
environmental impact category. As the assessment led to environmental benefits i.e. impacts with a 
negative value – a ranking of one refers to the system that has the least environmental impact or 
greatest environmental benefit. On the contrary a ranking of seven refers to a system with the most 
environmental impact or the smallest environmental benefit. Rankings were based on the overall 
impact for the system.  
Ordinal rankings based on the uncertainty analysis were also performed. These rankings were 
calculated by determining how many times a certain waste management system had a smaller 
environmental impact than another. For example, System A was shown to have a smaller GWP when 
compared to system B in 82 out of 100 Monte Carlo simulations (i.e. 82% of the runs). Therefore in 
terms of GWP System A would be ranked first (the most likely to have the smallest GWP).  
8.3 Results and discussion 
8.3.1 Baseline results 
Baseline impact results are depicted in Table 8-1, showing the overall rankings for each system 
in both case studies. Results in the positive represent environmental impacts, whilst results in the 
negative direction represent environmental benefits. Figure 8-1 depicts all impacts or benefits of 
alternative FW management systems in relation to BAU. 
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Table 8-1 –  Baseline environmental impact assessment, including scaled ranking s  
Melton City Council – Case 1 
Waste 
management 
system 
Abiotic 
depletion 
(ADP) 
Fossil fuel 
depletion 
(FFDP) 
Global warming 
potential (GWP) 
Ozone layer 
depletion 
(ODP) 
Human 
toxicity 
(HTox) 
Acidification 
potential 
(AP) 
Eutrophication 
potential  
(EP) 
Photochemical 
oxidation (POP) 
(kg of Sb 
eq.) 
(MJ) (kg of CO2 eq.) 
(kg of CFC-
11 eq.) 
(kg 1,4-DB 
eq.) 
(kg of SO2 
eq.) 
(kg of PO4 eq.) 
(kg of C2H4 
eq.) 
BAU -5.55E-01 -1.47E+07 6.57E+06 7.51E+01 2.08E+06 -1.78E+04 2.31E+04 2.79E+03 
AcoD -9.18E-01 -2.20E+07 3.77E+06 5.96E+01 2.22E+06 -2.33E+04 1.48E+04 2.31E+03 
INSINK 1.46E+00 -1.40E+07 4.35E+06 5.81E+01 2.14E+06 -1.65E+04 1.44E+04 2.32E+03 
COMP -1.52E+00 -9.06E+06 5.37E+06 5.92E+01 2.22E+06 -1.40E+04 1.53E+04 2.21E+03 
HCOMP -2.30E+00 -1.51E+07 4.50E+06 5.75E+01 1.66E+06 -1.59E+04 1.39E+04 2.06E+03 
SAD -2.61E-01 -1.58E+07 4.28E+06 5.96E+01 2.26E+06 -1.83E+04 1.53E+04 2.33E+03 
MBT 3.17E-01 -8.80E+06 3.01E+06 3.70E+01 3.67E+06 -1.49E+04 9.77E+03 1.61E+03 
Sutherland Shire Council – Case 2 
Waste 
management 
system 
Abiotic 
depletion 
(ADP) 
Fossil fuel 
depletion 
(FFDP) 
Global warming 
potential (GWP) 
Ozone layer 
depletion 
(ODP) 
Human 
toxicity 
(HTox) 
Acidification 
potential 
(AP) 
Eutrophication 
potential (EP) 
Photochemical 
oxidation (POP) 
(kg of Sb 
eq.) 
(MJ) (kg of CO2 eq.) 
(kg of CFC-
11 eq.) 
(kg 1,4-DB 
eq.) 
(kg of SO2 
eq.) 
(kg of PO4 eq.) 
(kg of C2H4 
eq.) 
BAU -5.28E+00 -1.16E+08 7.19E+06 1.54E+02 7.65E+06 -6.70E+04 1.09E+05 5.70E+03 
AcoD -6.40E+00 -1.36E+08 1.26E+06 1.26E+02 7.99E+06 -7.64E+04 8.44E+04 4.90E+03 
INSINK -2.26E+00 -1.19E+08 2.52E+06 1.23E+02 7.38E+06 -6.64E+04 8.24E+04 4.88E+03 
COMP -7.79E+00 -9.48E+07 5.59E+06 1.25E+02 7.86E+06 -5.69E+04 8.01E+04 4.65E+03 
HCOMP -8.57E+00 -1.06E+08 3.88E+06 1.22E+02 6.76E+06 -6.06E+04 7.67E+04 4.35E+03 
SAD -5.09E+00 -1.02E+08 3.95E+06 1.26E+02 8.14E+06 -6.01E+04 8.09E+04 4.88E+03 
MBT -1.74E+00 -5.49E+07 3.39E+06 7.31E+01 1.60E+07 -3.10E+04 5.58E+04 3.36E+03 
 
Best impact  Worst impact  
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Figure 8-1 –  Contribution of processes within each system for global warming potential  
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8.3.1.1 Business-as-usual 
In terms of GWP, the BAU system ranked in last place (seventh) across case studies. BAU emitted 
6.6E6 kg of CO2-eq for CASE 1. This result was significantly higher than the sixth ranked COMP 
system by more than 1.2E6 kg of CO2-eq or 18%. The difference was even greater for CASE 2 with 
BAU emitting 1.6E6 kg of CO2-eq or 22% more than the sixth ranked COMP. BAU also ranked seventh 
for ODP, POP and EP across both case studies. BAU’s best ranking was second for HTox in both case 
studies. Whilst for the remaining categories BAU was ranked between third and fifth positions.  
An examination of the key processes that contribute to environmental impact for the categories 
in which BAU is ranked seventh (GWP, ODP, EP, and POP) showed that the landfill process is the 
majority contributor. This was because the BAU system landfilled all FW, in which it degrades and 
contributes significantly too many air and groundwater emissions. This was consistent with previous 
studies, which suggest that landfilling of FW has a high environmental impact compared with other 
alternative measures (Buratti et al., 2015; Fernández-Nava et al., 2014).The high impact for POP and 
ODP arose largely from landfill air emission of CFC-11 and CH4, respectively, whereas the high impact 
for EP stemmed from the untreated component of landfill leachate polluting the groundwater; most 
prominently with organic nitrogen and ammonium. Discharge of treated wastewater at the WWTP 
also played a minor role in EP; contributing between 6-10% of total impact.  
The contribution of the process for GWP witnessed some processes that increased GWP (fugitive 
landfill emissions, electricity and diesel consumption) whilst others decreased it (biogenic carbon 
stored in landfill, offsetting of coal derived electricity, or offsetting synthetic fertiliser production). 
Although fugitive greenhouse gases emitted to the air at the landfill contributed 79% of GWP impact 
(see Figure 8-2, CASE 2) the generation of electricity at the landfill due to the capture and 
combustion of landfill gas, contributed 49% of the GWP benefit. Moreover, the digestion of sludge at 
the WWTP contributed 12% of GWP impact (fugitive emissions, electricity use for mixing and 
dewatering), whereas it provided 38% of the GWP benefit (generation of electricity from biogas 
which offset the need to generate electricity from the coal reliant grid).  
8.3.1.2 Anaerobic co-digestion  
The AcoD system was ranked first for FFDP and AP across both case studies. It was also ranked in 
first place for GWP in CASE 2, representing only 17% of BAU’s GWP (see Figure 8-1) whilst it was 
second in CASE 1. It consistently ranked third for ADP. For the remaining categories of ODP, HTox, 
EP, and POP it ranked from fourth to sixth place. The low ranking for FFDP, AP and GWP coupled 
with the higher rankings of ODP and HTox etc. demonstrates that the AcoD system, if implemented, 
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will require decision makers to make environmental trade-offs i.e. having to decide that one 
environmental impact is more important than another.  
The environmental benefit of FFDP and AP were heavily reliant on the AcoD system’s ability to 
be a net-electricity generator, as offsetting coal derived electricity from the grid enabled credits to 
be received. AcoD was shown by the LCI analysis to be the system with the highest net-electricity 
generation. The greater amount of electricity was brought about by a more effectual conversion of 
biomass to biogas by the co-digestion process. In turn this increase in biogas converted to electricity 
was capable of better than counterbalancing any additional energy requirements brought about by 
new collection or pre-treatment processes. This was not the case in other systems i.e. SAD and MBT, 
where more energy from fossil fuels is required than is offset by the energy that system can 
generate. The increase in the bioenergy generation rate is consistent with published reports of full-
scale operations that showed a synergy between the FW and SS feedstock leading to an optimised 
digestion process due largely to a balanced carbon to nitrogen ratio and the addition of 
micronutrients (Bolzonella et al., 2006; Cavinato et al., 2013; Zupančič et al., 2008). The sensitivity of 
this system to such an enhanced bioenergy generation rate brought about by the co-digestion of the 
two feedstocks is tested in Section 8.3.2.3. 
The impacts for ODP and EP stem largely from the quantity of FW being sent to landfill; the more 
FW landfilled the higher the impact for both categories as described in 8.3.1.1. Despite the AcoD 
system diverting FW from landfill; according to the baseline analysis 41% of FW is placed incorrectly 
into the garbage bin at the household and is therefore still sent to landfill. Moreover, the correctly 
sorted FW undergoes a pre-treatment step that safeguards the co-digestion process from 
contaminants. This step further rejects 21% of source separated FW meaning the baseline AcoD 
system still has 53% of FW going to landfill (this is also the case in the SAD system). Part of the 
performance of AcoD for GWP was a result of FW still being disposed in landfill, leading to 
greenhouse gas emissions from the landfill of 5.95E6 kg of CO2-eq for CASE 1 and 1.29E7 kg of CO2-
eq for CASE 2 (see Figure 8-2). But this GWP impact was largely offset by GWP credits received from 
the generation of bio-electricity from the aforementioned co-digestion of the remaining FW with SS.  
Interestingly the GWP impact of CASE 2 is smaller than CASE 1 despite managing and treating 
much larger waste flows. This can be explained by two factors. Firstly, the ability of CASE 2 landfill to 
generate and capture more landfill gas compared to the CASE 1 landfill; with the climatic conditions 
in CASE 2 landfill (higher average temperature and greater rainfall) leading to more conducive 
conditions for waste degradation and gas production within the landfill and hence more gas 
captured prior to the decommissioning of the landfill gas capture infrastructure (40 years after 
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depositing of waste). Therefore, as this degradation process is slower a greater amount of landfill 
gas in the CASE 1 landfill is emitted as fugitive air emissions directly to the atmosphere after the 
decommissioning of gas capture infrastructure. The second factor, was that current conditions at the 
CASE 1 landfill required landfill gas to be flared approximately half of the time instead of used for 
electricity generation, whereas the CASE 2 landfill flares only 2% of gas.  
 
 
Figure 8-2 –  Contribution of processes within each system for global warming potential  
8.3.1.3 In-sink maceration 
Although the INSINK system did not rank first for any category it did achieve second ranking for 
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for CASE 2, whilst for all other impacts it was ranked behind AcoD. The reason for it providing a 
better environmental performance for ODP, EP and POP was largely to do with having a marginally 
smaller amount of FW sent to landfill due to the INSINK collection system having no mechanical pre-
treatment step.  
INSINK presented a GWP double that of the AcoD system in CASE 2, and 15% greater than 
AcoD’s in CASE 1. This is despite the systems utilising the same co-digestion technology. The reason 
being much of the FW in the INSINK system is lost in the sewer and the wastewater treatment 
process, as noted in the inventory (Section 8.2.2.3). This both reduces the available volatile solids 
that are available in co-digestion to generate biogas, and requires increased energy during 
secondary aeration treatment due to a higher organic loading in the wastewater.  The model 
therefore concludes that in terms of GWP it is better to collect FW at the kerbside, pre-treat it and 
then place it in the digester at a WWTP, rather than collecting it via the sewer system.  
There are a number of assumptions used in the INSINK model, however, that require further 
discussion. The first being the model used did not consider issues of clogging and maintenance 
caused by large amounts of FW (particularly fats oils and grease) in the sewer network. This could 
lead to a greater frequency of sewer repairs due to blocking or corrosion, potentially increasing 
many environmental impacts. The second assumption pertains to the treatment pathway for 
wastewater. Both case study plants include primary sedimentation prior to biological nutrient 
removal, followed by secondary clarification. The interaction and degradation of FW within these 
treatment steps is uncertain. Kim et al. (2015); Li et al. (2013) are useful resources, although the 
fractionation of FW, the rate at which FW settles in primary tanks, and the degradation during 
biological nutrient removal is dependent on the specific controls in place at the local WWTP. 
Moreover, the treatment train itself varies as well, as many WWTPs in Australia do not have primary 
sedimentation and instead use nutrient removal as the first step. This would conceivably lead to less 
FW being sent directly to the digester and instead more being metabolised by bacteria during 
nutrient removal. This variability highlights the importance of considering local parameters when 
conducting waste LCAs.   
8.3.1.4 Centralised composting  
The COMP system exhibited a consistent rank for GWP and ODP of sixth and fourth for both case 
studies. The impact results for FFDP were also fairly consistent, ranking sixth and seventh. COMP’s 
best ranking was second for ADP in both cases with a value of -1.52 kg of Sb eq. and -7.79 kg of Sb 
eq. for CASE 1 and CASE 2, respectively. 
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The impacts of AP, FFDP, and GWP were chiefly due to there being no energy generation when 
composting source separated FW, meaning no credit was achieved for offsetting coal derived 
electricity. There was also a small rise in the need for additional fossil fuel energy inputs (mainly 
diesel) due to the composting process itself, and the addition of a new FW bin for kerbside 
collection. Regarding GWP, COMP outperforms BAU by 18% for CASE 1 and 22% for CASE 2 (see 
Figure 8-1). This was due to COMP having less FW sent to landfill. ODP was also almost exclusively 
dependent on the amount of waste sent to landfill. Therefore, as COMP still has a relatively high 
amount of waste sent to landfill its result for ODP is a ranking of fourth for both case studies. It is 
important to note, however, that although ranked fourth the systems of AcoD, INSINK, SAD, COMP 
and HCOMP are all similar in the quantity of CFC-11 equivalents. Therefore, because the ordinal 
ranking does not provide a relative difference it is important to assess the overall impact values 
depicted in Table 8-1. This is also true of the EP results, as there is a maximum of 9% difference 
between the second placed HCOMP and the sixth placed AcoD.     
Interestingly, COMP is representative of waste management systems that have recently been 
implemented by rural and regional local governments in Australia. These governments, in part 
chose, the COMP system in order to reduce the quantity of waste being sent to landfill and to reduce 
GWP of their respective waste systems. This research suggests, however, that the COMP system is 
unlikely to be the FW management and treatment system with the lowest GWP, even considering 
model uncertainties and local parameter variability (described in Section 8.3.2 and Section 8.3.3. 
Meaning if lowering GWP is the ultimate objective; any of the four systems based on AD presented 
in this study would likely be a more suitable system.  
8.3.1.5 Home composting  
Overall the HCOMP system showed consistent results across impact categories and case studies. 
It never ranked sixth or seventh, whilst it placed first for ADP and HTox, and second best for ODP and 
POP. Regarding GWP it ranked fifth, across cases. 
HCOMP exhibited at least a 9% smaller HTox impact than any other system. This was because 
the main contributing factors for a high HTox impact were emissions from the combustion of diesel 
fuel, and the distribution of heavy metals brought about by the land application of WWTP biosolids. 
Because HCOMP required less truck collections, as garbage collections were reduced to fortnightly 
and garden braches and timber was collected on a monthly basis, diesel consumption was reduced. 
Using CASE 1 as an example diesel was consumed at a rate of 6.4 L/Mg of garbage collected, whilst 
for BAU the rate was 8.12 L/Mg of garbage collected. For garden waste the diesel consumption rate 
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reduced to 5.93 L/Mg whilst for BAU this was 6.59 L/Mg. Given smaller quantities of garbage were 
also being collected this equated to total diesel consumption of 116 kL for HCOMP and 207 kL for 
BAU, meaning a reduction of 44%. The highest diesel consuming system was for both the AcoD and 
SAD systems that consumed 246 kL of diesel during collection (as they required an extra FW bin to 
collect). The other major contributing process to HTox from WWTP biosolids remained largely the 
same across systems, as the consistent levels of heavy metals were present from the SS. The 
application of compost to land, whether garden waste or with FW, was insignificant as FW contains 
very low levels of heavy metals to begin with, especially in comparison to SS.    
The ordinal rankings in ODP, EP and POP can be misleading as the difference in overall impact 
between the second ranked system and the sixth ranked system is between 4-9%, suggesting the 
HCOMP system is only marginally better than the other lesser ranked systems. The small differences 
in impacts for these three impact categories is because the main contributing factor is the quantity 
of waste sent to landfill. As the systems of HCOMP, COMP, INSINK, AcoD and SAD all have similar 
rates of landfill diversion it is understandable that their respective impacts for these categories were 
also similar. Because HCOMP utilises small scale composting technology that did not use or generate 
electricity, as a result, the impact categories where the generation of electricity is critical (AP and 
FFDP) HCOMP did not rank in the top 3. In fact BAU was shown to be better than HCOMP for these 
two categories. 
HCOMP’s result for ADP was mostly driven by the higher concentration of phosphorous in the 
compost product generated by the home composting process, which offset the need to generate 
synthetically produced P fertiliser. Synthetically produced fertiliser like P2O5 requires the use of non-
renewable resources most significantly phosphorous ore.  
8.3.1.6 Separate anaerobic digestion 
The SAD systems best ranking was 2nd for FFDP and AP for CASE 1.  The system however 
positioned no better than fourth for CASE 2. Regarding GWP it ranked fourth (CASE 1 with an impact 
of  4.28E6 kg of CO2 eq) and fifth (CASE 2 with an impact of 3.95E6 kg of CO2 eq). For ODP and HTox, 
it ranked sixth across case studies.  
What is influencing SAD’s environmental impact? We know from other systems results that ODP 
and POP were associated with FW landfill diversion. We also know that the magnitude of difference 
between second and sixth ranks were small. Therefore, SAD’s similar FW landfill diversion rate to 
other systems accounts for these results. In terms of HTox, this impact was driven by a number of 
processes, with the two key processes being the release of toxic air emissions during the combustion 
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of diesel when collecting kerbside waste bins, and the land application of biosolids. In the SAD 
system the diesel air emissions are higher than most other systems, along with AcoD, as more fuel is 
required to collect the newly introduced FW bin. This along with a less efficient removal of 
pollutants like ammonia and phosphorus from the supernatant of the FW digester, means SAD is 
sixth for HTox in both case studies.  
8.3.1.7 Mechanical biological treatment  
The MBT system ranked first for ODP, EP and POP across case studies whilst it also ranked first 
for GWP in CASE 1, and third in CASE 2. It was ranked seventh for HTox and FFDP in both case 
studies. For ADP and AP in CASE 2, it also ranked seventh but for CASE 1 it was sixth.  
MBT ensured the highest diversion of FW from landfill of all systems and therefore has 
significantly better results for the environmental impact categories that are concerned with landfill 
emissions. This is demonstrated in looking at Table 8-1, which shows for the impact categories of 
ODP, EP and POP the first ranked MBT system was better than the second placed system by no less 
than 22% and by up to as much as 40%.  
The MBT ranked seventh for HTox across both case studies, signifying it has a greater HTox 
impact than BAU. The majority of HTox impacts were brought about by the application of biosolids 
to agricultural land, whereby the biosolids contain trace elements of heavy metals. Whilst all 
systems apply some type of biosolids to land, MBT demonstrated the greatest impact because it sent 
the highest quantity of non-SS biosolids to land. This is due to the MBT system digesting not only FW 
but also fractions of paper, wood, garden waste and small amounts of inert material – all 
components of msOFMSW - adding to the heavy metal content of the biosolids. The end use of the 
biosolids is also a key component to the HTox impact – when biosolids are applied to agricultural 
soils the HTox impact factors applied are high in comparison to biosolids being applied to forestry 
soils or remaining locked away in landfill. Despite these HTox results, it is important to note that the 
MBT biosolids, like all SS biosolids, were shown to comply with specific reuse regulation and heavy 
metal pollutant thresholds according to each systems’ mass-balance.  
8.3.2 Sensitivity analysis 
8.3.2.1 End-use/disposal of FW biosolids  
The baseline results indicated that the use of biosolids on land has some significant effects on 
the environmental impacts GWP, HTox and ADP. The question of whether biosolids from co-
digestion, or the separate digestion of FW in either the MBT or SAD systems will be permissible for 
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land application is largely unanswered in Australia. SS biosolids are land applied in both case studies 
provided they comply with strict pathogen removal efficiencies, odour controls and heavy metal 
concentration limits. Techniques including thermophilic digestion, stockpiling, alkali treatment and 
composting are used to provide the highest quality pathogen removal from SS biosolids. These 
techniques have also been demonstrated to be sufficient for co-digestion and FW biosolids (WRAP, 
2010). However, previous research has shown that direct land application of FW, particularly 
municipal FW, may be hindered by contamination from non-organics in the FW stream, visible 
plastics, metal or glass, and the possibility of increased heavy metal concentrations (Montejo et al., 
2013, 2010; Parry, 2014; WRAP, 2010). Conversely, proponent studies of land application argue that 
adding FW can lead to a higher degradation of waste thus lower amounts of biosolids and odour, as 
well as arguing that technologies in full-scale use have already reduced the risk of contamination to 
levels appropriate to safeguard biosolids beneficial reuse and meet guidelines (Parry, 2014; 
Wickham et al., 2016; Zupančič et al., 2008). If biosolids are not fit for reuse on agricultural land, as 
per the baseline model, the only conceivable option is to landfill – as incineration technologies are 
not common, and often prohibited in Australia. Therefore, a sensitivity analysis was undertaken 
modelling biosolids being sent to landfill instead of land application for systems that involve the 
digestion of FW i.e. AcoD, INSINK, SAD, and MBT.  
All tested systems had greater ADP impacts when compared to their baseline result as 
demonstrated in Figure 8-3. Considerable changes occurred for all systems, for AcoD, SAD, and MBT, 
all transformed from having a net-benefit to an ADP impact. The most significant changes were 
shown by INSINK and AcoD because they were no longer offsetting the need for phosphorus mining. 
They showed a much greater increase than other systems because SS biosolids are also being 
landfilled.  
The GWP of all tested systems also rose across case studies from between 4.4% (MBT) to 67% 
(AcoD) for CASE 2 and 4.2% (SAD) to 23% (MBT) for CASE 1. The ordinal rankings for GWP remained 
the same for both cases CASE 1. Because the GWP of MBT increased in CASE 1, the difference 
between its impact and that of the second ranked AcoD system diminished. This is a crucial point to 
consider given that the MBT system may have one of the highest contamination rates of biosolids 
due to it sorting a heterogeneous waste stream with the potential for plastic or chemical 
contaminants to enter the treatment system.  
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Figure 8-3 –  Sensitivity analysis: Biosolids sent to landfill instead of land application  
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There is also a need to consider contamination prospects in the AcoD and INSINK systems. If 
contamination occurs to an extent that biosolids do not meet regulation and must be landfilled, not 
only will FW biosolids be landfilled but also sewage biosolids; meaning a far greater amount of 
biosolids will be landfilled  and no longer applied to land. However, on the other hand, the quantity 
of sewage biosolids may work to dilute ay contamination of co-digestion biosolids and safeguard its 
land application. Moreover, as pre-treated source separated FW is co-digested in the AcoD system; 
the likelihood of contamination is smaller when compared to the MBT system.   
Regarding HTox all systems performed better decreasing their impact when their respective 
biosolids were landfilled. This is because, as discussed previously, heavy metals are sent to landfill, 
contained in an area were human interaction is largely non-existent. The rankings altered 
significantly for HTox, with greatest change witnessed by AcoD, INSINK and AcoD. For the impact 
categories of FFDP and AP that are influenced by bioenergy generation and the subsequent 
offsetting of electricity; sending biosolids to landfill had marginal increased benefit for all systems.   
8.3.2.2 The impact of FW sorting efficiencies 
In all systems, other than BAU, the separation of FW into an homogenous waste stream was 
crucial to directing FW away from landfill and into alternative treatments. Separation occurred 
either at the household, by mechanical sorting, pre-treatment, or a combination of all. A sensitivity 
analysis was used to test the maximum and minimum rates of FW sorting efficiencies for all systems.  
The participation of the household to source separate FW was critical for the effective running of 
the AcoD, INSINK, SAD, COMP and HCOMP systems. The baseline model used the average value of 
59% for correct source separation of FW based on trial data (Zero Waste SA, 2010). For the 
sensitivity analysis a range of sorting efficiencies were used. A minimum sorting efficiency of 46% 
was used correlating to the lowest value recorded in (Zero Waste SA, 2010), whilst a maximum value 
of 82% was used in accordance with the rate achieved by source sorting of recyclable plastics, metals 
etc. reported in (Perrin and Barton, 2001). For the MBT system household separation does not 
occur, instead the mechanical separation of garbage waste occurs, leading to a waste stream of 
msOFMSW. The baseline value for the MBT mechanical sorting system was 57% of input waste 
sorted as msOFMSW (remembering msOFSMW contains FW along with paper, garden waste and 
smaller quantities of other components of garbage waste) (Montejo et al., 2013). In the sensitivity 
analysis this value was altered by ±20%, leading to a minimum mechanical sorting efficiency of 45% 
and a maximum of 67.4%.  
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Another key parameter with FW sorting for the AcoD and SAD system was the pre-treatment 
rejection rate. This pre-treatment step was responsible for removing non-organic material which 
may have been incorrectly placed in the FW bin. According to the literature there was a high amount 
of variation in the rejected material rate due  a combination of differing process lines, input quality 
and technologies adopted (Bernstad et al., 2013; Colón et al., 2012). The averaged baseline value 
was taken from the literature as 21% of material rejected, with the minimum and maximum values 
used in the sensitivity analysis being 5% and 45%, respectively. The final parameter altered, relates 
only to the INSINK system; the pre-treatment of FW along with municipal wastewater at the head of 
the WWTP. In this circumstance the primary sedimentation was a key parameter that determines 
the quantity of particulate FW which settled and was then sent to digestion. The baseline value for 
FW settling was 56.3% in accordance with a detention time of two hours and treatment dynamics. 
The detention time was altered by ±50% giving a FW settling rate of 46.5% and 60.6% as a minimum 
and maximum respectively.  
The results varied most significantly for GWP across the minimum and maximum FW sorting 
efficiency scenarios. As expected, and reported in the literature (Tonini et al., 2013), when the FW 
sorting efficiency increased, and thus more FW was treated by the system specific technology and 
not landfilled, the GWP decreased. The analysis also showed that there was a greater change in GWP 
of the AcoD system followed by the INSINK and SAD systems across scenarios. The smallest change 
was across the MBT system. This result infers that the MBT system was a relatively consistent 
performer for GWP even when mechanical sorting efficiencies decreased, where as other systems 
are reliant on the correct and comprehensive sorting of FW at the household. However, the analysis 
also infers that where strong FW sorting efficiencies occur the AcoD system can become a system 
that abates global warming (i.e. a negative GWP) for CASE 2. Similarly for CASE 1, the AcoD system 
still has an impact for global warming, but an impact that is equivalent to the best performing MBT 
system (see Figure 8-4).  
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Figure 8-4 –  Sensitivity analysis: GWP according to FW sorting efficiency scenario  
8.3.2.3 Bioenergy generation through specific methane production rates  
Electricity generation, air emissions, biosolids quality and supernatant quality were dependent 
on the amount of bioenergy generated by the various digestion technologies across systems. The 
specific methane production rate (SMP) is the primary parameter that controls electricity 
generation. Given the importance of energy generation to many environmental impacts it was 
considered prudent to vary SMP as part of a sensitivity analysis. Therefore, SMP was altered by ±20% 
intervals up to a ±40% change. Minimum and maximum values were also sourced for SMP for the 
specific digestion technologies adopted. This allowed for a technology specific sensitivity analysis to 
test the change in environmental impact as SMP is increased or decreased to its recorded limits and 
beyond. 
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The consequences of the sensitivity analysis in terms of GWP across systems affected by SMP 
assumptions are illustrated in Figure 8-5. The minimum and maximum values for SMP in accordance 
with each system are represented by bold outlined markers with the baseline GWP result and SMP 
denoted as a white filled marker. BAU, COMP and HCOMP systems have been excluded from the 
results because no change occurs in these systems as the only form of AD operating was of SS at the 
WWTP, and the SMP for sludge digestion was measured data averaged across one year.  
As expected when SMP increased electricity output also increased and thus the reduction of 
GWP seen in Figure 8-5 is due to the credit received from offsetting electricity otherwise generated 
from the coal dominated state grid mix for electricity generation. There was a small increase in GWP 
from the actual digestion process as fugitive emissions rose, but the magnitude of increase in GWP 
was surpassed by the benefits received from offsetting coal derived electricity.  There were three 
interesting points of the AcoD system for CASE 2; firstly, the GWP corresponding to the minimum 
SMP recorded in the literature for AcoD in CASE 2 (324 m3 of CH4/Mg of VSadded) was approximately 
the same as the GWP for SAD when SMP was at its maximum value recorded in the literature. 
Suggesting AcoD is likely to have a consistently smaller GWP than SAD. Secondly, under the baseline 
SMP rate AcoD witnessed a lower GWP than when MBT ran at its maximum SMP recorded in the 
literature. Finally, AcoD could conceivably become an abatement option for global warming if it were 
to reach its maximum SMP recorded in the literature. It must be noted however that this production 
rate would be equivalent to a 93% volatile solids destruction rate, which is likely to be achieved only 
with greater solids retention time (Moriarty, 2013; Nopharatana et al., 2007; Zhang et al., 2014).  
In CASE 1 the MBT was consistently better than all other systems, excluding if AcoD generated at 
or near its maximum SMP of 505 m3 of CH4/Mg of VSadded and MBT generated at or near its minimum 
SMP recorded in the literature (204 m3 of CH4/Mg of VSadded). This results was not replicated in CASE 
2 because the higher FW content relative to overall waste in CASE 1 (45% of all garbage waste 
whereas in CASE 2 it was recorded at 35%).  
Concerning other impact categories the effect of increasing SMP and thus increasing electricity 
output led to all systems increasing their benefits for AP, ADP and FFDP as well as decreasing their 
impact for HTox and EP. Although some of the changes witnessed were very minor with ADP across 
the whole sensitivity range impact decreasing by a maximum of 9%; for HTox and EP the impact 
increased by a maximum of 1%. The last impact category POP, showed an increase in impact as SMP 
increased across systems by a small fraction (a maximum of 6% over the whole sensitivity range).  
 Joel Edwards – PhD Thesis   Chapter 8—212 of 271 pages 
 
 
It is worth noting that more advanced pre-treatment and digestion technologies exist that have 
been demonstrated to increase SMP for FW and SS either individually or as co-substrates, as well as 
having added benefits like pathogen reduction in biosolids. Furthermore, these technologies can add 
benefits including decreased sludge production, the use of supernatant as fertiliser and increased 
pathogen removal. Examples of pre-treatments include thermo-chemical, pressure/de-pressure and 
steam explosion (Li et al., 2013; Ma et al., 2011; Mata-Alvarez et al., 2014), whilst for the digestion 
process itself examples include temperature phase digestion, and two stage fermentation (H.-W. 
Kim et al., 2011; Liu et al., 2013; Riau et al., 2010; Rubio-Loza and Noyola, 2010). The SMP these 
technologies can achieve and the associated benefits have not been assessed in this study because 
they require additional infrastructure and input materials which would alter the systems. However, 
further research would benefit from including such advanced technologies.  
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Figure 8-5 –  Sensitivity analysis: GWP according to specific methane production  
8.3.2.4 Distance to treatment and end-use 
The kerbside collection and transportation process within a waste management system has been 
shown to contribute significantly to many environmental impact categories, in particular HTox and 
FFDP, although contribute only marginally for GWP (Fernández-Nava et al., 2014; Saer et al., 2013). 
The baseline environmental impact when divided into process contribution shows that this too is 
true for both case studies with the collection and transportation process contributing to HTox, FFDP, 
and to a lesser extent, GWP and AP. CASE 1 tended to show the collection process having a higher 
contribution as it is a rural based waste catchment with collection points further apart from one 
another. 
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The key assumption in the collection modelling is that newly introduced treatment technologies 
like AcoD, SAD and centralised composting of FW and garden waste would be built onsite at pre-
existing facilities near the waste catchment (i.e. the current WWTP or the current landfill). 
Therefore, to test the effect of instead having to transport the waste further to a treatment facility 
beyond an adjacent local government, the distance to these treatment locations was doubled 
(+100%). All systems increased their respective HTox impact by between 3-12% for the rural based 
CASE 1, and 1-4% for the urban based CASE 2. HCOMP showed the smallest increase and COMP the 
largest. All systems FFDP benefit reduced by between 8-38% across CASE 1 systems, and 2-10% for 
CASE 2, with HCOMP showing the smallest reduction and COMP the largest. For GWP the overall 
impact increased by between 1-10% for CASE 1 with HCOMP as the smallest increase and MBT as the 
largest increase. For CASE 2 the overall impact increased by only small margins of 3%, 6% and 8% for 
HCOMP, BAU and COMP respectively. Interestingly, significant increases were witnessed when AcoD, 
INSINK, SAD and MBT were tested with GWP rising by 42%, 21%, 11% and 19% respectively. These 
high values are significant, however are also an indication that if a system has a relatively low overall 
GWP, as witnessed by the aforementioned systems, the collection process will have a far greater 
proportional effect on the overall GWP of that system.    
8.3.3 Uncertainty analysis 
Results for the uncertainty analysis for both case studies are depicted in Table 8-2 and  
Table 8-3. All systems were evaluated against each other at least 2000 times, with the row 
systems impact/benefit being subtracted from the column systems impact/benefit for each 
simulation. The value in the cell represents the percentage of these simulations for which a row's 
impact/benefit was better than the column's impact/benefit. The darker the shade of the cell the 
closer this value is to 100%, and the lighter the shade of the cell the closer it is to 0%.  
All alternative systems significantly outperformed BAU for GWP, except for COMP. COMP was 
the only system to fall below 98% likelihood of achieving a better GWP instead exhibiting values of 
95% and 63%, for CASE 1 and CASE 2, respectively. Notably the FW AD systems AcoD, and MBT had a 
76% or above likelihood of achieving a smaller GWP than COMP for CASE 2, whilst for CASE 1 the 
likelihood increased to 98% or above. This affords strong evidence to the suggestion that 
composting, whether centralised or at home, is unlikely to be the best way to minimise a municipals 
FW management system’s global warming impact. As many, Australian municipalities are seeking to 
implement new alternative FW management systems, motivated in part by the desire to mitigate 
the consequences the current system has on global warming; this result is likely to provide insightful 
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guidance. The GWP uncertainty results can be found in Figure 8-6 displaying the mean value of the 
uncertainty analysis along with 2σ.  
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Table 8-2 –  Uncertainty results for CASE 1. 
 Percentage of time row's impact was lower (better) than column's impact according to at least 
n=2000 Monte Carlo analysis   
CASE 1 – Uncertainty analysis 
  Abiotic depletion (ADP)  Fossil fuel depletion (FFDP) 
 BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU  36% 76% 37% 24% 62% 68%   0% 7% 100% 44% 2% 7% 
AcoD 64%  79% 43% 26% 75% 75%  100%  86% 100% 100% 80% 53% 
INSINK 24% 21%  21% 12% 19% 32%  93% 14%  98% 72% 22% 15% 
COMP 63% 57% 79%  35% 66% 73%  0% 0% 2%  0% 0% 1% 
HCOMP 76% 74% 88% 65%  79% 79%  56% 0% 28% 100%  3% 6% 
SAD 38% 25% 81% 34% 21%  67%  98% 20% 78% 100% 97%  29% 
MBT 32% 25% 68% 27% 21% 33%   93% 47% 85% 99% 94% 71%  
 Ozone layer depletion (ODP)  Human toxicity depletion (HTox) 
 BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU  2% 5% 5% 3% 3% 1%   45% 51% 55% 45% 64% 75% 
AcoD 98%  15% 42% 7% 54% 0%  55%  51% 55% 50% 64% 83% 
INSINK 95% 85%  81% 27% 82% 0%  49% 49%  53% 48% 60% 74% 
COMP 95% 58% 19%  10% 55% 0%  45% 45% 47%  42% 51% 70% 
HCOMP 97% 93% 73% 90%  90% 0%  55% 50% 52% 58%  59% 72% 
SAD 97% 46% 18% 45% 10%  0%  36% 36% 40% 49% 41%  79% 
MBT 99% 100% 100% 100% 100% 100%   25% 17% 26% 30% 28% 21%  
 Photochemical oxidation (POP)  Acidification (AP) 
 BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU  0% 0% 0% 0% 0% 0%   0% 11% 100% 95% 1% 2% 
AcoD 100%  31% 6% 0% 66% 0%  100%  93% 100% 100% 85% 45% 
INSINK 100% 69%  8% 0% 56% 0%  89% 7%  96% 85% 16% 8% 
COMP 100% 94% 92%  3% 94% 0%  0% 0% 4%  5% 0% 0% 
HCOMP 100% 100% 100% 97%  100% 0%  5% 0% 15% 96%  0% 0% 
SAD 100% 34% 44% 6% 0%  0%  99% 15% 84% 100% 100%  18% 
MBT 100% 100% 100% 100% 100% 100%   98% 55% 92% 100% 100% 82%  
 Eutrophication (EP)  Global Warming Potential (GWP) 
 BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU  9% 3% 4% 3% 1% 0%   0% 0% 7% 0% 0% 0% 
AcoD 91%  40% 31% 46% 43% 13%  100%  73% 98% 95% 76% 1% 
INSINK 97% 60%  30% 24% 38% 9%  100% 27%  95% 66% 32% 0% 
COMP 96% 69% 70%  45% 71% 29%  93% 2% 5%  10% 2% 0% 
HCOMP 97% 54% 76% 55%  73% 30%  100% 5% 34% 90%  20% 0% 
SAD 99% 57% 62% 29% 27%  5%  100% 24% 68% 98% 80%  0% 
MBT 100% 87% 91% 71% 70% 95%   100% 99% 100% 100% 100% 100%  
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Table 8-3 –  Uncertainty results for CASE 2.  
Percentage of time row's impact was lower (better) than column's impact according to at least 
n=2000 Monte Carlo analysis   
CASE 2- Uncertainty results 
  
Abiotic depletion (ADP) 
  
Fossil fuel depletion (FFDP) 
 
BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU    35% 62% 32% 24% 58% 72%     14% 35% 100% 90% 97% 98% 
AcoD 65%   72% 43% 36% 70% 80%   86%   75% 99% 96% 95% 98% 
INSINK 38% 28%   31% 32% 44% 64%   65% 25%   88% 74% 83% 95% 
COMP 68% 57% 69%   44% 74% 82%   0% 1% 12%   0% 30% 87% 
HCOMP 76% 64% 68% 56%   77% 82%   10% 4% 26% 100%   82% 95% 
SAD 42% 30% 56% 26% 23%   75%   3% 5% 17% 70% 18%   94% 
MBT 28% 20% 36% 18% 18% 25%     2% 2% 5% 13% 5% 6%   
  
Ozone layer depletion (ODP)  Human toxicity d (HTox) 
BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU   11% 12% 16% 11% 11% 3%     46% 57% 58% 53% 72% 92% 
AcoD 89%   27% 56% 21% 67% 1%   54%   49% 58% 54% 64% 91% 
INSINK 88% 73%   74% 38% 79% 0%   43% 51%   51% 48% 52% 79% 
COMP 84% 44% 26%   18% 46% 0%   42% 42% 49%   40% 49% 84% 
HCOMP 89% 79% 62% 82%   81% 1%   47% 46% 52% 60%   61% 87% 
SAD 89% 33% 21% 54% 19%   1%   28% 36% 48% 51% 39%   91% 
MBT 97% 99% 100% 100% 99% 99%     8% 9% 21% 16% 13% 9%   
  
Photochemical oxidation (POP)  Acidification (AP) 
BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU   0% 2% 0% 0% 0% 0%     15% 43% 100% 96% 97% 98% 
AcoD 100%   37% 9% 0% 36% 0%   85%   78% 99% 95% 96% 99% 
INSINK 98% 63%   29% 6% 60% 4%   57% 22%   81% 72% 78% 95% 
COMP 100% 91% 71%   7% 92% 0%   0% 1% 19%   7% 38% 94% 
HCOMP 100% 100% 94% 93%   98% 0%   4% 5% 28% 93%   68% 97% 
SAD 100% 64% 40% 8% 2%   0%   3% 4% 22% 62% 32%   96% 
MBT 100% 100% 96% 100% 100% 100%     2% 1% 5% 6% 3% 4%   
  
Eutrophication (EP)  Global Warming Potential (GWP)  
BAU AcoD INSINK COMP HCOMP SAD MBT  BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU   8% 12% 0% 0% 0% 0%     0% 2% 37% 23% 0% 1% 
AcoD 92%   52% 25% 18% 42% 3%   100%   68% 78% 63% 93% 60% 
INSINK 88% 48%   28% 22% 41% 11%   98% 32%   73% 61% 84% 52% 
COMP 100% 75% 72%   47% 84% 15%   63% 22% 27%   35% 40% 24% 
HCOMP 100% 82% 78% 53%   69% 17%   77% 37% 39% 65%   51% 42% 
SAD 100% 58% 59% 16% 31%   2%   100% 7% 16% 60% 49%   23% 
MBT 100% 97% 89% 85% 83% 98%     99% 40% 48% 76% 58% 77%   
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In relation to CASE 2, uncertainty analysis for EP showed MBT to have a smaller impact than all 
other systems in 85% or more of the simulations.  A higher confidence was also witnessed for POP 
(above 96%) and ODP (above 97%).  AcoD exhibited a strong level of confidence for exhibiting a 
smaller FFDP impact (above 75%), AP (above 78%), and GWP (above 60%) when compared to all 
other systems. Regarding CASE 1, uncertainty results for FFDP, it was demonstrated that the MBT 
system had a lower impact than AcoD in 47% of simulations. Compared to the baseline results, 
where the MBT system was ranked seventh and the AcoD system first, the uncertainty results were 
appreciably different. This means that when incorporating uncertainty into inventory energy 
consumption/generation values, for example the electricity required for mechanical separation, or 
the electricity output from digestion, it is difficult to say with confidence that AcoD will provide more 
energy than MBT for CASE 1. However, similar to CASE 2, whilst it would be difficult to determine a 
definitive conclusion to which system would have the greatest FFDP benefit for CASE 1; the AcoD 
and MBT systems were demonstrated to be consistently better performers than the BAU, COMP, 
HCOMP and SAD systems. 
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Figure 8-6 –  Uncertainty results for global warming potential of both case studies  
Minimum 2000 Monte Carlo simulations of COMP’s impact subtract alternative systems impact, mean value 
(diamond) and ±2σ (rectangle at the end of bar).  A negative value indicates alternative system is performing better than 
COMP. The notable difference in the range across case studies is an indication of the greater variance of SMP for CASE 2’s 
WWTP anaerobic digester coupled with the higher quantity of sewage sludge being treated, as discussed in Section 8.3.2.3. 
In order to depict the difference in rankings brought about by incorporating uncertainty, Table 
8-4 and Table 8-5 demonstrate new ordinal rankings using the uncertainty data. These are then 
compared to the initial baseline results and the change, if any, in rankings calculated as suggested by 
(Laurent et al., 2014b). This representation illustrated that the ordinal rankings for HTox changed 
significantly. This is brought about by the variability in metal concentrations of sludge and kerbside 
waste streams, along with the high σ2 values for heavy metal emissions as well as the fact that only 
small magnitudes of difference between systems were present in the baseline impacts, making the 
rankings more susceptible to uncertainty. There were also significant changes to MBT for FFDP and 
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AP, as described above.  This occurred due to high variation in the specific methane production rate 
discussed in 3.2.3 along with the FW sorting efficiencies.  
Whilst the rankings did alter for some impact categories, where they did not change, establishes 
evidence of a systems better or worse performance of another. This method of re-ranking systems 
post uncertainty analysis coupled with considered sensitivity analysis provides a useful framework 
for municipalities to make evidence based decisions on the FW management system they choose to 
instigate.   
Table 8-4 –  Ordinal rankings for CASE 1 according to uncertainty analysis 
CASE 1 - Ordinal ranking 
Baseline 
  ADP FFDP ODP HTox POP AP EP GWP 
BAU 4 4 7 2 7 3 7 7 
AcoD 3 1 5 5 4 1 4 2 
INSINK 7 5 3 3 5 4 3 4 
COMP 2 6 4 4 3 7 5 6 
HCOMP 1 3 2 1 2 5 2 5 
SAD 5 2 6 6 6 2 6 3 
MBT 6 7 1 7 1 6 1 1 
Uncertainty 
  ADP FFDP ODP HTox POP AP EP GWP 
BAU 4 6 7 3 7 5 7 7 
AcoD 3 1 5 2 5 2 6 2 
INSINK 7 4 3 4 4 4 5 4 
COMP 2 7 4 5 3 7 3 6 
HCOMP 1 5 2 1 2 6 2 5 
SAD 5 3 6 6 6 3 4 3 
MBT 6 2 1 7 1 1 1 1 
Change (uncertainty - baseline) 
  ADP FFDP ODP HTox POP AP EP GWP 
BAU 0 2 0 1 0 2 0 0 
AcoD 0 0 0 -3 1 1 2 0 
INSINK 0 -1 0 1 -1 0 2 0 
COMP 0 1 0 1 0 0 -2 0 
HCOMP 0 2 0 0 0 1 0 0 
SAD 0 1 0 0 0 1 -2 0 
MBT 0 -5 0 0 0 -5 0 0 
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Table 8-5 –  Ordinal rankings for CASE 2 according to uncertainty analysis  
CASE 2 - Ordinal rankings 
Baseline 
  ADP FFDP ODP HTox POP AP EP GWP 
BAU 4 3 7 3 7 2 7 7 
AcoD 3 1 5 5 6 1 6 1 
INSINK 6 2 3 2 4 3 5 2 
COMP 2 6 4 4 3 6 3 6 
HCOMP 1 4 2 1 2 4 2 4 
SAD 5 5 6 6 5 5 4 5 
MBT 7 7 1 7 1 7 1 3 
Uncertainty 
  ADP FFDP ODP HTox POP AP EP GWP 
BAU 4 3 7 1 7 3 7 7 
AcoD 3 1 4 1 6 1 5 1 
INSINK 6 2 3 3 4 2 6 2 
COMP 2 6 6 6 3 6 3 6 
HCOMP 1 4 2 3 2 4 2 4 
SAD 5 5 5 5 5 5 4 5 
MBT 7 7 1 7 1 7 1 3 
Change (uncertainty - baseline) 
  ADP FFDP ODP HTox POP AP EP GWP 
BAU 0 0 0 -2 0 1 0 0 
AcoD 0 0 -1 -4 0 0 -1 0 
INSINK 0 0 0 1 0 -1 1 0 
COMP 0 0 2 2 0 0 0 0 
HCOMP 0 0 0 2 0 0 0 0 
SAD 0 0 -1 -1 0 0 0 0 
MBT 0 0 0 0 0 0 0 0 
8.4 Conclusion 
1. AD based systems were shown to significantly outperform composting based systems for 
global warming potential (GWP). Monte Carlo simulations confirmed baseline results, 
showing that in CASE 1 over 95% of runs concluded digestion systems had a smaller GWP 
than centralised composting   
2. Smallest environmental impacts were consistently shown by the systems of: 
a. HCOMP: for abiotic depletion 
b. MBT: for ozone layer depletion, eutrophication and photochemical oxidation 
c. AcoD: for fossil fuel depletion and acidification  
3. Smallest GWP was AcoD for CASE 2 and MBT for CASE 1 
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4. AcoD achieved a negative GWP when efficient household sorting was enacted 
8.5 Supplementary data  
Supplementary data associated with this article can be found in the appendix. 
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Chapter Nine 
9 Life cycle costing of municipal food waste management systems: 
the effect of environmental externalities and transfer costs using 
local government case studies 
 
Chapter 9 is a complete life cycle costing (LCC) of all seven modelled waste management 
systems across two case studies. It uses two methods of LCC; Environmental LCC and Societal LCC to 
provide a unique dual perspective of the cost of each municipal food waste (FW) management 
system. The Environmental LCC presents the total budget costs and transfer costs (i.e. taxes) of all 
systems along with their environmental impact determined in Chapter 8. The analysis also looks into 
the specific costs incurred by a wastewater treatment plant (WWTP) when using anaerobic co-
digestion (AcoD). Moreover, all systems are discussed in the context of cost per household. Scenario 
analysis is used to show the specific dollar value a policy intervention would need to be set at in 
order for each alternative system to have the same total cost as business-as-usual. Societal LCC, 
outlays a clear method for using a price on externalities therefore combining the environmental 
impact with a monetary value. Although this method is limited by available externality data it shows 
a useful method in integrating budget costs with environmental impacts. At the time of Thesis 
submission the chapter was prepared for submission to Resources, Conservation and Recycling.  
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9.1 Introduction 
Diverting FW from landfill by using alternative treatment methods like anaerobic digestion (AD) 
or composting has frequently shown to have a better outcome for the environment (Laurent et al., 
2014a; Morris et al., 2013). However, FW is still most commonly disposed of to landfill, largely due to 
landfill being the cheapest and easiest solution, particularly in regions where there is adequate 
space for landfills like in Australia (Randell et al., 2014).  
To promote the use of alternative FW treatment methods many governments have begun to 
impose financial incentives and other policies to help them compete against landfill. Policy measures 
were demonstrated to increase the use of alternative treatment methods in Germany and the 
United Kingdom (J. Edwards et al., 2015). Some policies aim to discourage landfilling of waste 
through a landfill levy, or incentivise the generation of recovered resources from waste through 
renewable energy bonuses and waste landfill diversion. As landfilling FW contributes significantly to 
greenhouse gas emissions, the pricing of carbon emissions or paying for the abatement of carbon 
emissions is also used.   
Whilst the policy measures aim to make the gate fee for alternative FW treatments competitive; 
cost of a FW management system also involves the sorting, collection, and pre-treatment of waste. 
With alternative FW treatments often incurring cost increases because of the preconditions involved 
in ensuring a contaminant free, homogenous organic waste stream (AD of FW typically requires the 
kerbside collection of a new dedicated FW bin and a mechanical pre-treatment to ensure a low 
contamination rate). Therefore, in order for waste managers to gauge the complete cost of FW 
management the costs of the whole FW management system, including all constituent processes, 
must be considered as part of a system’s life cycle. 
One Australian study has looked at a financial analysis of selected waste management systems 
using a life cycle approach, although it used a broad scope (state level) and did not include 
externality costs (non-marketed goods like environmental pollution) in their analysis (Schacher et al., 
2007). In waste management systems many parameters in the sorting, collection and pre-treatment 
steps are locality-specific and therefore impose a limitation on general broad financial analysis. 
Whilst the past study is valuable, it does not provide the resolution required for waste management 
systems that operate on a local scale and with variables that can be vastly different from one 
jurisdiction to the next (i.e. waste characteristics, sorting rates, collection distances etc.). One 
recently published LCC study (research) based in the USA provided a case study analysis that 
included local  variables , compared various waste management systems, and included externality 
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costs (Martinez-Sanchez et al., 2017a). However, the applicability of this study to Australian 
conditions is limited as a USA specific LCA toolkit developed by Levis et al. (2014) was used. 
Moreover, the USA study only included air emission externality costs and did not include anaerobic 
co-digestion of FW and sewage sludge (SS) as an alternative FW management system. This leaves a 
gap in the literature regarding the LCC of alternative FW treatment systems, in particular for AcoD 
both as part of a waste system and as a standalone treatment technology; a gap highlighted by Burn 
et al (2014). 
This study determines the LCC  of seven waste management systems, including different AcoD 
based systems, when applied to two local government area (LGA) waste catchments using the newly 
developed LCA tool detailed in Edwards et al. (2017b) as the costing framework. The LCC included 
externality costs of air and water pollution, as well as relevant taxes, capital and operating 
expenditure. The study used sensitivity and scenario analysis to explore the impact of different 
policy measures and physical parameters including increases in landfill levies, a price on greenhouse 
gas air emissions, increasing sorting efficiencies, and an increase in methane generation rates. In 
doing so this research demonstrates the key policy levers and their impact on the LCC of various FW 
management systems. It provides local government and decision makers a unique insight into the 
potential effect of current and prospective government policy measures. Policy measures they may 
seek to apply in order to promote a waste system with a smaller environmental impact. 
9.2 Materials and method 
9.2.1 System boundary 
The system boundary begins for household solid waste when it is collected at the kerbside by 
truck. It includes respective pre-treatment, treatment and end-use steps. Electricity and 
biosolids/compost products generated in selected treatment processes are also considered within 
the system boundary. For SS, the system boundary covers all sludge generated at the wastewater 
treatment plant (WWTP) once it has been dewatered and immediately before being fed into the 
anaerobic digester. The boundary ends when biosolids have been applied to the soil. The total air 
emissions from landfill and biosolids/compost land application after 100 years are deemed to occur 
instantaneously in the model so as not to prejudice systems that release all air emissions instantly. 
This approach is common for waste management LCA that seek to mitigate the unavoidable 
constraint of comparative LCA where different time frames are observed across competing systems. 
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The functional unit is to collect, treat and manage one years’ worth of municipal collected 
residual garbage, FW and garden waste (GW) by each local government case study and one years’ 
worth of SS generated at the local WWTP. The two case studies reference flows (in wet weight) 
ascribed are; 
• Melton city council (CASE 1) provides waste services to 36,919 households. 10,461 Mg of 
garbage waste, 8,559 Mg of FW, 8,125 Mg of GW, and 22,574 Mg of SS 
• Sutherland shire council (CASE 2) provides waste services to 82,470 households. 33,280 
Mg of garbage waste, 17,920 Mg of FW, 13,000 Mg of GW, and 91,300 Mg of SS 
9.2.2 Systems being assessed  
The following selected waste management systems were assessed: 
Business-as-usual (BAU) – Garbage and FW are collected together at the kerbside in the mobile 
garbage bin (MGB) on a weekly basis. The MGB is sent directly to landfill. GW is collected on a 
fortnightly basis and sent to a centralised windrow composting facility. SS is treated by AD at the 
local WWTP.    
Centralised composting (COMP) – FW is separated at the household and placed in a co-mingled 
organics bin along with GW. This is collected fortnightly and sent directly to a centralised windrow 
composting facility. Garbage is collected on a fortnightly basis and SS is treated by AD. 
Home composting (HCOMP) – Home composting units are provided by local government and 
households place all FW and small GW into the unit. Large GW (branches, wood etc.) is collected on 
a monthly basis at the kerbside and wood chipped. Garbage and SS are managed in the same 
manner as per COMP.  
Anaerobic co-digestion (AcoD) – Households source separate FW into a dedicated mobile FW 
bin (MFB) which is collected weekly. After being pre-treated this FW is anaerobically digested along 
with SS at the WWTP. Garbage and GW are managed in the same manner as per BAU. 
In-sink maceration (INSINK) – An in-sink FW disposer provided to households by local 
government is used to dispose of FW. The FW is transported via the reticulated sewer system to the 
local WWTP whereby it undergoes primary and secondary treatment and consequently is 
anaerobically digested along with SS. Garbage and GW are managed in the same manner as per BAU. 
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Separate anaerobic digestion (SAD) – Similar to AcoD, FW is placed in an MFB collected weekly. 
However, FW undergoes pre-treatment and treatment at a dedicated FW anaerobic digester. 
Garbage, GW and SS are managed in the same manner as per BAU.  
Mechanical biological treatment (MBT) – Similar to BAU, Garbage and FW are collected 
together at the kerbside on a weekly basis. The co-mingled waste is sent to a mechanical sorting and 
pre-treatment facility where organics and inorganics are separated. Organics are sent for 
thermophilic AD followed by in-vessel aeration composting, whilst inorganics are sent to landfill. GW 
and SS are managed in the same way as BAU.    
9.2.3 Assessment goals 
A LCC can generally be classified into one of three types, a conventional LCC that focuses on one 
actor using only internalised costs, an Environmental LCC, which is performed in parallel with an LCA, 
and a Societal LCC that includes externality and budget costs (Martinez-Sanchez et al., 2015). This 
study includes the latter two LCC variations; and has two objectives. The primary objective is to 
focus specifically on a financial analysis of the waste management system using the system 
boundary set out by the associated LCA study. This includes all the key waste management 
stakeholders like rate paying households, local government and waste collection, management and 
treatment parties, but excludes the broader cost/benefits associated with externalities. In this way 
the focus can be on assessing the cost consequences of applying different transfers (taxes, fees etc.) 
brought about by potential changes to current policy measures including the landfill levy, 
greenhouse gas emissions, and renewable electricity incentives. The aforementioned policy 
measures are all mechanisms of internalising externality costs (i.e. imposing onto stakeholders a 
monetary value for carbon dioxide emissions because of its’ global warming potential). The second 
objective is to provide a Societal LCC whereby transfer payments are excluded from internalised 
costs and environmental impact externalities are considered by consigning a monetary value per 
unit pollution. The Societal LCC is constrained by the availability of externality cost data, however, 
delivers a distinct methodology capable of considering further social or environmental externalities 
as further research places a monetary value on such items. 
9.2.4 Division of costs  
The LCC was conducted using the unit cost method as described by Martinez-Sanchez et al. 
(2015) and Parthan et al. (2012). Waste management systems were divided into key processes; 
namely collection, pre-treatment, and treatment (note the treatment process includes end-use). 
Each process was then broken up into cost items including capital, materials, energy, required and 
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labour, with each item being defined by a physical and an economic parameter. The physical 
parameter refers to the amount of the cost item required to collect/pre-treat/treat/dispose of 1 Mg 
of waste (i.e. 28 kWh/Mg of input pre-treated waste), whilst the economic parameter describes the 
monetary value of the item ($0.15/kWh). Each cost item is also labelled according to one of three 
categories; budget cost, transfer cost or externality. All costs are summed for each process resulting 
in a total unit cost. 
9.2.4.1 Budget costs 
Budget costs are internalised costs incurred by a council (collection trucks, labour), a waste 
management company (electricity, sorting labour etc.) or a household (bin liner, in-sink macerator). 
Budget costs were calculated as detailed in Martinez-Sanchez et al. (2015) as follows:  
• Annualised costs for capital and fixed operation and maintenance (labour, entitlements, 
rent) across the life of an asset in accordance to net present value.  
• Variable costs associated with operation and maintenance; and the specific usage of 
goods or services like electricity or diesel.  
• The sale of by-products generated by treatment processes (electricity, compost and 
biosolids) were considered credits and hence reduced budget costs. Electricity sales were 
handled using the net-metering method, therefore when used onsite it offsets the retail 
cost of electricity, when exported it was considered to be sold at the average wholesale 
electricity price ($0.05/kWh). Biosolids were considered to have no value, which 
represents the current market, whilst compost was valued at $12.50 per Mg and 
woodchips at $17.50 per Mg. 
Interest repayments for loans on capital or other expenses are not included in budget costs as 
financing of processes involved in each system are assumed to be met by existing funds. Although 
this is a limitation of the study it is common for similar financial analysis (Møller and Martinsen, 
2013).  
9.2.4.2 Transfer costs 
Transfer costs represent income redistribution between stakeholders with no re-allocation of 
resources (Huppes et al., 2008; Martinez-Sanchez et al., 2015). They are typically in the form of taxes 
or rebates. Transfer costs considered in the study are: 
• Landfill levy, a state government tax currently imposed on all waste disposed to landfill 
on a per Mg basis. The landfill levy is different for each case study in accordance to their 
respective jurisdictions with CASE 1 set at $62/Mg and CASE 2 at $136/Mg.  
• FiT for electricity generation whereby additional revenue is granted to generators for 
exporting electricity derived from biogas or landfill gas to the grid. The rate is also 
dependant on the state jurisdiction; currently both case studies have no FiT applicable to 
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the systems being assessed, however the transfer item has been included to explore how 
much it would need to be set at to make a system cost neutral relative to BAU.  
• Large scale renewable energy generation certificates are revenue paid to suppliers for 
exporting electricity derived from biogas or landfill gas, the rate is a national market 
driven variable spot price. The average spot price between September 2016 and April 
2017) was used ($85/MWh). 
• Diesel excise of $0.396/L is also applied nationally across both jurisdictions. 
Pecuniary transfers were considered to be negligible as products being generated are sold into 
expanding markets i.e. electricity consumption is increasing nationwide so too is the need for 
fertiliser, suggesting there is room for new suppliers without the need to displace existing suppliers. 
Transfer costs associated with company operations or employment (company tax, goods and 
services tax, pay roll tax) are typically ignored in costing analysis (Møller and Martinsen, 2013). This 
is also true in this study as it is assumed that any tax revenue from any system use is approximately 
equal to that of any alternative. Any changes to property values brought about through lowering 
amenity of a neighbouring property is also excluded from the study as the location of any new 
facility is assumed to be adjacent to the current landfill, composting or WWTP site.  
9.2.4.3 Externality costs 
Externality costs are non-marketed goods that represent effects on the welfare of populations 
typically through changes to health, environment, amenity and leisure time. The most notable 
externality costs for waste management systems are those associated with air emissions, primarily 
PM, NOx, SO2, CO2, CH4, NH3, and trace elements (Eshet et al., 2006; Martinez-Sanchez et al., 2015; 
Rabl et al., 2007). Water emissions like landfill leachate have also been highlighted as a source of 
likely high externality costs, although monetary evaluations of these emissions have rarely been 
implemented (Martinez-Sanchez et al., 2017a). This study considered the externalities of air and 
water emissions as shown in Table 9-1. 
Air emissions accounting prices have been gathered from local studies where available, 
otherwise literature largely from Europe and the USA. A mixed method approach was taken 
regarding the determination of accounting prices. Whilst variation of methodologies exist when 
determining accounting prices across sourced materials, accounting prices for air emissions have 
been derived by considering the complex relationship between pollutants’ concentration, dispersion, 
population, dose-response function and consequent impact on human health (Eshet et al., 2006). 
Greenhouse gases that impact on climate also consider wider socio and geopolitical consequences 
and as such are not sensitive to localised population density (ATSE, 2009). For water emissions the 
accounting prices used are derived from the likely cost of abatement of the pollutant. It is important 
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to note this is a different method from that used to calculate accounting prices for air emissions. The 
lack of available data on water emissions externality costs was a limitation, however if and when 
additional data is available it can be added.  
Table 9-1 –  Accounting prices for externality costs included in the study 
Pollutant Impact on Cost 
$AUD/kg 
Reference 
To air:     
CO2 Climate 0.05 (ATSE, 2009), 2006 to 2017 dollars (2% discount rate), 
conversion € to $AUD 1:1.45 (2nd Jan 2017) 
CO2, biogenic Climate 0/0.05 Biogenic carbon considered neutral (see Section 
9.3.2.3)  
CH4 Climate 1.49 Based on CO2 value multiplied by the IPCC CO2 
equivalent impact factor (28) 
CH4, biogenic Climate 1.35/1.49 Based on CO2 value multiplied by the IPCC CO2 
equivalent impact factor (25.25) (see Section 9.3.2.3) 
CFC-12 Climate 512 Based on CO2 value multiplied by the IPCC CO2 
equivalent impact factor (10,239) 
CFC-11 Climate 233 Based on CO2 value multiplied by the IPCC CO2 
equivalent impact factor (4,663) 
N2O Climate 14.1 Based on CO2 value multiplied by the IPCC CO2 
equivalent impact factor (265) 
NOx Human health, 
crops 
7.36 (ATSE, 2009), 2006 to 2017 dollars (2% discount rate), 
conversion € to $AUD 1:1.45, scaled for Australian 
population (20 persons/km2) 
NH3 Human health, 
crops 
34.4 (ATSE, 2009), 2006 to 2017 dollars (2% discount rate), 
conversion € to $AUD 1:1.45, scaled for Australian 
population (20 persons/km2) 
PM10 Human health, 
visibility 
7.08 (ATSE, 2009), 2006 to 2017 dollars (2% discount rate), 
conversion € to $AUD 1:1.45, scaled for Australian 
population (20 persons/km2) 
PM2.5 Human health, 
visibility 
461 (ATSE, 2009), 2006 to 2017 dollars (2% discount rate), 
conversion € to $AUD 1:1.45, scaled for Australian 
population (20 persons/km2) 
SO2 Human health, 
crops 
4.85 (ATSE, 2009), 2006 to 2017 dollars (2% discount rate), 
conversion € to $AUD 1:1.45, scaled for Australian 
population (20 persons/km2) 
CO Human health 1.17 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
VOC Human health 2.03 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
Dioxin 
2,3,7,8 
Human health 7.42E8 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
As Human health 319 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
Cd Human health 155 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
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Cr Human health 797 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
Hg Human health 1.18E5 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
Ni Human health 14.9 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
Pb Human health 618 Averaged value from numerous studies (Martinez-
Sanchez et al., 2017a) 
To water:    
COD Water quality 2.70 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Total P Water quality, 
eutrophication 
4.10 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Norganic Water quality, 
eutrophication 
5.45 (Department of the Environment Water Heritage and 
the Arts, 2009) 
NO3 Water quality, 
eutrophication 
1.23 (Department of the Environment Water Heritage and 
the Arts, 2009) 
NO2 Water quality, 
eutrophication 
1.66 (Department of the Environment Water Heritage and 
the Arts, 2009) 
NH4+ Water quality, 
eutrophication 
4.24 (Department of the Environment Water Heritage and 
the Arts, 2009) 
As Human health, 
water quality 
54 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Cd Human health, 
water quality 
1.45E3 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Cr Human health, 
water quality 
91 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Cu Human health, 
water quality 
37 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Pb Human health, 
water quality 
138 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Hg Human health, 
water quality 
3.89E3 (Department of the Environment Water Heritage and 
the Arts, 2009) 
Other 
metals (Al, 
An, Co, Fe, 
Mn, Mo, Ni, 
Se, Ag, Sn, 
Zn) 
Human health, 
water quality 
1.64 (Department of the Environment Water Heritage and 
the Arts, 2009) 
 
9.2.5 LCC inventory  
As noted in Section 9.2.3 the Environmental LCC includes budget and transfer costs, whilst the 
Societal LCC includes budget and externality costs. The sum of unit costs for each waste 
management system and its included processes can be found in Table 9-2. 
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Table 9-2 –  The sum of unit budget and transfer costs for each process  
CASE 1    Budget costs ($AUD/Mg)   Budget + Transfers costs ($AUD/Mg) 
Step Specific Process  BAU COMP HCOMP AcoD INSINK SAD MBT  BAU COMP HCOMP AcoD INSINK SAD MBT 
Collection  
Garbage bin  85.9 72.1 108 74.5 84.1 74.5 85.9  89.2 74.4 112 76.9 86.6 76.9 89.2 
Garden waste bin  78.7 122 134 78.7 79.4 78.7 78.7  81.3 126.4 136 81.3 82.0 81.3 81.3 
FW bin/home composter/In-
sink maceration 
 
    37.4 260.3 356 260        37.4 268 356 268   
Pre-
treatment  
Mechanical sorting        32.8   35.0 48.3        45.8   48.0 74.1 
FW as wastewater          56.0              56.0     
Treatment 
Landfill  51.5 52.9 52.8 52.9 52.8 52.9 55.9  106 107 107 107 107 107 110 
Composting -garden waste  51.9   35.7 51.9 51.9 51.9 51.9  56.0   39.8 56.0 56.0 56.0 56.0 
Composting - garden and FW    68.8             72.9          
Anaerobic digestion – SS only   46.9 46.9 46.9     46.9 46.9  42.8 42.8 42.8     42.8 42.8 
Co-digestion - FW and SS         43.0 42.6            35.0 35.1     
Anaerobic digestion - FW only            59.4              53.9   
Anaerobic & aerobic - OFMSW              63.2              50.5 
CASE 2  ($AUD/Mg)  Budget costs ($AUD/Mg)   Budget + Transfers costs ($AUD/Mg) 
Step Specific Process  BAU COMP HCOMP AcoD INSINK SAD MBT  BAU COMP HCOMP AcoD INSINK SAD MBT 
Collection  
Garbage bin  93.6 68.9 113 71.5 112 71.5 93.6  97.0 71.1 116 73.7 116 73.7 97.0 
Garden waste bin  94.1 139 207 90.1 94.4 90.1 94.1  96.8 144 210 92.7 97.0 92.7 96.8 
FW bin/home composter/In-
sink maceration 
 
    45.2 337 311 337        45.2 347 311 347   
Pre-
treatment  
Mechanical sorting        32.9   34.9 45.8        60.7   62.7 102 
FW as wastewater          56.2              56.2     
Treatment 
Landfill  45.7 46.2 46.3 46.2 46.3 46.2 51.1  165 166 166 166 166 166 180 
Composting -garden waste  52.6   36.3 52.6 52.6 52.6 52.6  58.9   42.7 58.9 58.9 58.9 58.9 
Composting - garden and FW    69.4             75.8          
Anaerobic digestion – SS only   40.3 40.3 40.3     40.3 40.3  34.3 34.3 34.3     34.3 34.3 
Co-digestion - FW and SS         37.9 37.6            28.1 28.2     
Anaerobic digestion - FW only            57.6              52.3   
Anaerobic & aerobic - OFMSW              57.2              28.5 
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9.2.6 Life cycle assessment and simulation software 
SimaPro 8.0 software and the well-established mid-point impact method CML-IA (version 4.2) 
developed by the Centre of Environmental Science (CML-IA) of Leiden University in the Netherlands 
was used. There are no mid-point models yet developed for Australia. Therefore, CML-IA was used 
as it is considered the best practice assessment method for Australian conditions for the impact 
categories studied; abiotic depletion (ADP), fossil fuel depletion (FFDP), global warming potential 
(GWP), human toxicity (HTox), ozone layer depletion (ODP), photochemical oxidation potential 
(POP), acidification (AP) and eutrophication (EP)(Renouf et al., 2016). Complete results including 
sensitivity and uncertainty analysis are described in (Edwards et al., 2017b). 
9.3 Results and discussion 
9.3.1 Environmental life cycle costing 
9.3.1.1 Baseline results  
Figure 9-1 shows the baseline Environmental LCC for each case study, along with each processes’ 
contribution. Table 9-3 depicts the total environmental impact of each system. A more detailed 
assessment of the environmental impact for each system can be found in (Edwards et al., 2017b). 
Baseline costs include transfers as detailed in Section 9.2.4.2. 
HCOMP in both case studies was shown to have a lower cost than BAU, whilst centralised 
composting was also shown to cost less than BAU in Case 2.  Both HCOMP and COMP also have 
better environmental outcomes than BAU except for fossil fuel depletion, and thus it would be 
justifiable to choose these systems over BAU on environmental grounds. All other systems were 
illustrated to cost more than BAU, and the systems of AcoD, INSINK and MBT were shown to have 
significantly better environmental results for many impact categories, including GWP.  
The SAD system showed the greatest cost per functional unit $6.8 million for Case 1 and $20.4 
million for Case2, an increase above BAU of 18% and 10%, respectively. INSINK was close behind the 
SAD system with total costs per functional unit of $6.8 million for Case 1 and $20.1 million for Case2. 
This was caused by an escalation in collection costs due to the need to purchase, install and maintain 
kitchen in-sink maceration units for each household. The waste management systems of AcoD, SAD 
and COMP also witnessed rises in collection costs. However, this was due to the need to provide 
more kerbside collection services/lifts. Collection costs are a significant contributing factor to waste 
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management costs (between 34-40% for BAU in Case 1 and 2, respectively) and therefore an 
increase can make a large impact on the overall cost of a system.  
The disposal of waste at landfill is also a key contributing process to the LCC of a waste 
management system. In Case 2, landfill budget costs play an even greater role as the landfill levy in 
this jurisdiction is more than double Case 1’s levy. Because MBT has the least amount of waste sent 
to landfill its landfill expenses are reduced significantly, however, due to the cost associated with all 
co-mingled garbage being mechanically separated into organic and inorganic streams there is in fact 
an overall cost increase.  
9.3.1.1.1 Cost for kerbside management as function of serviced household  
The primary purpose of each system modelled is to safely collect and treat or recycle kerbside 
waste for every serviced household. Whilst cost items are spread across councils, collection 
companies and households, ultimately the burden falls upon the household as rate payer. Therefore, 
to view the total cost of a system in the context per serviced household is useful for decision makers. 
This involves excluding the cost to treat SS as it is derived from both industrial and domestic 
wastewater, and is charged to domestic users through water utility agents.  
As depicted in Section 9.3.1.1.2, AcoD and INSINK increase treatment costs at the WWTP by up 
to 26% but as this is treating both FW and SS, only the increase in cost, brought about by adding FW 
to the process is factored into the household calculation. As shown in Table 9-4 the modelled values 
for Case 1 was $153 per household serviced whilst for Case 2 it was $212 per household serviced. 
These values are validated by published cost data (corrected for landfill levy rises and time using a 
2% interest rate). For Case 1 recorded costs were on average for all areas state-wide 
$166/household (Sustainability Victoria, 2016), and the recorded cost for Case 2’s specific 
jurisdiction was $218/household  (NSW EPA, 2013). The gate fees calculated by the model for 
specific processes (as seen in Table 9-2) also compare well against industry survey data from the UK 
(Wrap, 2015). Unfortunately, no survey data is available locally, only estimates from a 2007 study. 
When this study is corrected for landfill levy rises and 2016 values using 2% interest rate, the rates 
also compare favourably, except for MBT gate fees, which are less than those calculated in the 2007 
study by 14% for Case 1 and 9% for Case 2 (Schacher et al., 2007).  
All FW digestion based systems (AcoD, INSINK, SAD, MBT) showed an increase in cost per 
household of 9% to 18% for Case 1, whilst for Case 2 it was lower, by 3% to 10%. AcoD was the FW 
digestion system with the least cost increase per household, whilst SAD attracted the greatest 
increase. Interestingly, both FW composting systems revealed consistently lower costs per 
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household across case studies. This may seem inconsistent with the results depicted in Section 9.3.1 
for COMP in CASE 1, as the overall cost per functional unit was higher than BAU. However, the value 
is lower as a function of households serviced because in BAU the GW bin is provided to 
approximately 50% of garbage bin households, whilst the COMP system implements the bin across 
the same number of households as the garbage bin, in order to collect only FW from the additional 
households.  
9.3.1.1.2 Cost at the wastewater treatment plant 
Numerous full-scale studies have shown that co-digesting FW and SS increases the biogas 
generation rate on average by 35% leading to greater energy output (Cavinato et al., 2013; Kim et 
al., 2003; la Cour Jansen et al., 2004; Liu et al., 2013; Zupančič et al., 2008). The systems of AcoD and 
INSINK exploit this effect by introducing FW into WWTP digesters treating SS, increasing biogas 
generated. In doing so the electricity generated is used entirely to power the digestion process and 
the wider WWTP operations, maximising the value of electricity; as it is valued not by the wholesale 
market but by the retail market. Therefore, with the increase of electricity, digestion costs at the 
WWTP per Mg of feedstock were lowered. This can be seen in Table 9-2 where co-digestion of FW 
and SS attracted a lower gate fee compared to SS only digestion by $7.8/Mg and $6.2/Mg for Case 1 
and Case 2 respectively. INSINK costs were shown to be $7.7/Mg and $6.1/Mg lower for Case 1 and 
Case 2, respectively. The difference in digestion savings for INSINK compared to AcoD is largely due 
to AcoD requiring new infrastructure for receival, pumping and holding tanks of pre-treated FW prior 
to being added to the digester. 
The above realities translates into lower digestion costs overall across both cases studies. 
Meaning despite increasing throughput by adding FW, costs decrease because of a boost in 
electricity output brought about by greater biogas generation. This is a key point as smaller WWTPs 
may find it suitable to introduce a co-digestion operation in order to take advantage of the 
economics of scale and make a CHP unit viable where previously a traditional flare was more 
appropriate. Moreover, a separate FW digestion facility is likely to require feedstock from sources 
other than just kerbside collected ssFW in order for it to be economically viable. As waste/feedstock 
treatment contracts are typically no longer than 5 years and a digestion facility operating life of at 
least 25 years, this may mean an array of separate FW supply contracts needing constant re-
negotiation each with the risk of the supply contract ceasing. Whilst for a WWTP the supply of 
sewage sludge is relatively constant for many years (Edwards et al. 2015).  
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Despite both AcoD and INSINK systems having lower costs per Mg during the digestion process, 
their overall costs (i.e. cost to operate and maintain the facility) increased due to the addition of pre-
treatment infrastructure on-site and the fact that there is a greater amount of waste being treated 
i.e. the addition of FW. The added cost however, is expected to be re-couped by the setting up of a 
gate-fee for pre-treating FW, which attracted the lowest gate fee for Case 1 and the second lowest 
gate fee for Case 2, behind HCOMP (see Figure 9-2). Additionally, it is important to note that it is 
assumed that maintenance costs as a percentage of capital costs remained the same for both SS 
digestion and co-digestion due to a lack of available data. It could be argued that co-digestion may 
lead to greater ware and tear on the pre-existing digestion infrastructure, especially if pre-treatment 
were not to remove harmful contaminants like shells and broken ceramics (Nghiem et al. 2017).     
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Figure 9-1 –  Baseline Environmental LCC and process contribution 
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Table 9-3 –  Baseline environmental impact including scaled rankings for both case studies  
Melton City Council – Case 1 
Waste 
management 
system 
Abiotic 
depletion 
(ADP) 
Fossil fuel 
depletion 
(FFDP) 
Global warming 
potential (GWP) 
Ozone layer 
depletion 
(ODP) 
Human 
toxicity 
(HTox) 
Acidification 
potential 
(AP) 
Eutrophication 
potential  
(EP) 
Photochemical 
oxidation 
(POP) 
(kg of Sb eq.) (MJ) (kg of CO2 eq.) 
(kg of CFC-11 
eq.) 
(kg 1,4-DB 
eq.) 
(kg of SO2 
eq.) 
(kg of PO4 eq.) 
(kg of C2H4 
eq.) 
BAU -5.55E-01 -1.47E+07 6.57E+06 7.51E+01 2.08E+06 -1.78E+04 2.31E+04 2.79E+03 
AcoD -9.18E-01 -2.20E+07 3.77E+06 5.96E+01 2.22E+06 -2.33E+04 1.48E+04 2.31E+03 
INSINK 1.46E+00 -1.40E+07 4.35E+06 5.81E+01 2.14E+06 -1.65E+04 1.44E+04 2.32E+03 
COMP -1.52E+00 -9.06E+06 5.37E+06 5.92E+01 2.22E+06 -1.40E+04 1.53E+04 2.21E+03 
HCOMP -2.30E+00 -1.51E+07 4.50E+06 5.75E+01 1.66E+06 -1.59E+04 1.39E+04 2.06E+03 
SAD -2.61E-01 -1.58E+07 4.28E+06 5.96E+01 2.26E+06 -1.83E+04 1.53E+04 2.33E+03 
MBT 3.17E-01 -8.80E+06 3.01E+06 3.70E+01 3.67E+06 -1.49E+04 9.77E+03 1.61E+03 
Sutherland Shire Council – Case 2 
Waste 
management 
system 
Abiotic 
depletion 
(ADP) 
Fossil fuel 
depletion 
(FFDP) 
Global warming 
potential (GWP) 
Ozone layer 
depletion 
(ODP) 
Human 
toxicity 
(HTox) 
Acidification 
potential 
(AP) 
Eutrophication 
potential (EP) 
Photochemical 
oxidation 
(POP) 
(kg of Sb eq.) (MJ) (kg of CO2 eq.) 
(kg of CFC-11 
eq.) 
(kg 1,4-DB 
eq.) 
(kg of SO2 
eq.) 
(kg of PO4 eq.) 
(kg of C2H4 
eq.) 
BAU -5.28E+00 -1.16E+08 7.19E+06 1.54E+02 7.65E+06 -6.70E+04 1.09E+05 5.70E+03 
AcoD -6.40E+00 -1.36E+08 1.26E+06 1.26E+02 7.99E+06 -7.64E+04 8.44E+04 4.90E+03 
INSINK -2.26E+00 -1.19E+08 2.52E+06 1.23E+02 7.38E+06 -6.64E+04 8.24E+04 4.88E+03 
COMP -7.79E+00 -9.48E+07 5.59E+06 1.25E+02 7.86E+06 -5.69E+04 8.01E+04 4.65E+03 
HCOMP -8.57E+00 -1.06E+08 3.88E+06 1.22E+02 6.76E+06 -6.06E+04 7.67E+04 4.35E+03 
SAD -5.09E+00 -1.02E+08 3.95E+06 1.26E+02 8.14E+06 -6.01E+04 8.09E+04 4.88E+03 
MBT -1.74E+00 -5.49E+07 3.39E+06 7.31E+01 1.60E+07 -3.10E+04 5.58E+04 3.36E+03 
 
Best impact  Worst impact  
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Table 9-4 –  Environmental life cycle costs as a function of households serviced  
Case 1 (cost per household serviced) 
 BAU COMP HCOMP AcoD INSINK SAD MBT 
Garbage Bin $100 $65.2 $93.4 $114.5 $128 $128 $123 
Garden bin $53.0 $74.9 $22.7 $53.0 $53.3 $53.0 $53.0 
TOTAL $153 $140 $116 $168 $181 $181 $176 
Δ from BAU - -$13.3 -$37.3 $14.2 $27.9 $28.1 $22.9 
Δ from BAU 
(%) 
- -8.66% -24.3% 9.24% 18.2% 18.3% 14.9% 
Case 2 (cost per household serviced) 
 BAU COMP HCOMP AcoD INSINK SAD MBT 
Garbage Bin $163 $112 $149 $170 $182 $186 $178 
Garden bin $49.0 $66.9 $13.2 $47.8 $49.1 $47.8 $49.0 
TOTAL $212 $179 $163 $218 $231 $234 $227 
Δ from BAU - -$32.4 -$49.2 $6.10 $19.2 $22.0 $15.3 
Δ from BAU 
(%) 
- -15.3% -23.2% 2.90% 9.07% 10.4% 7.23% 
 
 
Figure 9-2 –  Costs at the wastewater treatment plant  
Note “Digestion (Cost)” includes the digestion process and the treatment of supernatant and digestate 
9.3.1.2 Setting transfers for total cost parity with BAU 
9.3.1.2.1 Landfill levy 
The landfill levy has been enacted by governments for reasons including; to factor in the 
opportunity cost of disposing of waste, to cost environmental pollution externalities, and to promote 
waste minimisation and recycling. In this section the Environmental LCC model was used to 
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determine the required landfill levy for each alternative FW management system to have the same 
cost as BAU, with all other parameters remaining unchanged.  
The results for this analysis are depicted in Table 9-5, including the levy required and the total 
cost of the system per functional unit. HCOMP has been excluded from the analysis as it would have 
a lower total cost even if there were no landfill levy applied. In Case 1, it was demonstrated that 
COMP will be a cheaper option than BAU even if the landfill levy was doubled. Whilst doubling 
seems like a large increase this would represent a levy smaller than that imposed currently in Case 2 
($136/Mg).  In Case 2, COMP was already the cheapest FW management system aside from HCOMP, 
and would be so as long as the landfill levy were set to $80 or above. AcoD was the next best 
performer in terms of the smallest increase to the landfill levy for cost parity with BAU. AcoD 
required the Case 1 landfill levy to rise by 180% to $179/Mg, and a rise of 43% to $193/Mg for Case 
2, which is a substantial increase. The highest landfill levy researched was found to be in the UK 
were it was approximately $144(AUD) in 2014. Therefore, implementing such a levy to meet AcoD’s 
requirements in Australia is unlikely. However, it must be noted that landfill levies have often been 
the precursor to outright bans of organic waste into landfill as seen in many nations in Europe (J. 
Edwards et al., 2015).   
Table 9-5 –  Results of the landfill levy analysis  
Case 
study 
Transfer 
assessed 
Item COM
P 
Aco
D 
INSIN
K 
SAD MBT 
Case 1 Landfill 
levy 
Levy ($) 
126 179 266 294 475 
  Change in levy from baseline ($) 62.3 125 209 235 436 
  Total cost of system under new condition ($ 
Million) 
7.02 8.05 9.73 10.3 13.8 
  Change from baseline BAU ($ Million) 1.23 2.26 3.94 4.49 7.99 
 Feed-in-
tariff 
Tariff ($/kWh) 
- 0.46 0.94 1.80 0.52 
  Total cost of system under new condition ($ 
Million) 
- 5.40 4.89 5.79 5.79 
  Change from baseline BAU ($ Million) - -0.40 -0.90 0 0 
 GHG 
emissions  
abatement 
Price paid ($/Mg of CO2.eq) 
293 187 462 452 238 
  Total cost of system under new condition ($ 
Million) 
5.79 5.79 5.79 5.79 5.79 
Case 2 Landfill 
levy 
Levy ($) 
79.9 193 283 333 379 
  Change in levy from baseline ($) -55.8 57.3 147 197 243 
  Total cost of system under new condition ($ 
Million) 
15.7 21.6 26.2 28.8 31.2 
  Change from baseline BAU ($ Million) -2.89 2.99 7.63 10.2 12.6 
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 Feed-in-
tariff 
Tariff 
- 0.23 0.48 1.57 0.23 
  Total cost of system under new condition ($ 
Million) 
- 17.9 16.2 18.6 18.6 
  Change from baseline BAU ($ Million) - -0.70 -2.33 0 0 
 GHG 
emissions 
abatement 
Price paid ($/Mg of CO2.eq) 
- 94.3 338 576 332 
  Total cost of system under new condition ($ 
Million) 
- 18.6 18.6 18.6 18.6 
9.3.1.2.2 Feed-in-tariff 
Electricity FiTs have been applied in Australia for solar installations and small scale renewable 
energy projects. They have also been widely used in Europe to promote AD from waste (J. Edwards 
et al., 2015). This analysis investigated what FiT for exported electricity applied to FW AD would be 
required in order for each alternative FW management system to be at total cost parity with BAU. As 
mentioned previously, electricity generated was used in part or full, onsite. For this analysis it was 
assumed that if the FiT provided a higher sale price than offsetting onsite electricity use the agent 
would export the electricity to the grid to receive the higher sale price. 
The results showed that AcoD was the digestion system with the lowest FiT in both case studies. 
MBT also demonstrated the same FiT rate as AcoD for Case 2 (see Table 9-5). The high FiT enabled 
the valorisation of FW’s energy potential; as the price for exported electricity increased the digestion 
costs were lowered until a point where the digestion process was purchasing FW from the pre-
treatment step. FW therefore no longer attracted a gate fee for treatment but would in essence 
become a valued commodity. 
It is important to note that unlike the landfill levy altering the FiT was not a closed system; 
raising the tariff will invariably lead to a small rise in the cost to purchase electricity from the 
national grid overall. However, this was not factored in as the electricity price increase would be 
across the entire energy market and predicting such interactions is beyond the scope of this study. 
The open system was why the total cost of a system did not increase. In fact total costs of systems 
decreased for AcoD and INSINK, due to the FiT being unable to distinguish between FW or SS 
digestion when they are co-digested. Therefore the tariff was equally applied to SS digestion as in 
the BAU system and henceforth lowering the total costs of that system. If, instead it was decided 
that any FiT would be applied only to co-digestion operations, the rate  would lower significantly; for 
AcoD to $0.31/kWh and $0.17/kWh, for Case 1 and Case 2 respectively. INSINK too would lower 
significantly to $0.54/kWh and $0.26/kWh, for Case 1 and Case 2 respectively.  
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9.3.1.2.3 Price on greenhouse gas emissions abatement 
The Australian government currently uses a reverse auction mechanism to pay greenhouse gas 
abatement projects, whereby the average project is paid abatement price $11.8 per Mg of CO2.eq 
abated. Recently, projects based on source separation have become eligible for the auction. This 
analysis determined the abatement price required for each system in order for it to have total cost 
parity with BAU.  The results indicate that the lowest price per Mg of CO2.eq abated is for AcoD in 
Case 2 and the highest was for SAD also for Case 2. HCOMP was excluded from this analysis as it 
already is lower than BAU and therefore requires no price on abatement to lower its cost; COMP in 
Case 2 is also in this category.  The analysis showed that relying on a price on greenhouse gas 
abatement alone to make a system cost neutral with BAU, is likely to require substantially higher 
prices per Mg of CO2.eq abated then the current price.  
9.3.1.3 Sensitivities  
9.3.1.3.1 FW sorting  
The ability for the households to separate FW efficiently and the ability of the mechanical pre-
treatment step to remove contaminants and maximise organic recovery has been shown to 
significantly affect a systems’ GWP (Edwards et al., 2017b). The effect on the LCC was assessed by 
varying the sorting efficiencies by ±20%. The results are shown in Figure 9-3, which demonstrated 
that all alternative FW management systems have a higher cost when FW sorting was decreased and 
a lower cost when FW sorting was increased. Except for SAD, whereby the inverse was true. The 
MBT system has the greatest variation. A 20% decrease in FW sorting efficiency represents an 8.4% 
increase in overall costs for Case 2, and a 20% increase in FW sorting represented a similar decrease. 
The MBT system in Case 1 has a lower variation because the main driver of cost variation is the 
quantity of waste being sent to landfill and Case 1 incurs lower landfill costs due to having a lower 
landfill levy. It can also be seen that SAD has very little cost variation despite an increase or decrease 
in FW sorting at the household. 
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Figure 9-3 –  Sensitivity analysis of FW sorting efficiency  
9.3.1.3.2 Specific methane production 
Systems that digest FW have environmental impact and total costs that are altered by their 
effectiveness to generate bio-methane (Edwards et al., 2017b). Therefore, sensitivity analysis was 
conducted by varying a FW digesters specific methane production rates (m3 of methane/Mg of 
volatile solids added) by ±20%. The results are displayed in Figure 9-4. This analysis also shows that 
all alternative FW digestion systems have a lower cost when SMP increases and a higher cost when 
SMP decreases.  
The AcoD system depicts the system where SMP had the greatest influence, dropping in cost for 
Case 2 by as much as 3.6% when a higher SMP was accomplished. The total cost of $18.5 Million is 
the same as BAU’s cost, concluding there would be no net cost increase if AcoD was implemented in 
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Case 2. Granted AcoD’s better environmental impact for every environmental impact category, 
excluding human toxicity, AcoD would be a well justified alternative FW management system. The 
Case 1 AcoD system did not reduce its total cost to the level of BAU, however, it was able to reduce 
it to a similar cost to COMP, with COMP being $60,000, or 1%, cheaper. As aforementioned (see 
Table 9-3) AcoD was shown to clearly have the better environmental performance when compared 
to COMP for GWP, fossil fuel depletion, and acidification potential,  whilst COMP was a clear best 
performer in only abiotic depletion (all other categories attracted similar impacts). This too would 
provide strong support for AcoD as an appropriate alternative FW system, when methane 
production is efficient.        
 
Figure 9-4 –  Sensitivity analysis of specific methane production rate  
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9.3.2 Societal LCC 
9.3.2.1 Baseline results  
The baseline Societal LCC results can be found in Figure 9-5. In both cases, systems followed the 
same rankings from cheapest to most expensive, excluding COMP in Case 2 which was cheaper than 
BAU for the Environmental LCC, but was $0.3 Million more expensive in the Societal LCC. 
Interestingly, the total costs for the Societal LCC and the Environmental LCC were very similar for 
Case 1, in particular for BAU where the difference was determined to be only 0.8%. This may be 
because the landfill levy, the main transfer employed in Case 1, was calculated using a similar 
Societal LCC method, along with similar externality costs and assumptions; given the dearth of 
externality data specific to Australia this seems probable.  
In Case 2 the Societal LCC costs were notably lower than the Environmental LCC. This is due to 
the high landfill levy imposed on Case 2. The removal of this transfer cost, as instigated by the 
Societal LCC was only partly counteracted by externality costs, suggesting the landfill levy applied 
may is too high. However, it is crucial to note the limitations of the data involved in this Societal LCC. 
The lack of data means the analysis was limited to externality costs specific to air and water 
emissions, and excluded emissions to soil entirely. This is likely to mean the total externality costs 
are much lower than depicted here. Moreover, externality costs may also include other social 
impacts outside elemental pollutants (loss of amenity, traffic congestion, loss of leisure, odour, land 
use change etc.). This is not a methodological constraint but one of an absence of representative 
data (Martinez-Sanchez et al., 2017a), and determining it from further research in order to achieve 
appropriate, reliable, geographical and temporal accuracy was outside the scope of this work. If and 
when data is obtained it can be input into the model accordingly.  
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Figure 9-5 –  Baseline Societal LCC 
9.3.2.2 Sensitivities 
As in the Environmental LCC the efficiency associated with FW sorting and SMP were 
investigated. In this analysis both sensitivities have been applied simultaneously to provide a 
minimum scenario and a maximum scenario. In this way an expected range can be given along with 
the baseline results. This analysis is depicted in Figure 9-6.     
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HCOMP in both case studies was shown to always have the lowest budget costs whilst the 
systems externality costs were also the lowest except when it is performing under the minimum 
scenario and the MBT system (Case 1) or the AcoD system (Case 2) are performing according to the 
maximum scenario. This signified that HCOMP consistently had the lowest overall Societal costs, 
including being lower than BAU. The only other systems to give lower Societal costs than BAU were 
both in Case 2 when COMP operating under both minimum and maximum scenarios and AcoD 
operated under the maximum scenario.  
The SAD system and the COMP systems consistently increased their budget costs when 
transitioning from the minimum to maximum scenario. At the same time their externality costs 
reduced. This suggests that despite the systems operating in a more efficient manner there costs 
increase due to higher waste throughput. On the contrary AcoD, MBT and HCOMP lower both their 
budget costs and their externality costs as they approach they tend toward the maximum scenario, 
inferring that these systems become cheaper with greater waste throughput and increased biogas 
generation. The INSINK system behaves differently according to the case study but always lowers its 
externality costs as it tends toward the maximum scenario. This is a combination of factors, including 
an increase in collection and pre-treatment costs, and a smaller amount of biogas generation in 
comparison to AcoD and MBT which ensures these systems can receive credits for offsetting a 
greater amount of electricity onsite.  
This analysis could be used by waste managers to determine many operating efficiencies of a 
waste management system on top of comparing systems. For example whether to initiate a waste 
education campaign that informs households how to correctly sort FW.  The cost of such a campaign 
can be contemplated against the potential budget and externality cost savings if higher sorting rates 
are achieved.  
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Figure 9-6 –  Sensitivity analysis of Societal LCC 
Highlighted (yellow) data point symbolises maximum scenario whereby FW sorting increased by +20% and SMP rate is 
also increased by 20%. Adjacent to this data point is the baseline result, followed by the final data point, minimum scenario 
whereby FW sorting and SMP rate are -20%. 
9.3.2.3 Inclusion of biogenic carbon 
Whether or not to include biogenic carbon as an externality can make a significant difference to 
the overall cost of a system. To demonstrate this point biogenic carbon and biogenic methane were 
altered so as to have the same cost as carbon emissions derived from fossil fuel sources. The effect is 
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that externality costs increased considerably; in some cases more than doubling. In turn this made 
the total costs associated with all systems per functional unit increase. The difference including 
biogenic carbon makes for systems individually, can be seen in Figure 9-7. There is no appreciable 
change for AcoD and COMP when comparing there results to BAU as externalities rise uniformly 
across these systems. There are small changes for HCOMP, INSINK and SAD whilst MBT shows a large 
change increasing by 5% points. This is due to the MBT system applying the most biosolids to soil 
whereby it oxidises overtime. The reason to exclude biogenic carbon from the baseline analysis in is 
due primarily to ensure consistency with the LCA results published as part of previous work 
(Edwards et al., 2017b), but predominantly due to the notion that it is short term emission stemming 
from the biosphere, therefore completing a typical biological carbon cycle.  
 
 
 
Figure 9-7 –  Biogenic carbon and externality costs  (Case 2 analysis shown) 
9.3.2.4 Contribution of pollutants to externality costs 
To determine which pollutants are having the greatest impact on externality costs, the overall 
costs were divided into key pollutants which were further classified in to key environmental impact 
categories. Figure 9-8 shows the environmental impact categories contribution to total externality 
cost for Case 1, whilst BAU is further divided into the specific pollutants contribution. Pollutants that 
influence climate change are shown to incorporate between 18-38% of externality costs with the 
biogenic methane and carbon dioxide shown to contribute the most. Human health is responsible 
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for the greatest percentage of externality cost, this is because of particulate matter emissions. Note 
HCOMP has a reduced amount of human health impacts due to less diesel trucks required to collect 
kerbside waste. Water quality’s impact is largely driven by organic nitrogen emissions. When 
biogenic carbon is included, as per the above sensitivity, climate change becomes the predominant 
environmental impact contributing to externality costs, supplying no less than 50% and 58% of the 
total externality cost across all systems for Case 1 and Case 2, respectively.  
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Figure 9-8 –  Environmental impact and pollutant contribution on externality costs  
(Case 1 only) 
Please note to reduce the number of pollutants needing to be descried indeterminate is a capture all classification for 
the remaining substances emitted, if seen individually they would be each classified under one of the three environmental 
impacts listed (i.e. human health).  
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9.4 Conclusions 
An LCC model was developed as an additional component of a wider FW management LCA tool 
that incorporates all aspects of the waste service from collection to end-use.  The tool enables both 
Environmental LCC and Societal LCC to be applied to local waste management catchments in 
Australia. To demonstrate the tool two case study examples were modelled. Regarding the 
Environmental LCC, HCOMP was shown to have lower costs per functional unit, by as much as 10% 
when compared to BAU. Centralised composting of FW and GW was also lower than BAU costs for 
one of the case studies. Of the FW systems that incorporated digestion, AcoD was found to have the 
lowest Environmental LCC overall at 9% and 3% greater than BAU for Case 1 and Case 2 respectively, 
despite this being more expensive than BAU, the Environmental LCC is designed to be viewed 
alongside life cycle impact results, of which AcoD performed better than BAU on all categories 
excluding human toxicity. AcoD was the best performing digestion system because, despite having a 
greater waste throughput, more biogas was recovered and used to generate electricity of which that 
electricity was used entirely on-site, ensuring the full retail value of the electricity instead of the 
wholesale or feed-in value. Sensitivity analysis of the Environmental LCC results showed that valuing 
exported bioelectricity at $0.23/kWh would mean AcoD and MBT systems in Case 2 would be equal 
to BAU. Moreover, a rise in SMP of 20% AcoD costs in Case 2 would be the same as BAU.  
Societal LCC modelling was limited by externality data; however the analysis included air and 
water emission prices and showed that the externality costs of all alternative systems were lower 
than BAU. Despite the limitations it was shown that both HCOMP and COMP could attract smaller 
societal costs than BAU. AcoD under the maximum FW sorting and specific methane production 
efficiencies could also achieve a lower societal cost than BAU. Future work should seek to determine 
externality costs for water emissions based upon dose-response methodology and incorporate 
further externality costs like soil emissions. 
 
  
 Joel Edwards – PhD Thesis   Chapter 9—256 of 271 pages 
 
 
 
9.5 References 
ATSE, 2009. The Hidden Costs of Electricity: Externalities of Power Generation in Australia. 
Burn, S., Muster, T., Kaksonen, A., Tjandraatmadja, G., 2014. Resource Recovery from Wastewater. London. 
Cavinato, C., Bolzonella, D., Pavan, P., Fatone, F., Cecchi, F., 2013. Mesophilic and thermophilic anaerobic co-
digestion of waste activated sludge and source sorted biowaste in pilot- and full-scale reactors. Renew. 
Energy 55, 260–265. doi:10.1016/j.renene.2012.12.044 
Department of the Environment Water Heritage and the Arts, 2009. The full cost of landfill disposal in 
Australia Contact Details. Melbourne. 
Edwards, J., Othman, M., Burn, S., 2015. A review of policy drivers and barriers for the use of anaerobic 
digestion in Europe, the United States and Australia. Renew. Sustain. Energy Rev. 52, 815–828. 
doi:10.1016/j.rser.2015.07.112 
Edwards, J., Othman, M., Crossin, E., Burn, S., 2017. Life cycle assessment to compare the environmental 
impact of seven contemporary food waste management systems. Bioresour. Technol. 1–18. 
doi:10.1016/j.biortech.2017.06.070 
Eshet, T., Ayalon, O., Shechter, M., 2006. Valuation of externalities of selected waste management 
alternatives: A comparative review and analysis. Resour. Conserv. Recycl. 46, 335–364. 
doi:10.1016/j.resconrec.2005.08.004 
Huppes, G., Ciroth, A., Lichtenvort, K., 2008. Modelling for life cycle costing, in: Hunkler, D., Rebitzer, G., 
Lichtenvort, K. (Eds.), Environmental Life Cycle Costing. CRC Press, pp. 17–34. 
doi:https://doi.org/10.1201/9781420054736.ch2 
Kim, H.-W., Han, S.-K., Shin, H.-S., 2003. The optimisation of food waste addition as a co-substrate in 
anaerobic digestion of sewage sludge. Waste Manag. Res. 21, 515–526. 
doi:10.1177/0734242X0302100604 
la Cour Jansen, J., Gruvberger, C., Hanner, N., Aspegren, H., Avärd,  a. ̊, 2004. Digestion of sludge and organic 
waste in the sustainability concept for Malmö, Sweden. Water Sci. Technol. 49, 163–169. 
Laurent, A., Bakas, I., Clavreul, J., Bernstad, A., Niero, M., Gentil, E., Hauschild, M.Z., Christensen, T.H., 2014. 
Review of LCA studies of solid waste management systems - part I: lessons learned and perspectives. 
Waste Manag. 34, 573–88. doi:10.1016/j.wasman.2013.10.045 
Levis, J.W., Barlaz, M.A., Decarolis, J.F., Ranjithan, S.R., 2014. Systematic exploration of efficient strategies to 
manage solid waste in U.S municipalities: Perspectives from the solid waste optimization life-cycle 
framework (SWOLF). Environ. Sci. Technol. 48, 3625–3631. doi:10.1021/es500052h 
Liu, X., Li, R., Ji, M., Han, L., 2013. Hydrogen and methane production by co-digestion of waste activated 
sludge and food waste in the two-stage fermentation process: substrate conversion and energy yield. 
Bioresour. Technol. 146, 317–23. doi:10.1016/j.biortech.2013.07.096 
Martinez-Sanchez, V., Kromann, M.A., Astrup, T.F., 2015. Life cycle costing of waste management systems: 
 Joel Edwards – PhD Thesis   Chapter 9—257 of 271 pages 
 
 
Overview, calculation principles and case studies. Waste Manag. 36, 343–355. 
doi:10.1016/j.wasman.2014.10.033 
Martinez-Sanchez, V., Levis, J.W., Damgaard, A., DeCarolis, J.F., Barlaz, M.A., Astrup, T.F., 2017. Evaluation of 
Externality Costs in Life-Cycle Optimization of Municipal Solid Waste Management Systems. Environ. 
Sci. Technol. acs.est.6b06125. doi:10.1021/acs.est.6b06125 
Møller, F., Martinsen, L., 2013. Socio-Economic Evaluation of Selected Biogas Technologies. 
Morris, J., Scott Matthews, H., Morawski, C., 2013. Review and meta-analysis of 82 studies on end-of-life 
management methods for source separated organics. Waste Manag. 33, 545–551. 
doi:10.1016/j.wasman.2012.08.004 
Nghiem, L., Koch, K., Bolzonella, D., Drewes, J., 2017. Full scale co-digestion of wastewater sludge and food 
waste: Bottlenecks and possibilities. Renew. Sustain. Energy Rev. 72, 354-362 
doi:10.1016/j.rser.2017.01.062 
NSW EPA, 2013. NSW Local Government Waste and Resource Recovery Data Report 2012-2013. Sydney. 
Parthan, S.R., Milke, M.W., Wilson, D.C., Cocks, J.H., 2012. Cost estimation for solid waste management in 
industrialising regions - Precedents, problems and prospects. Waste Manag. 32, 584–594. 
doi:10.1016/j.wasman.2011.11.004 
Rabl, A., Spadaro, J. V, Zoughaib, A., 2007. Environmental impacts and costs of solid waste: a comparison of 
landfill and incineration. Waste Manag. Res. 26, 147–162. doi:10.1177/0734242X07080755 
Randell, P., Pickin, J., Grant, B., 2014. Waste generation and resource recovery in Australia. Department of 
Sustainability, Environment, Water, Population and Communities, Melbourne. 
Schacher, B., Spedding, M., Pickin, J., 2007. Modelling and analysis of options for the Metropolitan Waste and 
Resource Recovery Strategic Plan. Melbourne. 
Sustainability Victoria, 2016. Victorian local government annual waste services report 2014/15 Woorkbook. 
Wrap, 2015. Comparing the cost of alternative waste treatment options 1–15. 
Zupančič, G.D., Uranjek-Ževart, N., Roš, M., 2008. Full-scale anaerobic co-digestion of organic waste and 
municipal sludge. Biomass and Bioenergy 32, 162–167. doi:10.1016/j.biombioe.2007.07.006 
 
 
 Joel Edwards – PhD Thesis   Chapter 10—258 of 271 pages 
 
 
Chapter Ten 
10 Conclusions and recommendations 
 
This chapter summarises the main conclusions that can be drawn from this work that primarily 
sort to determine the environmental and financial impact of treating kerbside collected municipal 
food waste (FW) with anaerobic digestion (AD) and anaerobic co-digestion (AcoD) waste 
management systems. Along the way it became prudent to compare the environmental and financial 
merits of AD systems against, not only each other, but non-digestion based alternative treatment 
methods. Consequently, a life cycle assessment (LCA) and life cycle costing (LCC) decision support 
tool based on waste mass-flows and local conditions became a subsequent secondary aim. The 
decision support tool empowers waste managers to support a FW management system that is 
evidenced to be the best performing in terms of its environmental and financial impact. Following 
these conclusions, recommendations for future research are outlined, which offer pathways to 
develop and advance the findings of this work. 
10.1 The use of AD in Australia and related AD policies  
AD in Australia was found to be used most commonly to treat sewage sludge at wastewater 
treatment plants (46 digesters are installed), it is also used to treat agricultural residues (15), 
industrial waste (13), and four digesters are used to treat residential and commercial organic waste.  
Compared to other nations the number of anaerobic digesters in Australia is small. On a per capita 
basis Australia has less digesters than all four OECD nations studied (Germany, UK, USA and 
Denmark). Key government policies were identified as key drivers of AD use, most notably climate 
change, energy security, waste management, and regional development. All nations studied have set 
RE targets for electricity and implement performance based financial incentives for electricity in the 
form of renewable energy certificates or feed-in-tariffs (FiT). FiT for small-medium scale (<500 kW 
capacity) AD plants were shown to be a contributing factor in the increase in number of AD plants in 
Germany and the UK. In Australia smaller AD plants find it difficult to access financial incentives and 
electricity is typically subsidised at $USD 0.04/kWh, much lower than in Germany, UK and Denmark.  
10.2 Likely alternative FW management systems in the Australian context 
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The biological alternative treatment technologies of composting, AD and mechanical biological 
treatment (MBT) are the most likely FW treatment alternatives in the Australian context. 
Composting of FW and garden waste (GW) collectively occurs in a few local government areas in 
Australia. Commonly, this mixture is collected in pre-existing kerbside organic bins and sent for 
windrow composting. Home composting of FW is also already common, although only on a small 
scale as not all households and dwellings have the required space or time to home compost.  
The treatment of source separated FW using AD occurs overseas and this treatment technology 
is likely to progress in Australia as four digesters in Australia currently treat commercial FW using 
AD, and are actively seeking new feedstock. Numerous wastewater utilities are also progressing 
AcoD technology, whereby source separated FW is used as a co-feedstock and added to the digester 
along with sewage sludge. Wastewater utilities are interested for reasons including a better use of 
their digester capacity, possibility for increased energy generation on site, and the potential for 
optimising the feedstock C/N ratio. AcoD may involve the addition of FW directly to the digester, or 
by adding FW into the wastewater stream using in-sink food waste disposal units. The final 
alternative treatment method of MBT employs composting, AD or both to treat FW. The system is 
unique because of the mechanical sorting pre-treatment step. A new MBT system plant based on 
anaerobic digestion and composting and treating FW exclusively was being commissioned in 
Australia at the time of this research. 
Other FW treatment alternatives that were assessed but deemed unlikely to progress included 
the thermal treatment of FW. This technology is possible, although less likely to occur in Australia in 
the near future given the high quantity of FW in the Australian municipal waste stream, FW’s low 
calorific value, and thermal treatments being unpopular and largely unused in Australia. Landfilling 
of FW remains viable in the Australian context and is by far the most common form of FW 
treatment. With the implementation of landfill gas (LFG) capture, and leachate control measures 
these landfills, sometimes called bioreactors, are considered direct competitors with the alternative 
treatments mentioned above. However, landfilling as a FW treatment option is being strongly 
discouraged by government policy.  
10.3 Environmental and financial impact  
10.3.1 Environmental impact – general conclusions 
A significant finding when determining the environmental impact of BAU systems was the 
determination that landfilling of FW had the highest environmental impact, in regards to global 
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warming potential (GWP), ozone layer depletion (ODP), photochemical oxidation potential (POP), 
and eutrophication potential (EP). A baseline GWP of between 129% to 570% of alternative 
treatments was modelled. The only environmental impact category where it was shown to 
outperform most of alternative systems was for human toxicity (HTox).  
The systems that performed consistently well for GWP were the FW AD based systems of AcoD, 
INSINK, and MBT. The smallest GWP was either AcoD or MBT depending on the case study. They 
were shown to outperform composting based systems (HCOMP and COMP). Suggesting that if GWP 
is the only environmental impact of concern in decision making AD based systems would be the 
favoured alternative treatments. The smallest environmental impact for categories other than GWP 
were consistent across case studies. HCOMP achieved the lowest impact for abiotic depletion (ADP), 
MBT for three categories (ODP, EP and POP), whilst AcoD achieved the smallest environmental 
impact for fossil fuel depletion (FFDP) and abiotic depletion (AP).  
It was also determined that no alternative system had the smallest environmental impact across 
all impact categories. Meaning any decision will require trade-offs and value determinations 
between the relative importance of different environmental impacts. Net-energy balance (energy 
required subtract energy generated) played a critical role in a systems environmental performance. 
System’s that exhibited a greater net-energy generation out performed those with a smaller net-
energy generation for AP and FFDP. 
Case study local conditions were shown to be critical to the overall environmental impact of 
systems. Meaning, general conclusion transferable to other waste catchments is problematic. This is 
demonstrated by the number of factors that are highly variable across waste catchments including: 
• the quantity and composition of FW or other waste streams,  
• the ability of households or machinery to effectively sort waste streams,  
• the quantity of air emissions from landfills being dependant on climatic conditions and 
gas capture infrastructure,  
• and the fuel usage rate of a kerbside collection regime being influenced by the size, 
population density and demographics of the locality. 
10.3.2 Environmental impact of specific systems 
10.3.2.1 AcoD 
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AcoD was shown to have the lowest environmental impact in baseline assessments for FFDP and 
AP across both case studies and GWP for Case 1 (2nd in Case 2). The primary contributing factor for 
these results was the AcoD system’s ability to generate a high amount of electricity whilst 
minimising the energy requirements of the system, leading it to have the greatest net-energy 
generation of all systems, despite requiring more fuel consumption from kerbside collection trucks. 
AcoD was revealed to be the only alternative treatment system with a consistently better net-energy 
balance than BAU. All remaining environmental impacts (ADP, ODP, HTox, EP and POP) were similar 
in environmental impact to the SAD system.   
Sensitivity analysis determined that by independently optimising either SMP or the FW sorting 
efficiencies AcoD could become GWP neutral and perhaps begin to mitigate global warming under 
Case 2 conditions. Uncertainty analysis indicated there was a 100% probability of AcoD having a 
smaller GWP when compared to BAU landfilling of FW, across case studies. There was no less than a 
78% likelihood of having a smaller GWP than COMP, and 63% for HCOMP. Whilst compared to 
INSINK the probability was 68% or above and SAD 76% or above. AcoD proved to have a similar GWP 
to MBT for Case 2, whilst for Case 1 MBT was the better performer with a 60% likelihood of having a 
smaller GWP.  
10.3.2.2 INSINK 
The INSINK system is closely associated with the AcoD system. However, the INSINK mass-flow 
model developed as part of the LCI revealed that due to the degradation of FW in the collection and 
pre-treatment steps, and the consequent lower levels of bioenergy generation from a lesser volatile 
solids availability, it does not perform as well for the environmental impact categories of FFDP, GWP 
and AP.   
Due to the INSINK system being very similar to the AcoD system the environmental impact 
categories of ODP, HTox, EP and POP showed no significant improvement on each other. There was 
a key difference between INSINK and AcoD for the environmental impacts of FFDP, GWP and AP 
however. It can therefore be inferred that under the case study conditions it would be better 
environmentally to collect the FW at the kerbside, and inject pre-treated FW into the WWTP 
digester, as in the AcoD system, then it would be to exploit kitchen in-sinkerators and the sewer 
system as per INSINK. It is also prudent to note that the importance of the case study WWTP process 
steps as both case study WWTP’s used primary sedimentation that promoted solid settling prior to 
secondary aeration and therefore having more settled volatile solids (VS) available for digestion. This 
treatment train is likely to generate greater quantities of biogas than another WWTP that uses 
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aeration or biological treatment as the primary treatment step, removing VS prior to digestion. As 
biogas generation is critical to lowering many environmental impacts, it is important to use local 
data and conditions to make an accurate determination.   
10.3.2.3 MBT 
MBT represents a prime example of the need for decision makers to make trade-offs between 
environmental impacts categories, in other words determining which environmental impact should 
be deemed more important than others. This is because it showed the lowest environmental impact 
for ODP, EP and POP, and in Case 1 for GWP. However, it also had the highest environmental impact 
for HTox, FFDP for both case studies and ADP and AP for Case 2.   
The MBT system showed the highest rate of diversion of FW from landfill, which was the primary 
contributing factor to it having a low GWP as well as the lowest ODP, POP and EP across case 
studies. The MBT system was also able to export the greatest (Case 1), or second greatest amount 
(Case 2), of electricity from waste – implying its energy recovery potential is high. However, in net-
energy balance terms, due to an energy intensive pre-treatment process that had a large throughput 
of all kerbside garbage and FW collected, its net-energy generation was less than that of BAU, in 
both case studies. Revealing that the MBT system is worse at recovering energy from FW than BAU.   
The MBT system provided the greatest quantity of recycled material with 31% and 29% of all 
waste for Case 1 and Case 2 respectively being converted into recycled product, either as SS 
biosolids, compost or FW biosolids. This was much greater than all other systems. The FW recycled 
product however, contained a higher quantity of pollutants including heavy metals. This was due to 
the mechanical sorting of co-mingled FW and garbage waste leading to higher quantities of 
contamination, subsequently following through into the biosolids applied to land. The greater 
quantity of pollutants, in particular lead, meant MBT showed a much higher HTox impact than all 
other systems.  
10.3.2.4 SAD 
The SAD systems best ranking was 2nd for FFDP and AP for CASE 1.  The system however 
positioned no better than fourth for CASE 2. Regarding GWP it ranked fourth (CASE 1 with an impact 
of 4.28E6 kg of CO2 eq) and fifth (CASE 2 with an impact of 3.95E6 kg of CO2 eq). For ODP and HTox, it 
ranked sixth across case studies. 
The SAD system was shown to have a similar net-energy generation to that of BAU. Meaning the 
energy required for the new collection of a separate FW bin and the subsequent pre-treatment of 
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FW was approximately equal to that of the bioelectricity generated by the FW anaerobic digester. 
This translated into a ranking between 2nd and 5th for FFDP, AP. The reason behind the increase in 
energy required was brought about by diesel consumption. As the collection of source separated FW 
consumed 246 kL of diesel per functional unit during collection in Case, an increase of 19% on the 
current collection regime depicted in BAU of 204kL per functional unit. 
The SAD system was optimised by increasing the rate of FW sorting to 82%. Sensitivity analysis 
showed that if this rate of sorting was achieved (the maximum rate achieved in the literature), SAD 
attracted a smaller GWP than MBT operating at its maximum mechanical sorting efficiency for Case 
2. However, it still had a greater impact than the other AD systems of AcoD and INSINK.  
10.3.2.5 COMP 
The high environmental impact incurred by the COMP system for AP, FFDP, and GWP were 
chiefly due to there being no energy generation when composting source separated FW, meaning no 
credit was achieved for offsetting coal derived electricity. There was also a small rise in the need for 
additional fossil fuel energy inputs (mainly diesel) due to the composting process itself, and the 
addition of a new FW bin for kerbside collection. The COMP system was shown to compare well 
against BAU for the environmental impact categories of GWP, ODP, POP and EP, although the 
systems involving AD of FW typically outperformed COMP in these impact categories.  
Given the COMP system is the favoured alternative treatment system and increasingly being 
adopted by local governments – it is important to note that its' GWP was higher than all other 
alternative systems, suggesting that if the goals of a FW management system is to reduce and 
mitigate climate change there are more effective treatment systems available. This was true even 
when FW sorting efficiency for the COMP system was at the maximum in the literature and AcoD, 
INSINK and MBT was at the minimum value COMP still attracted a higher GWP. Moreover, the COMP 
system showed to have a similar impact for ODP, POP, and EP to all other alternative FW 
management systems excluding MBT. It was shown that COMP attracted a better ADP than all 
systems except HCOMP. 
10.3.2.6 HCOMP 
Overall the HCOMP system showed consistent results across impact categories and case studies. 
It never ranked sixth or seventh, whilst it placed first for ADP, and second best for ODP and POP 
when comparing all systems. It ranked fifth for GWP, across case studies. Not generating electricity 
from FW meant it did not reduce its GWP to below any of the digestion based systems, excluding 
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SAD in Case 2. However, its GWP is still well below that of BAU representing just 73% and 54% of 
BAU’s GWP for Case 1 and Case 2 respectively. 
HCOMP also exhibited at least a 9% smaller HTox impact than any other system. This was 
because one of the main contributing factors for a high HTox impact was emissions from the 
combustion of diesel fuel. Because HCOMP required less truck collections, as garbage collections 
were reduced to fortnightly and garden branches and timber were collected monthly, diesel 
consumption was reduced. Using CASE 1 as an example, diesel was consumed at a rate of 6.4 L/Mg 
of garbage collected, whilst for BAU the rate was 8.12 L/Mg of garbage collected. For garden waste 
the diesel consumption rate reduced to 5.93 L/Mg whilst for BAU this was 6.59 L/Mg. Given smaller 
quantities of garbage were also being collected this equated to total diesel consumption of 116 kL 
per functional unit for HCOMP a reduction of 44% on BAU consumption. 
10.3.2.7 BAU 
BAU, which treated FW in a landfill with LFG capture, was demonstrated to have the highest 
environmental impact for GWP, ODP, EP and POP across both case studies.  An equal 2nd lowest 
ranking for HTox impact was achieved under Case 2 conditions, although for HTox the difference 
between BAU and the 6th placed SAD system was only 6%. These ranking results provide a strong 
argument for avoiding the landfilling of FW.  
 BAU was the 2nd best ranking for FFDP, achieved under Case 2 conditions and BAU showed a 
better net-energy generation potential than the systems of COMP, HCOMP, SAD and MBT. This is 
due to the suitable climatic conditions and efficient LFG capture infrastructure in Case 2 quicker 
degradation of FW, and thus higher LFG capture occurred leading to 4.9% of all waste (dry weight) 
being converted to CH4 and used as an input to electricity generation. The difference between the 
modelling results of Case study 1 and modelling results of Case study 2 highlight the need to model 
the unique conditions of the specific landfill associated with the case study.   
10.3.3 Financial impact – general conclusions 
A LCC model was developed as an additional component of a wider FW management LCA tool 
that incorporated all aspects of the waste service from collection to end-use.  The tool enables both 
Environmental LCC and Societal LCC to be applied to local waste management catchments in 
Australia.  
Two case study examples were modelled, with HCOMP shown to have lower Environmental LCC 
per functional unit, by as much as 10% when compared to BAU. Centralised composting of FW and 
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GW was also lower than BAU costs for Case 2. Of the FW systems that incorporated FW digestion, 
AcoD was found to have the lowest baseline Environmental LCC overall; 9% ($0.52 Mil) and 3% 
($0.56 Mil) greater than BAU for Case 1 and Case 2 respectively. The Environmental LCC enabled 
costs to be divided into cost per household for kerbside waste collection only. This involved 
excluding the cost to treat SS as it was derived from both industrial and domestic wastewater, and is 
charged to domestic users through water utility agents. By this metric HCOMP and COMP were the 
only systems to cost households less than the baseline values of $153/household.year and 
$212/household.year for Case 1 and Case 2 respectively. HCOMP was lower by between 23% to 24%, 
whilst COMP was lower by 9% to 15%.  
A Societal LCC method was applied to the Case studies which included externality costs and 
budget costs, whilst removing transfer costs. The method showed that the system with the lowest 
externality costs was HCOMP across case studies, with AcoD or MBT coming in 2nd place depending 
on the case study. Societal LCC analysis concluded that for Case 1, pollutants associated with; 
• GWP contributed between 22% to 38% of externality costs, with the primary pollutant 
being biogenic methane air emissions.  
• Human health contributed between 19% and 40% of externality costs, with particulate 
matter (10µm and 2.5µm) recognised as the key pollutants 
• Water quality contributed between 24% and 35% with organic nitrogen identified as the 
primary contributing pollutant     
The methodological decision of whether to include biogenic carbon dioxide air emissions had a 
critical impact on externality costs. Including biogenic carbon emissions can increase externality 
costs by between 72% to 136%. With HCOMP showing the greatest increase. Despite this it was 
decided to exclude biogenic carbon emissions from baseline results, but it is an important factor to 
consider when viewing this work. Societal LCC was developed utilising limited cost data, therefore all 
results should be viewed with this in mind. The limitation of data meant that not all the air, soil and 
water emissions documented in each systems life cycle inventory (LCI) and evaluated in the life cycle 
impact assessment could be included, as prices for the pollutants are not available. This should not, 
however, be viewed as a methodological weakness, rather a data constraint, as if the data were 
available its use could be integrated leading to a more robust and representative Societal LCC.  
10.3.4 Financial impact of specific systems 
10.3.4.1 AcoD 
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AcoD was demonstrated to have the lowest Environmental LCC of all FW digestion systems 
across both case studies. The AcoD system was shown to have an Environmental LCC of $6.3 Mil per 
functional unit for Case 1 and $19.1 Mil per functional unit for Case 2. In terms of the cost per 
household.year for kerbside waste collection AcoD for Case 1 achieved $168/household.year or a 
9.2% cost increase on BAU, whilst for Case 2 AcoD achieved $218/household.year or a 2.9% cost 
increase on BAU. Additionally, AcoD also accomplished the lowest for the Societal LCC across FW 
digestion systems.  
Investigating the effects of key financial incentives on the total cost of systems showed that if 
the AcoD system could value its exported electricity at $0.23/kWh then it would reach cost parity on 
an Environmental LCC basis with the BAU system in Case 2. This export tariff would also see the MBT 
system reaching cost parity. For Case 1 the export tariff would need to be set at $0.46/kWh for cost 
parity. Alternatively, for Case 1 increasing the landfill levy from $62/Mg of waste to $179/Mg of 
waste was demonstrated to bring AcoD’s total into cost parity with BAU.   
Sensitivity analysis demonstrated that a co-digestion process that achieves a maximum specific 
methane production rate (SMP) can reduce total AcoD costs in Case 2 to below that of BAU without 
any changes to transfer costs like policy incentives, landfill levy or feed-in-tariffs (FiTs). Societal LCC 
sensitivity analysis showed that as FW sorting efficiency and SMP rate increased both externality 
costs and budget costs for AcoD reduced. 
10.3.4.2 INSINK 
The INSINK system was shown to be the second most expensive system per functional unit 
across case studies; $6.8 Mil and $20.1 Mil per functional unit for Case 1 and Case 2 respectively. An 
increase on BAU’s Environmental LCC of 18.2% and 9.1%. The primary reason for the high cost can 
be attributed to an increase in collection costs, brought about by the need to purchase an in-
sinkerator unit with a life of 10 years. Collection costs as a total were 56% and 49% greater than 
BAU.  
When externality costs and budget costs were considered in the Societal LCC approach INSINK 
became the most expensive system in Case 1. Societal LCC sensitivity analysis showed that as FW 
sorting efficiency and SMP rate increase the INSINK system in Case 2 showed an externality costs 
reduction but an increase in budget costs. For most other systems, excluding SAD both externality 
costs and budget costs are reduced, meaning other systems have a financial incentive to optimise 
the system not just an environmental one.    
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10.3.4.3 MBT 
It was exhibited that the MBT system cost 15% and 7% greater in terms of Environmental LCC 
total cost than BAU. As MBT had the same collection regime as BAU the cost increase stemmed from 
pre-treatment, which was $74/Mg for Case 1 and $102/Mg for Case 2. The difference in the two pre-
treatment model results was associated with the cost to landfill the rejected material with different 
landfill levies applied in each jurisdiction.  
The total Environmental LCC of the MBT system was shown to be highly susceptible to the 
efficiency of the mechanical separation process. It was modelled that when mechanical sorting 
efficiency was altered by ±20% it caused an inverse ±8.4% change in the total cost of the system. 
This was shown to be much higher than any other system, implying there is a higher risk involved in 
adopting the MBT system, over any other. 
10.3.4.4 SAD 
The SAD system was shown to be the most expensive system per functional unit across case 
studies; $6.8 Mil and $20.4 Mil per functional unit for Case 1 and Case 2 respectively. An increase on 
BAU’s Environmental LCC of 18.3% and 10.4%. The reason for this includes higher collection costs 
brought about by the need to collect a new FW bin on a weekly basis. This is the same as in the AcoD 
system however, in the AcoD system these cost increases were largely recouped by a reduction of 
pre-treatment and treatment costs for FW. In the SAD system there is very little savings from 
treatment costs. Using Case 1 as an example, for BAU the landfilling of FW attracts a price of 
$106/Mg whilst for SAD the total charge for pre-treatment and treatment via AD is $102/Mg 
($48/Mg pre-treatment and $54/Mg for AD). Representing a saving of only $4/Mg of FW treated by 
SAD or $0.17 Mil total per functional unit. Whilst the increase in cost from BAU brought about by 
separate collection was $0.86 Mil.   
Regarding the Societal LCC it was demonstrated that the SAD system had the greatest externality 
costs of all FW digestion based systems and HCOMP. Sensitivity analysis indicated that with 
favourably high SMP and FW sorting rates, externality costs decreased slightly, whilst budget costs 
increased. This suggests that there is little financial benefit in optimising the SAD system, by, for 
example by introducing an advertising campaign to help boost FW sorting efficiencies. 
10.3.4.5 COMP 
The COMP system was shown to be a less expensive option than BAU for Case 2. Its total cost 
per functional unit was $17.9 Mil or 3.5% (0$.65 Mil) less than BAU. This result explains why a 
number of facilities in Case 2’s jurisdiction have begun to place FW in the garden waste bin for 
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centralised composting. Although, the access to such centralised composting facilities have been  
limited, largely due to odour and buffer zone requirements on such facilities. For Case 1 it was 
slightly more expensive than BAU with an Environmental LCC of $6.1 Mil a small increase of 6.1% 
($0.35 Mil).  
COMP performed well because of a small increase in collection costs of between 2.7% for Case 2 
and 16.1% for Case 1. This was combined with reduced price to treat FW via windrow composting 
rather than landfilling. This was particularly true in Case 2 due to the landfill levy being set at 
$135.7/Mg. In fact, it was demonstrated that the COMP system would still be have the cheaper 
Environmental LCC if the landfill levy were set at anything above $80/Mg for Case 2.  
Regarding the results for Societal LCC, because transfer costs are removed and replaced by 
externalities, the total cost of COMP became greater than BAU by 2% for Case 2. Whilst or Case 1 it 
was 8.1% greater than BAU. Externalities for COMP systems are the highest amongst all alternative 
FW management systems excluding MBT and SAD for Case 2.    
10.3.4.6 HCOMP 
The HCOMP system was proved to have the lowest Environmental LCC and Societal LCC. For 
Case 1 HCOMP showed a total Environmental LCC of $4.9 Mil which meant it was $0.9 Mil cheaper 
than 2nd placed BAU. Whilst for Societal LCC the total cost was $4.7 Mil cheaper than the 2nd placed 
BAU by $1.0 Mil. Low externality costs of $0.56 Mil or 57% of the highest externality costs associated 
with BAU, was the primary reason behind it achieving such a low cost. For Case 2 HCOMP had a total 
Environmental LCC of $16.5 Mil which meant it was $1.4 Mil cheaper than 2nd placed COMP and 
$2.0 Mil cheaper than BAU. Whilst for Societal LCC the total cost was $13.3 Mil cheaper than the 2nd 
placed BAU by $1.6 Mil. Externality costs totalled $1.2 Mil or 55% of the highest externality costs 
associated with BAU. HCOMP was also shown to decrease both budget and externality costs as the 
FW sorting rate increased from 59% to 72%. 
10.3.4.7 BAU 
The BAU system was shown to have either the 2nd or 3rd lowest cost for Environmental LCC. Total 
costs were kept low because collection costs were the smallest or second smallest among the 
systems, $2.3 Mil and $6.2 Mil for Case 1 and Case 2 respectively. Although, the total cost of the 
landfill process was the highest recorded across systems. Despite performing well in the 
Environmental LCC BAU was responsible for the highest externality costs of all systems in the 
Societal LCC.   
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10.3.5 The effect of policy incentives 
The use of policy and financial incentives to improve waste management functions is 
commonplace in Australia and in other OECD nations. The common forms of policies identified relate 
to the protection of the environment (particularly concerning the impacts of global warming), as well 
as promoting; renewable energy, energy security, resource recovery and regional development.  
Financial incentives are already used in both case study jurisdictions including landfill levies, and 
renewable energy certificates. Other incentives like FiTs and a market set price on greenhouse gas 
emissions have also been used in the past. The use of policy to promote alternative FW management 
systems is likely to continue. This study indicates that some incentives that are in use or have been 
used in the past are able to ensure alternative FW management systems will have the same total 
cost as the BAU system, meaning there would be no cost increase to the case study local 
government if an alternative FW treatment system is implemented.   
A FiT that values exported bioelectricity at $0.23/kWh will mean AcoD and MBT systems in Case 
2 will have the same Environmental LCC to the current BAU system. The FiT would need to be set 
higher for Case 1 – with AcoD needing $0.46/kWh and MBT $0.52/kWh. For Case 2 the rates are 
within the limits for FiTs applied in Germany ($0.23/kWh to $0.38/kWh conversion of € to $AUD at 
1:1.45 (Nov 2015), a fellow OECD nation.  
The current landfill levy set in Case 2 is enough to favour COMP over BAU, whilst in Case 1 it 
needs to be doubled to a value of $126/Mg. If this occurred Case 1 would be slightly under the 
current landfill levy applied in Case 2 ($132/Mg). AcoD was the FW digestion based system with the 
lowest rise in landfill levy required to meet cost parity with BAU, with a levy set at $179/Mg and 
$193/Mg for Case 1 and Case 2 respectively. These landfill levies would lead to a 39% and 16% rise in 
the total cost Environmental LCC of a waste service for Case 1 and Case 2 respectively. The United 
Kingdom has the highest landfill levy identified, $164/Mg conversion of £ to $AUD at 1:2.05 (Nov 
2015). Other nations have banned landfilling of FW entirely.  
To rely solely on a price on greenhouse gas emissions to promote the use of alternative FW 
emissions would have the cost per tonne of CO2.eq needing to be set at $187 and $94.3 for Case 1 
and Case 2 respectively, before the cheapest alternative AcoD was at cost parity with BAU. These 
prices have not been witnessed in any of the jurisdictions reviewed.  
10.3.6 The need to assess a local system, as a service, across its life cycle  
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The varied and localised nature of every waste catchment has been exhibited to greatly affect 
the environmental and financial performance of systems. This report therefore developed an LCA 
decision support toolkit that can assist decisions for such a local context. The tool was developed 
using two case studies from different jurisdictions it has provided a unique insight into influential 
local parameters including; 
• The distance between kerbside collected bins 
• The distance to a treatment facility 
• The quantity of waste  
• The composition of a waste stream 
• The rate at which a household correctly sorts waste 
• The climatic conditions that effect landfill performance 
• Government policy and financial incentives 
This work reasoned that only through assessing the whole waste management system using 
mass-flow analysis and LCA methodology can the principles of resource recovery and utilising 
resources at their highest utility be assessed. It was concluded that such assessment incorporates 
the whole waste service provision and not be limited to smaller processes within the system i.e. a 
single compost facility. If assessments are not set out in this way there is a risk of shifting an 
environmental or financial burden to another process.  
This work also argued that the current use of the waste hierarchy and associated performance 
indicators or metrics like ‘the rate of landfill diversion’ or the quantity of waste ‘prepared for 
recycling’ do not provide a means to assess the efficiency of a waste management system to recycle, 
recover or reuse waste. Moreover, these indicators cannot locate inefficiencies in resource recovery 
systems, as highlighted in Case 1 where such a metric could not locate the high amount of LFG not 
being used for energy recovery but simply being flared as the metric being used was only quantifying 
the amount of waste converted to LFG not how that LFG was being used nor the quality. Another 
example is phosphorous discharged as supernatant instead of being applied as a fertiliser 
replacement.  
10.4 Limitations and recommendations for further research 
This work demonstrates that anaerobic digestion and anaerobic co-digestion FW treatment 
systems are capable of reducing the environmental impact of current FW management systems with 
a small increase to overall cost. However, it is important to view the conclusions of the work 
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alongside its limitations. Firstly, the LCA and LCC conclusions should always be viewed in the context 
of the case studies considered. It is not possible with this work to draw an immediate general 
conclusion of the environmental or financial impact of a system for a local government area that has 
not been studied. The work does layout a method and tool which facilitates a joint LCA and LCC 
based upon waste flows, however, without conducting such a study it cannot be said with any 
certainty that, for example, AcoD has a lesser GWP than COMP. Secondly, whilst the work aimed to 
include local data where applicable, due to a scarcity in local data it was necessary to use averaged  
data from overseas presented in the literature or in LCA databases. The study would benefit from 
localised data for inventory items including but not limited to waste elemental composition, and 
specific methane production rates. Finally, an attributional modelling approach was used to 
determine the LCI in this work. Whilst this is a justifiable decision given the small local scale of the 
LCAs conducted, if a group of local governments were to proceed with changes to their FW 
management system, such a collective action is likely to cause marginal changes to background 
processes like electricity generation, inciting the need to consider a consequential modelling 
approach. 
Expanding on the limitations of this study it is recommended that future research be undertaken 
in the following areas to improve and extend the findings of this thesis:  
• Alternative FW treatment technologies, and thus management systems, are constantly 
being developed and improved. Therefore there will always be room to further this 
research by including new relevant systems as they develop and mature. Incineration as 
an energy from waste facility is a common alternative treatment of garbage and 
sometimes co-mingled garbage and FW overseas. Over the past 2 years, during the 
materialisation of the research, interest in incineration as an energy from waste 
technology has grown rapidly in Australia, although as yet, no facility has been 
established. The inclusion of a system module that incorporates incineration of co-
mingled FW and garbage, and one that includes the incineration of garbage plus the co-
digestion of FW should be included in future research to gauge its performance. 
• Inclusion of more substantial externality data including integrating social conditions  
• Determine externality costs for water emissions based upon dose-response methodology 
which may be used to replace. 
• Integrate weighting factors for environmental impact categories in order to provide a 
value assessment and single rank metric for environmental impact. The framework set 
out by Bengtsson and Howard (2010) could be used. This component could be closely 
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aligned with the development of an Australian specific environmental impact assessment 
methodology, of which there are currently none. 
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Appendix 
CHAPTER 4 – SUPPLEMENTARY MATERIAL 
ANAEROBIC DIGESTION AT WASTEWATER TREATMENT PLANTS: OPPORTUNITIES WITH 
AND WITHOUT POLICY SUPPORT 
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COUNTRY REPORT MAP OF ANAEROBIC DIGESTION IN AUSTRALIA  
 
 
Map and further information available online click here  
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CHAPTER 6 – SUPPLEMENTARY MATERIAL  
SUMMARY OF INVENTORY FOR UNIT PROCESS III COMPOSTING (ALL UNITS ARE FOR 1 
MG -1 OF WASTE [WW]) 
 
Flow Category Flow Units  
(1 Mg-1 of 
substrate 
w.w) 
GW Only  
As per BAU, 
AcoD, INSINK, 
SAD and MBT 
FW:GW 
(50:50)  
As per COMP 
FW:GW 
(60:40) 
As per HCOMP 
Fugitive air 
emissions 
CH4 g  65 346 346 
 CO2 kg 135 256 256 
 N2O g  40 127 127 
 NMVOC kg 0.6 0.6 0.6 
 H2S kg 0.5 0.5 0.5 
Valuable materials Compost  kg 583 292 285 
Energy required Electricity kWh 0.2 0.2 0.2 
 Diesel L 4.3 4.3 4.3 
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SUMMARY OF INVENTORY FOR UNIT PROCESS III IN SEPARATE ANAEROBIC DIGESTION 
(SAD) AND MECHANICAL BIOLOGICAL TREATMENT (MBT) SYSTEMS (ALL UNITS ARE FOR 
1 MG -1 OF WASTE [WW]) 
 
Flow Category Flow Units  
(1 Mg-1 of 
substrate w.w) 
  
Separate 
anaerobic 
digestion of FW 
 (as per SAD) 
  
Biological treatment of FW 
(as per MBT) 
Anaerobic 
stage 
Aerobic 
stage 
Fugitive air 
emissions 
CH4 kg 0.21 0.24 2.00E-02 
  CO2 kg 0.39 0.43 250 
  N2O kg 7.56E-05 8.41E-05 7.50E-02 
  NMVOC kg 1.51E-04 1.68E-04 - 
Valuable 
materials 
Biogas to power m3 52.9 58.9 
  Biogas to flare m3 1.08 1.2 
  Biosolids  kg 161 516 
Water 
emissions 
Supernatant 
generated 
m3 0.78  0.35 
Energy required Electricity kWh 22.28 68.9 
Materials Polyacrylamide 
(Polymer) 
kg 0.33 0.33 
  Wood chips kg 1.81E-06 1.81E-06 
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SUMMARY OF INVENTORY FOR SUPERNATANT FROM SEPARATED ANAEROBIC 
DIGESTION AND MECHANICAL BIOLOGICAL TREATMENT (ALL UNITS ARE FOR 1 MG -1 OF 
SUPERNATANT) 
 
Flow category Flow Units (1 Mg-1 of 
supernatant) 
Separate anaerobic 
digestion of FW 
 (as per SAD) 
Biological 
treatment of FW  
(as per MBT) 
Water emissions COD g 140 544 
  NH4-N g 9.37 35.8 
  NO3-N g 14.9 10.8 
  NO2-N g 0.17 0.6 
  N-Part g 2.12 8.11 
  PO4-P g 2.39 8.30 
  SO4-S g 96.0 96.0 
Air emissions N2O g 0.65 2.50 
Energy and 
materials 
Electricity kWh 6.47 38.5 
  Alum kg 1.39E-02 1.39E-02 
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SUMMARY OF INVENTORY FOR BIOSOLIDS LAND APPLICATION (UNITS ARE 1 MG -1 OF 
BIOSOLIDS) 
 
Flow category Flow Units 
  (1 Mg-1 of 
biosolids) 
Separate anaerobic 
digestion of FW   (as per 
SAD) 
Biological treatment of FW (as 
per MBT) 
MCC SSC MCC SSC 
Air emissions CO2 kg 4.02E+02 4.02E+02 1.97E+02 1.84E+02 
Soil emissions S kg 7.54E-01 7.54E-01 9.95E-01 8.60E-01 
  As kg 3.55E-05 3.55E-05 1.20E-04 1.10E-04 
  Cd kg 3.11E-05 3.11E-05 6.34E-04 9.62E-04 
  Hg kg 6.52E-06 6.52E-06 1.47E-04 2.10E-04 
  Pb kg 1.45E-03 1.45E-03 4.35E-02 6.64E-02 
  Se kg 3.10E-08 3.10E-08 2.40E-04 3.20E-04 
Valuable 
material 
N fertiliser eq. kg 2.70E+00 2.70E+00 1.98E+00 1.46E+00 
  K2O fertiliser eq. kg 3.61E+00 3.61E+00 2.51E+00 1.92E+00 
  P2O5 fertiliser eq. kg 4.78E+00 4.78E+00 3.05E+00 2.35E+00 
  C stored kg 4.97E+01 4.97E+01 2.43E+01 2.27E+01 
Energy Diesel 
(transport) 
L 5.30E-01 5.30E-01 5.30E-01 5.30E-01 
  Diesel (land 
application) 
L 9.40E-01 9.40E-01 9.40E-01 9.40E-01 
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ELECTRICITY MIX USED IN THE STUDY ACCORDING TO AUSTRALASIAN UNIT PROCESS LCI  
 
 New South Wales (SSC) Victoria (MCC) 
Black coal (26.4 MJ/kg wet) 76.1% - 
Brown Coal (10 MJ/kg wet) - 89.3% 
Natural gas 5.11% 1.25% 
Hydropower 2.86% 5.76% 
Wind 0.62% 1.99% 
Photovoltaic 1.47% 1.12% 
Imported (neighbouring state) 8.09% (Queensland) 
4.72% (Victoria) 
- 
Other 1.03% 0.58% 
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CHARACTERISTICS OF ORGANIC WASTES CONSIDERED IN THIS STUDY 
 
 Unit FW GW SS 
(MWWTP) 
SS 
(CWWTP) 
TS % of ww 25.7a,b,c,d,e,f 57.1d,h,i 5.46 6.56 
VS % of ww 22.6a,b,c,d,e,f 38.9d,h,i 4.72 5.78 
C % of TS 47.9b,d,e,f,g 44.9d,h,i 39.0q 39.0q 
N % of TS 2.45b,d,e,f,g 0.92d,h,i 3.38 5.60 
P % of TS 0.35a,b,c,d,e,f 0.20d,h 1.15 1.10 
K % of TS 0.90a,b,c,d,e,f 1.27d,h 0.35j 0.35j  
S % of TS 0.20b,d,e,f 0.14d,h,i 0.89q 0.89q  
Al mg/kg of TS 1.00E3d 7.10E3d,h 8.72E3l 8.72E3l  
Fe mg/kg of TS 310d,f 3.20E3d,h  1.54E4l,m 1.54E4l,m  
Ca mg/kg of TS 1.38E4d,f 4.40E4d,h  4.06E4j 4.06E4j 
Na mg/kg of TS 3.12E3 d,f 2.10E3d,h 1.69E3 j  1.69E3 j  
Mg mg/kg of TS 4.61E3 d,f  800d,h 6.40E3 j  6.40E3 j  
As mg/kg of TS 0.26d 1.69d,h 10.0k 10.0k 
Cd mg/kg of TS 0.10b,d,f 0.30d,h 3.1k,l 3.1k,l 
Cr mg/kg of TS 5.20 b,d,f 4.60d,h 339k,l,m 339k,l,m 
Cu mg/kg of TS 9.20 b,d,f 11.6d,h 330l,m 330l,m 
Hg mg/kg of TS 0.01 b,d,f 0.20d,h 4.00k 4.00k 
Mn mg/kg of TS 86.0 d,f  0.07d,h  279l,m 279l,m 
Mo mg/kg of TS 0.87d,f 2.70d,h 4.00k,n 4.00k,n 
Ni mg/kg of TS 2.60 b,d,f 3.56d,h 50.9l,m 50.9l,m 
Pb mg/kg of TS 2.60 b,d,f 8.21d,h 126.8,m 126.8m 
Zn mg/kg of TS 30.6 b,d,f  60.6d,h  9.97E2l,p 1.35E3l,p 
All values denoted with a letter where averages from the relevant literature. Where no denotation is present 
these values were average values from daily measurements over at least 142 days. (Literature sources: a 
(Banks et al., 2011), b (Zhang et al., 2012), c (Cavinato et al., 2013), d (Boldrin et al., 2011), e (la Cour Jansen et 
al., 2004), f (Fisgativa et al., 2016), g (Hansen et al., 2007), h (Boldrin and Christensen, 2010), i (Hla and 
Roberts, 2015), j (Fuentes et al., 2004), k (Metcalf & Eddy, 2003), l (Alvarez et al., 2002), m (Karvelas et al., 
2003), n (EPA Victoria, 2004), p (EPA NSW, 2000), q (Kim et al., 2007) 
 
Alvarez, E.A., Mochón, M.C., Sanchez, J.C.J., Rodríguez, M.T., 2002. Heavy metal extractable forms in sludge 
from wastewater treatment plants. Chemosphere 47, 765–775. doi:10.1016/S0045-6535(02)00021-8 
Banks, C.J., Chesshire, M., Heaven, S., Arnold, R., 2011. Anaerobic digestion of source-segregated domestic 
food waste: performance assessment by mass and energy balance. Bioresour. Technol. 102, 612–20. 
doi:10.1016/j.biortech.2010.08.005 
Boldrin, A., Christensen, T.H., 2010. Seasonal generation and composition of garden waste in Aarhus 
(Denmark). Waste Manag. 30, 551–7. doi:10.1016/j.wasman.2009.11.031 
Boldrin, A., Neidel, T.L., Damgaard, A., Bhander, G.S., Møller, J., Christensen, T.H., 2011. Modelling of 
environmental impacts from biological treatment of organic municipal waste in EASEWASTE. Waste 
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Manag. 31, 619–30. doi:10.1016/j.wasman.2010.10.025 
Cavinato, C., Bolzonella, D., Pavan, P., Fatone, F., Cecchi, F., 2013. Mesophilic and thermophilic anaerobic co-
digestion of waste activated sludge and source sorted biowaste in pilot- and full-scale reactors. Renew. 
Energy 55, 260–265. doi:10.1016/j.renene.2012.12.044 
EPA NSW, 2000. Environmental guidelines: Use and Disposal of Biosolids Products. Sydney. 
EPA Victoria, 2004. Guidelines for Environmental Management: Biosolids Land Application. Melbourne. 
Fisgativa, H., Tremier, A., Dabert, P., 2016. Characterizing the variability of food waste quality: A need for 
efficient valorisation through anaerobic digestion. Waste Manag. doi:10.1016/j.wasman.2016.01.041 
Fuentes, A., Lloréns, M., Sáez, J., Soler, A., Aguilar, M.I., Ortuño, J.F., Meseguer, V.F., 2004. Simple and 
sequential extractions of heavy metals from different sewage sludges. Chemosphere 54, 1039–1047. 
doi:10.1016/j.chemosphere.2003.10.029 
Hansen, T.L., Jansen, J. la C., Spliid, H., Davidsson, A., Christensen, T.H., 2007. Composition of source-sorted 
municipal organic waste collected in Danish cities. Waste Manag. 27, 510–8. 
doi:10.1016/j.wasman.2006.03.008 
Hla, S.S., Roberts, D., 2015. Characterisation of chemical composition and energy content of green waste and 
municipal solid waste from Greater Brisbane, Australia. Waste Manag. 41, 12–19. 
doi:10.1016/j.wasman.2015.03.039 
Karvelas, M., Katsoyiannis, A., Samara, C., 2003. Occurrence and fate of heavy metals in the wastewater 
treatment process. Chemosphere 53, 1201–1210. doi:10.1016/S0045-6535(03)00591-5 
Kim, H.-W., Shin, H.-S., Han, S.-K., Oh, S.-E., 2007. Response Surface Optimization of Substrates for 
Thermophilic Anaerobic Codigestion of Sewage Sludge and Food Waste. J. Air Waste Manage. Assoc. 57, 
309–318. doi:10.1080/10473289.2007.10465334 
la Cour Jansen, J., Gruvberger, C., Hanner, N., Aspegren, H., Avärd,  a. ̊, 2004. Digestion of sludge and organic 
waste in the sustainability concept for Malmö, Sweden. Water Sci. Technol. 49, 163–169. 
Metcalf & Eddy, 2003. Wastewater Engineering: Treatment and Reuse, 4th ed. McGraw Hill, New York. 
Zhang, Y., Banks, C.J., Heaven, S., 2012. Anaerobic digestion of two biodegradable municipal waste streams. J. 
Environ. Manage. 104, 166–74. doi:10.1016/j.jenvman.2012.03.043 
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FRACTION OF MGB WASTE ACCORDING TO SYSTEM AND CASE STUDY 
 
Waste category BAU AcoD INSINK COMP HCOMP SAD MBT 
MCC SSC MCC SSC MCC SSC MCC SSC MCC SSC MCC SSC MCC SSC 
Food waste 0.45 0.35 0.26 0.19 0.25 0.18 0.26 0.19 0.25 0.18 0.26 0.19 0.45 0.35 
Garden/Green waste 0.07 0.10 0.10 0.13 0.10 0.12 0.10 0.13 0.10 0.12 0.10 0.13 0.07 0.10 
Paper & Cardboard 0.18 0.16 0.25 0.20 0.25 0.20 0.25 0.20 0.25 0.20 0.25 0.20 0.18 0.16 
Wood waste 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 
Textiles 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 0.02 
Nappies 0.08 0.04 0.11 0.05 0.11 0.05 0.11 0.05 0.11 0.05 0.11 0.05 0.08 0.04 
Rubber and Leather 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.01 
Inert (plastic, metal, 
concrete, glass) 
0.19 0.32 0.22 0.39 0.25 0.40 0.22 0.39 0.25 0.40 0.22 0.39 0.19 0.32 
Quantity of MGB 
waste (Mg)  
1.90E4 5.12E4 1.33
E4 
3.91
E 
1.40
E4 
4.06
E4 
1.33E
4 
3.91
E4 
1.40
E4 
4.06
E4 
1.33
E4 
3.91
E 
1.90E
4 
5.12E
4 
Note: quantity of waste for Inert material will not be the same across systems as inert material is modelled to be a contaminant in the MFB or McOB in the COMP, AcoD and 
SAD systems  
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CHAPTER 7 SUPPLEMENTARY MATERIAL  
CHARACTERISTICS OF ORGANIC WASTES CONSIDERED IN THIS STUDY 
 
 Unit FW GW SS 
(MWWTP) 
SS 
(CWWTP) 
TS % of ww 25.7a,b,c,d,e,f 57.1d,h,i 5.46 6.56 
VS % of ww 22.6a,b,c,d,e,f 38.9d,h,i 4.72 5.78 
C % of TS 47.9b,d,e,f,g 44.9d,h,i 39.0q 39.0q 
N % of TS 2.45b,d,e,f,g 0.92d,h,i 3.38 5.60 
P % of TS 0.35a,b,c,d,e,f 0.20d,h 1.15 1.10 
K % of TS 0.90a,b,c,d,e,f 1.27d,h 0.35j 0.35j  
S % of TS 0.20b,d,e,f 0.14d,h,i 0.89q 0.89q  
Al mg/kg of TS 1.00E3d 7.10E3d,h 8.72E3l 8.72E3l  
Fe mg/kg of TS 310d,f 3.20E3d,h  1.54E4l,m 1.54E4l,m  
Ca mg/kg of TS 1.38E4d,f 4.40E4d,h  4.06E4j 4.06E4j 
Na mg/kg of TS 3.12E3 d,f 2.10E3d,h 1.69E3 j  1.69E3 j  
Mg mg/kg of TS 4.61E3 d,f  800d,h 6.40E3 j  6.40E3 j  
As mg/kg of TS 0.26d 1.69d,h 10.0k 10.0k 
Cd mg/kg of TS 0.10b,d,f 0.30d,h 3.1k,l 3.1k,l 
Cr mg/kg of TS 5.20 b,d,f 4.60d,h 339k,l,m 339k,l,m 
Cu mg/kg of TS 9.20 b,d,f 11.6d,h 330l,m 330l,m 
Hg mg/kg of TS 0.01 b,d,f 0.20d,h 4.00k 4.00k 
Mn mg/kg of TS 86.0 d,f  0.07d,h  279l,m 279l,m 
Mo mg/kg of TS 0.87d,f 2.70d,h 4.00k,n 4.00k,n 
Ni mg/kg of TS 2.60 b,d,f 3.56d,h 50.9l,m 50.9l,m 
Pb mg/kg of TS 2.60 b,d,f 8.21d,h 126.8,m 126.8m 
Zn mg/kg of TS 30.6 b,d,f  60.6d,h  9.97E2l,p 1.35E3l,p 
(LITERATURE SOURCES: A (BANKS ET AL., 2011), B (ZHANG ET AL., 2012), C 
(CAVINATO ET AL., 2013), D (BOLDRIN ET AL., 2011), E (LA COUR JANSEN ET AL., 
2004), F (FISGATIVA ET AL., 2016), G (HANSEN ET AL., 2007), H (BOLDRIN AND 
CHRISTENSEN, 2010), I (HLA AND ROBERTS, 2015), J (FUENTES ET AL., 2004), K 
(METCALF & EDDY, 2003), L (ALVAREZ ET AL., 2002), M (KARVELAS ET AL., 2003), N 
(EPA VICTORIA, 2004), P (EPA NSW, 2000), Q (KIM ET AL., 2007)  
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FRACTION OF WASTE IN EACH BIN ACCORDING TO SYSTEM AND CASE STUDY 
 
Waste category BAU AcoD 
MCC SSC MCC SSC 
MGB MGB MGB MFB MGB MFB 
Food waste 0.45 0.35 0.26 0.88 0.19 0.88 
Garden/Green waste 0.07 0.10 0.10 - 0.13 - 
Paper & Cardboard 0.18 0.16 0.25 0.02 0.20 0.02 
Wood waste 0.01 0.01 0.01 - 0.01 - 
Textiles 0.02 0.02 0.02 - 0.02 - 
Sludge - 0.00 0.00 - 0.00 - 
Nappies 0.08 0.04 0.11 - 0.05 - 
Rubber and Leather 0.01 0.01 0.01 - 0.01 - 
Inert (plastic, metal, concrete, 
glass) 
0.19 0.32 0.22 0.10 0.39 0.10 
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PARAMETERS USED WHEN MODELLING LANDFILL GAS ACCORDING TYPE OF WASTE AND 
LANDFILL 
 
Waste type DOC (fraction) DOCf (fraction) k - decay rate 
MCC SSC 
Food Waste 0.123 0.84 0.06 0.185 
Paper Waste 0.4 0.45 0.04 0.06 
Garden & Green Waste 0.256 0.5 0.05 0.1 
Wood Waste 0.43 0.27 0.02 0.03 
Textile Waste 0.24 0.3 0.04 0.06 
Nappies 0.24 0.5 0.04 0.04 
Rubber & Leather Waste 0.39 0.5 0.04 0.06 
Sewage Sludge 0.09 0.5 0.06 0.185 
Other 0.12 0.27 0.06 0.06 
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PARAMETERS USED WHEN MODELLING LANDFILL LEACHATE 
 
Parameter Unit MCC SSC 
F fraction 0.53 0.5 
OF fraction 0.1 0.1 
P mm/year 1000 1500 
AET mm/year 500 600 
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ELECTRICITY GRID MIX FOR EACH CASE STUDY 
 
Raw power source MCC  
(Victoria) 
SSC  
(New South 
Wales) 
Black coal - 76.1% 
Brown coal 89.3% - 
Natural gas 1.20% 4.7% 
Hydropower 5.76% 2.8% 
Wind power 1.99% 0.01% 
Solar Photovoltaic mix 1.10% 1.5% 
Imported from other states - 12.8% 
Other 0.65% 2.1% 
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CHAPTER 8 SUPPLEMENTARY MATERIAL 
WASTE STREAM CHARACTERISTICS 
1.1.1 E.1 SUMMARY OF INVENTORY AND UNCERTAINTY FOR FOOD WASTE 
CHARACTERISTICS 
 
Flow Unit Value Range from 
literature 
Literature 
sources 
Basic 
uncertainty 
(σ2 value) 
Pedigree 
matrix 
Uncertainty 
(σ2 value) 
FW_TS % of 
ww 
25.7 22.4 – 45.0 a,b,c,d,e,f 1.05 (2,4,3,5,2,na) 1.2 
FW_VS % of TS 87.6 80.0 – 94.8 a,b,c,d,e,f 1.05 (2,4,3,5,2,na) 1.2 
FW_C % of TS 47.8 45.0 – 51.9 b,d,e,f,g 1.05 (2,4,3,5,2,na) 1.2 
FW_Ash % of TS 6.7 5.0 – 8.4 d,g 1.05 (2,4,3,5,2,na) 1.2 
FW_O % of TS 36.3 33.2 – 39.4 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_H % of TS 6.8 6.6 – 7.0 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_N % of TS 2.5 1.7 – 3.44 b,d,e,f,g 1.05 (2,4,3,5,2,na) 1.2 
FW_S % of TS 0.23 0.15 – 0.40 b,d,e,f 1.05 (2,4,3,5,2,na) 1.2 
FW_P % of TS 0.38 0.18 – 0.70 a,b,c,d,e,f 1.05 (2,4,3,5,2,na) 1.2 
FW_K % of TS 1.0 0.33 – 1.8 a,b,c,d,e,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Fe % of TS 4.0E-4 3.1E-4 – 
4.82E-4 
d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Ca % of TS 1.45 0.56 – 2.2 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Na % of TS 1.26 0.31 – 2.2 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Mg % of TS 0.37 0.12 – 0.8 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Al % of TS 0.1 0.1 d 1.05 (2,4,3,5,2,na) 1.2 
FW_Cl % of TS 0.54 0.5 – 0.6 d,g 1.05 (2,4,3,5,2,na) 1.2 
FW_As mg/kg 
of TS 
0.26 0.26 d 1.05 (2,4,3,5,2,na) 1.2 
FW_Cd mg/kg 
of TS 
0.1 0.09 – 0.3 b,d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Cr mg/kg 
of TS 
16.6 1.8 – 29 b,d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Cu mg/kg 
of TS 
10.85 7.2 - 23  b,d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Hg mg/kg 
of TS 
0.015 0.004 – 0.3 b,d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Mn mg/kg 
of TS 
74.25 62.5 – 86 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Mo mg/kg 
of TS 
1.035 0.87 – 1.2 d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Ni mg/kg 
of TS 
4.8 1.3 – 10 b,d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Pb mg/kg 
of TS 
2.6 1 – 18 b,d,f 1.05 (2,4,3,5,2,na) 1.2 
FW_Zn mg/kg 
of TS 
31.8 25 - 87 b,d,f 1.05 (2,4,3,5,2,na) 1.2 
GW_TS % of 
ww 
57.0 43.0 – 71.3 d,h,i,j 1.05 (2,4,3,5,2,na) 1.2 
GW_VS % of TS 68.1 53.5 – 76.0 d,h,i 1.05 (2,4,3,5,2,na) 1.2 
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GW_Ash % of TS 35.2 0.24 – 0.46 d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_H % of TS 4.3 3.5 – 5.2 d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_C % of TS 43.1 28.4 – 49.8 d,h,i,j 1.05 (2,4,3,5,2,na) 1.2 
GW_N % of TS 0.96 0.5 – 1.5 d,h,i,j 1.05 (2,4,3,5,2,na) 1.2 
GW_P % of TS 0.27 0.10 – 0.50 d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_K % of TS 1.24 0.95 – 1.50 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_S % of TS 0.16 0.002 - 0.5 d,h,i 1.05 (2,4,3,5,2,na) 1.2 
GW_Al % of TS 0.71 0.002 – 
1.43 
d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_Fe % of TS 0.32 0.0015 – 
0.63  
d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_Ca % of TS 1.91 0.02 – 4.4 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Na % of TS 0.21 0.001 – 
0.41 
d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_Mg % of TS 0.08 0.002 – 
0.17 
d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Cl % of TS 0.28 0.003 – 
0.48  
d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_Mn % of TS 0.07 0.02 – 0.12 d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_As mg/kg 
of TS 
1.69 0.94 – 2.44 d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_Cd mg/kg 
of TS 
0.29 0.22 – 0.36 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Cr mg/kg 
of TS 
9.06 4.50 – 18.1 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Cu mg/kg 
of TS 
10.63 0.1 – 20.2 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Hg mg/kg 
of TS 
0.17 0.04 – 0.26 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Mo mg/kg 
of TS 
2.70 1.20 – 4.20 d,h 1.05 (2,4,3,5,2,na) 1.2 
GW_Ni mg/kg 
of TS 
3.49 3.20 – 3.70 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Pb mg/kg 
of TS 
12.47 4.80 – 24.4 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
GW_Zn mg/kg 
of TS 
109 60 - 208 d,h,j 1.05 (2,4,3,5,2,na) 1.2 
SS_TS_Cronulla % of 
ww 
6.56   1.05 (1,1,2,2,1,na) 1.06 
SS_VS_Cronulla % of 
ww 
5.78   1.05 (1,1,2,2,1,na) 1.06 
SS_TS_Melton % of 
ww 
5.46   1.05 (1,1,2,2,1,na) 1.06 
SS_VS_Melton % of 
ww 
4.72   1.05 (1,1,2,2,1,na) 1.06 
SS_N_Cronulla % of TS 0.056   1.05 (2,4,3,5,2,na) 1.2 
SS_N_Melton % of TS 0.05   1.05 (2,4,3,5,2,na) 1.2 
SS_P_Cronulla % of TS 0.011   1.05 (2,4,3,5,2,na) 1.2 
SS_P_Melton % of TS    1.05 (2,4,3,5,2,na) 1.2 
SS_C % of TS 39.2 39.2 – 39.3 q,r 1.05 (2,4,3,5,2,na) 1.2 
SS_O % of TS 29.4 29.4 q 1.05 (2,4,3,5,2,na) 1.2 
SS_H % of TS 6.06 6.06 q 1.05 (2,4,3,5,2,na) 1.2 
SS_S % of TS 0.89 0.89 q 1.05 (2,4,3,5,2,na) 1.2 
SS_K % of TS 0.35 0.35 k,q 1.05 (2,4,3,5,2,na) 1.2 
SS_Fe mg/kg 15,400 4,400 – k,l,m 1.05 (2,4,3,5,2,na) 1.2 
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of TS 22,400 
SS_Ca mg/kg 
of TS 
40,638 40,638 j 1.05 (2,4,3,5,2,na) 1.2 
SS_Na mg/kg 
of TS 
1,690 1,690 j 1.05 (2,4,3,5,2,na) 1.2 
SS_Mg mg/kg 
of TS 
6,401 6,401 j 1.05 (2,4,3,5,2,na) 1.2 
SS_Al mg/kg 
of TS 
8,722 6,440 – 
11,000 
l 1.05 (2,4,3,5,2,na) 1.2 
SS_As mg/kg 
of TS 
10 1.1 – 230 k 1.05 (2,4,3,5,2,na) 1.2 
SS_Cd mg/kg 
of TS 
2.78 1 – 6.30 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Cr mg/kg 
of TS 
239 10 – 500 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Cu mg/kg 
of TS 
330 131 - 800 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Hg mg/kg 
of TS 
3.6 0.6 – 56 k 1.05 (2,4,3,5,2,na) 1.2 
SS_Mn mg/kg 
of TS 
279 103 - 336 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Mo mg/kg 
of TS 
5.91 3.52 – 10.2 k,l 1.05 (2,4,3,5,2,na) 1.2 
SS_Ni mg/kg 
of TS 
38.7 14.3 - 221 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Pb mg/kg 
of TS 
140 72.5 – 222 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Zn mg/kg 
of TS 
997 633 - 1700 k,l,m 1.05 (2,4,3,5,2,na) 1.2 
SS_Se mg/kg 
of TS 
5 1.7 – 17.2 k 1.05 (2,5,4,5,2,na) 1.33 
 (Literature sources: a (Banks et al., 2011), b (Zhang et al., 2012), c (Cavinato et al., 2013), d (Boldrin et al., 
2011), e (la Cour Jansen et al., 2004), f (Fisgativa et al., 2016), g (Hansen et al., 2007), h (Boldrin and 
Christensen, 2010), i (Hla and Roberts, 2015), j (Boer et al., 2005), k (Metcalf & Eddy, 2003), l (Alvarez et al., 
2002), m (Karvelas et al., 2003), n (EPA Victoria, 2004), p (EPA NSW, 2000), q (Kim et al., 2007) r (Kim et al., 
2006) 
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ELECTRICITY MIX FOR BOTH CASE STUDIES 
1.1.3 ELECTRICITY MIX USED IN THE STUDY ACCORDING TO AUSTRALASIAN UNIT 
PROCESS LCI 
 
 New South Wales (Case 
2) 
Victoria (Case 1) 
Black coal (26.4 MJ/kg wet) 76.1% - 
Brown Coal (10 MJ/kg wet) - 89.3% 
Natural gas 5.11% 1.25% 
Hydropower 2.86% 5.76% 
Wind 0.62% 1.99% 
Photovoltaic 1.47% 1.12% 
Imported (neighbouring state) 8.09% (Queensland) 
4.72% (Victoria) 
- 
Other 1.03% 0.58% 
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CONTRIBUTION OF PROCESSES TO BASELINE HUMAN TOXICITY  
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Human Toxicity - CASE 2
Land application - SAD Biosolids Recycling from MRF Landfill - SAD Sludge Electricty Generation - SAD
Separate FW - AD Land Application - WWTP Biosolids Land Application - Compost Electricity generation - WWTP
Electricity generation - Landfill Composting Pre-treatment WWTP - AD
Landfill Collection Total
Joel Edwards PhD Thesis  Appendix – Page 297 
 
UNCERTAINTY ASSESSMENT  
1.1.4 CASE 1 (UNCERTAINTY ASSESSMENT – ROW’S IMPACT SUBTRACT COLUMNS IMPACT) 
 
Case 1 - Baseline results 
 
Case 1 - Uncertainty results 
  
Abiotic depletion (ADP) (kg of Sb eq.) 
 
Abiotic depletion (ADP) (kg of Sb eq.) 
BAU AcoD INSINK COMP HCOMP SAD MBT 
 
BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU   3.63E-01 -2.01E+00 9.60E-01 1.74E+00 -2.94E-01 -8.72E-01 
 
  3.33E-01 -9.59E-01 8.47E-01 2.08E+00 -1.44E-01 -8.50E-01 
AcoD -3.63E-01   -2.38E+00 5.98E-01 1.38E+00 -6.57E-01 -1.23E+00 
 
-3.33E-01   -1.01E+00 7.09E-01 1.23E+00 -4.53E-01 -1.14E+00 
INSINK 2.01E+00 2.38E+00   2.97E+00 3.76E+00 1.72E+00 1.14E+00 
 
9.59E-01 1.01E+00   2.76E+00 4.13E+00 1.31E+00 1.20E+00 
COMP -9.60E-01 -5.98E-01 -2.97E+00   7.84E-01 -1.25E+00 -1.83E+00 
 
-8.47E-01 -7.09E-01 -2.76E+00   1.02E+00 -1.04E+00 -1.76E+00 
HCOMP -1.74E+00 -1.38E+00 -3.76E+00 -7.84E-01   -2.04E+00 -2.62E+00 
 
-2.08E+00 -1.23E+00 -4.13E+00 -1.02E+00   -2.06E+00 -2.32E+00 
SAD 2.94E-01 6.57E-01 -1.72E+00 1.25E+00 2.04E+00   -5.78E-01 
 
1.44E-01 4.53E-01 -1.31E+00 1.04E+00 2.06E+00   -6.80E-01 
MBT 8.72E-01 1.23E+00 -1.14E+00 1.83E+00 2.62E+00 5.78E-01   
 
8.50E-01 1.14E+00 -1.20E+00 1.76E+00 2.32E+00 6.80E-01   
  Fossil fuel depletion (FFDP) (MJ) 
 
Fossil fuel depletion (FFDP) (MJ) 
BAU   7.32E+06 -7.36E+05 -5.66E+06 3.94E+05 1.07E+06 -5.93E+06 
 
  1.16E+07 5.96E+06 -5.32E+06 2.42E+05 6.76E+06 1.18E+07 
AcoD -7.32E+06   -8.05E+06 -1.30E+07 -6.92E+06 -6.25E+06 -1.32E+07 
 
-1.16E+07   -5.65E+06 -1.66E+07 -1.45E+07 -4.41E+06 4.46E+05 
INSINK 7.36E+05 8.05E+06   -4.93E+06 1.13E+06 1.81E+06 -5.19E+06 
 
-5.96E+06 5.65E+06   -8.28E+06 -2.60E+06 4.11E+06 8.55E+06 
COMP 5.66E+06 1.30E+07 4.93E+06   6.06E+06 6.74E+06 -2.61E+05 
 
5.32E+06 1.66E+07 8.28E+06   5.59E+06 1.17E+07 1.70E+07 
HCOMP -3.94E+05 6.92E+06 -1.13E+06 -6.06E+06   6.78E+05 -6.32E+06 
 
-2.42E+05 1.45E+07 2.60E+06 -5.59E+06   6.15E+06 1.14E+07 
SAD -1.07E+06 6.25E+06 -1.81E+06 -6.74E+06 -6.78E+05   -7.00E+06 
 
-6.76E+06 4.41E+06 -4.11E+06 -1.17E+07 -6.15E+06   5.53E+06 
MBT 5.93E+06 1.32E+07 5.19E+06 2.61E+05 6.32E+06 7.00E+06   
 
-1.18E+07 -4.46E+05 -8.55E+06 -1.70E+07 -1.14E+07 -5.53E+06   
  Ozone layer depletion (ODP) (kg of CFC-11 eq.) 
 
Ozone layer depletion (ODP) (kg of CFC-11 eq.) 
BAU   1.55E+01 1.70E+01 1.59E+01 1.76E+01 1.54E+01 3.81E+01 
 
  1.66E+01 1.76E+01 1.54E+01 1.85E+01 1.57E+01 3.81E+01 
AcoD -1.55E+01   1.56E+00 4.54E-01 2.16E+00 -1.88E-03 2.26E+01 
 
-1.66E+01   1.54E+00 2.63E-01 2.33E+00 -8.66E-05 2.27E+01 
INSINK -1.70E+01 -1.56E+00   -1.11E+00 6.00E-01 -1.56E+00 2.11E+01 
 
-1.76E+01 -1.54E+00   -1.40E+00 8.06E-01 -1.63E+00 2.03E+01 
COMP -1.59E+01 -4.54E-01 1.11E+00   1.71E+00 -4.56E-01 2.22E+01 
 
-1.54E+01 -2.63E-01 1.40E+00   2.18E+00 -2.21E-01 2.25E+01 
HCOMP -1.76E+01 -2.16E+00 -6.00E-01 -1.71E+00   -2.16E+00 2.05E+01 
 
-1.85E+01 -2.33E+00 -8.06E-01 -2.18E+00   -2.25E+00 2.05E+01 
SAD -1.54E+01 1.88E-03 1.56E+00 4.56E-01 2.16E+00   2.26E+01 
 
-1.57E+01 8.66E-05 1.63E+00 2.21E-01 2.25E+00   2.25E+01 
MBT -3.81E+01 -2.26E+01 -2.11E+01 -2.22E+01 -2.05E+01 -2.26E+01   
 
-3.81E+01 -2.27E+01 -2.03E+01 -2.25E+01 -2.05E+01 -2.25E+01   
  Human toxicity (HTox) (kg 1,4-DB eq.) 
 
Human toxicity (HTox) (kg 1,4-DB eq.) 
BAU   -1.41E+05 -6.13E+04 -1.35E+05 4.19E+05 -1.77E+05 -1.58E+06 
 
  7.31E+04 -9.46E+04 -4.88E+05 1.50E+05 -3.22E+05 -1.83E+06 
AcoD 1.41E+05   7.92E+04 5.35E+03 5.60E+05 -3.65E+04 -1.44E+06 
 
-7.31E+04   -9.94E+04 -7.88E+04 -5.05E+05 -2.64E+05 -1.87E+06 
INSINK 6.13E+04 -7.92E+04   -7.39E+04 4.80E+05 -1.16E+05 -1.52E+06 
 
9.46E+04 9.94E+04   -2.73E+05 7.23E+05 -6.51E+05 -2.20E+06 
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COMP 1.35E+05 -5.35E+03 7.39E+04   5.54E+05 -4.19E+04 -1.45E+06 
 
4.88E+05 7.88E+04 2.73E+05   6.46E+05 1.04E+05 -1.70E+06 
HCOMP -4.19E+05 -5.60E+05 -4.80E+05 -5.54E+05   -5.96E+05 -2.00E+06 
 
-1.50E+05 5.05E+05 -7.23E+05 -6.46E+05   1.19E+06 -2.14E+06 
SAD 1.77E+05 3.65E+04 1.16E+05 4.19E+04 5.96E+05   -1.41E+06 
 
3.22E+05 2.64E+05 6.51E+05 -1.04E+05 -1.19E+06   -1.64E+06 
MBT 1.58E+06 1.44E+06 1.52E+06 1.45E+06 2.00E+06 1.41E+06   
 
1.83E+06 1.87E+06 2.20E+06 1.70E+06 2.14E+06 1.64E+06   
  Photochemical oxidation (POP) (kg of C2H4 eq.) 
 
Photochemical oxidation (POP) (kg of C2H4 eq.) 
BAU   4.78E+02 4.68E+02 5.77E+02 7.30E+02 4.59E+02 1.18E+03 
 
  4.75E+02 4.98E+02 5.81E+02 7.56E+02 4.75E+02 1.20E+03 
AcoD -4.78E+02   -9.69E+00 9.90E+01 2.52E+02 -1.87E+01 7.01E+02 
 
-4.75E+02   2.50E+01 1.12E+02 2.28E+02 -1.29E+01 7.18E+02 
INSINK -4.68E+02 9.69E+00   1.09E+02 2.62E+02 -9.01E+00 7.11E+02 
 
-4.98E+02 -2.50E+01   1.13E+02 2.78E+02 -7.32E+00 7.28E+02 
COMP -5.77E+02 -9.90E+01 -1.09E+02   1.53E+02 -1.18E+02 6.02E+02 
 
-5.81E+02 -1.12E+02 -1.13E+02   1.65E+02 -1.16E+02 6.18E+02 
HCOMP -7.30E+02 -2.52E+02 -2.62E+02 -1.53E+02   -2.71E+02 4.49E+02 
 
-7.56E+02 -2.28E+02 -2.78E+02 -1.65E+02   -2.87E+02 4.64E+02 
SAD -4.59E+02 1.87E+01 9.01E+00 1.18E+02 2.71E+02   7.20E+02 
 
-4.75E+02 1.29E+01 7.32E+00 1.16E+02 2.87E+02   7.31E+02 
MBT -1.18E+03 -7.01E+02 -7.11E+02 -6.02E+02 -4.49E+02 -7.20E+02   
 
-1.20E+03 -7.18E+02 -7.28E+02 -6.18E+02 -4.64E+02 -7.31E+02   
  Acidification (AP) (kg of SO2 eq.) 
 
Acidification (AP) (kg of SO2 eq.) 
BAU   5.56E+03 -1.30E+03 -3.81E+03 -1.90E+03 5.52E+02 -2.83E+03 
 
  8.71E+03 3.53E+03 -3.67E+03 -1.97E+03 4.85E+03 1.02E+04 
AcoD -5.56E+03   -6.86E+03 -9.37E+03 -7.47E+03 -5.01E+03 -8.39E+03 
 
-8.71E+03   -5.30E+03 -1.22E+04 -1.20E+04 -3.66E+03 1.64E+03 
INSINK 1.30E+03 6.86E+03   -2.51E+03 -6.07E+02 1.85E+03 -1.53E+03 
 
-3.53E+03 5.30E+03   -5.10E+03 -3.27E+03 3.69E+03 8.60E+03 
COMP 3.81E+03 9.37E+03 2.51E+03   1.90E+03 4.36E+03 9.82E+02 
 
3.67E+03 1.22E+04 5.10E+03   1.70E+03 8.16E+03 1.38E+04 
HCOMP 1.90E+03 7.47E+03 6.07E+02 -1.90E+03   2.46E+03 -9.22E+02 
 
1.97E+03 1.20E+04 3.27E+03 -1.70E+03   6.53E+03 1.21E+04 
SAD -5.52E+02 5.01E+03 -1.85E+03 -4.36E+03 -2.46E+03   -3.38E+03 
 
-4.85E+03 3.66E+03 -3.69E+03 -8.16E+03 -6.53E+03   5.72E+03 
MBT 2.83E+03 8.39E+03 1.53E+03 -9.82E+02 9.22E+02 3.38E+03   
 
-1.02E+04 -1.64E+03 -8.60E+03 -1.38E+04 -1.21E+04 -5.72E+03   
  Eutrophication (ETP) (kg of PO4 eq.) 
 
Eutrophication (ETP) (kg of PO4 eq.) 
BAU   8.26E+03 8.63E+03 7.81E+03 9.17E+03 7.77E+03 1.33E+04 
 
  9.40E+03 1.11E+04 1.45E+04 1.65E+04 1.11E+04 1.99E+04 
AcoD -8.26E+03   3.69E+02 -4.57E+02 9.10E+02 -4.90E+02 5.03E+03 
 
-9.40E+03   1.70E+03 5.48E+03 6.25E+02 5.36E+02 9.78E+03 
INSINK -8.63E+03 -3.69E+02   -8.25E+02 5.41E+02 -8.58E+02 4.66E+03 
 
-1.11E+04 -1.70E+03   6.63E+03 7.48E+03 2.38E+03 1.21E+04 
COMP -7.81E+03 4.57E+02 8.25E+02   1.37E+03 -3.30E+01 5.48E+03 
 
-1.45E+04 -5.48E+03 -6.63E+03   9.16E+02 -4.93E+03 5.06E+03 
HCOMP -9.17E+03 -9.10E+02 -5.41E+02 -1.37E+03   -1.40E+03 4.12E+03 
 
-1.65E+04 -6.25E+02 -7.48E+03 -9.16E+02   -6.89E+03 5.72E+03 
SAD -7.77E+03 4.90E+02 8.58E+02 3.30E+01 1.40E+03   5.52E+03 
 
-1.11E+04 -5.36E+02 -2.38E+03 4.93E+03 6.89E+03   1.05E+04 
MBT -1.33E+04 -5.03E+03 -4.66E+03 -5.48E+03 -4.12E+03 -5.52E+03   
 
-1.99E+04 -9.78E+03 -1.21E+04 -5.06E+03 -5.72E+03 -1.05E+04   
  Global warming potential (GWP) (kg of CO2.eq) 
 
Global warming potential (GWP) (kg of CO2.eq) 
BAU   2.79E+06 2.22E+06 1.20E+06 2.07E+06 2.29E+06 3.55E+06 
 
  3.15E+06 2.89E+06 1.24E+06 2.19E+06 2.87E+06 5.18E+06 
AcoD -2.79E+06   -5.77E+05 -1.60E+06 -7.24E+05 -5.07E+05 7.61E+05 
 
-3.15E+06   -2.99E+05 -1.86E+06 -1.36E+06 -3.12E+05 2.05E+06 
INSINK -2.22E+06 5.77E+05   -1.02E+06 -1.47E+05 6.97E+04 1.34E+06 
 
-2.89E+06 2.99E+05   -1.36E+06 -3.28E+05 2.61E+05 2.63E+06 
COMP -1.20E+06 1.60E+06 1.02E+06   8.73E+05 1.09E+06 2.36E+06 
 
-1.24E+06 1.86E+06 1.36E+06   9.56E+05 1.62E+06 3.98E+06 
HCOMP -2.07E+06 7.24E+05 1.47E+05 -8.73E+05   2.17E+05 1.49E+06 
 
-2.19E+06 1.36E+06 3.28E+05 -9.56E+05   5.77E+05 3.04E+06 
SAD -2.29E+06 5.07E+05 -6.97E+04 -1.09E+06 -2.17E+05   1.27E+06 
 
-2.87E+06 3.12E+05 -2.61E+05 -1.62E+06 -5.77E+05   2.43E+06 
MBT -3.55E+06 -7.61E+05 -1.34E+06 -2.36E+06 -1.49E+06 -1.27E+06   
 
-5.18E+06 -2.05E+06 -2.63E+06 -3.98E+06 -3.04E+06 -2.43E+06   
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1.1.5 CASE 2 (UNCERTAINTY ASSESSMENT – ROW’S IMPACT SUBTRACT COLUMNS IMPACT) 
 
Case 2 - Baseline results   
 
Case 2 - Uncertainty results 
  Abiotic depletion (ADP) (kg of Sb eq.) 
 
Abiotic depletion (ADP) (kg of Sb eq.) 
  BAU AcoD INSINK COMP HCOMP SAD MBT 
 
BAU AcoD INSINK COMP HCOMP SAD MBT 
BAU   1.12E+00 -3.02E+00 2.51E+00 3.29E+00 -1.90E-01 -3.53E+00 
 
  1.19E+00 1.74E+02 3.95E+00 3.55E+00 -3.83E-02 -3.46E+00 
AcoD -1.12E+00   -4.13E+00 1.40E+00 2.17E+00 -1.31E+00 -4.65E+00 
 
-1.19E+00   6.54E+00 1.74E+00 2.26E+00 -1.56E+00 -4.90E+00 
INSINK 3.02E+00 4.13E+00   5.53E+00 6.31E+00 2.83E+00 -5.17E-01 
 
-1.74E+02 -6.54E+00   4.07E+00 7.35E+00 4.41E+01 -5.32E+00 
COMP -2.51E+00 -1.40E+00 -5.53E+00   7.75E-01 -2.70E+00 -6.05E+00 
 
-3.95E+00 -1.74E+00 -4.07E+00   6.69E-01 -3.98E+00 -6.58E+00 
HCOMP -3.29E+00 -2.17E+00 -6.31E+00 -7.75E-01   -3.48E+00 -6.82E+00 
 
-3.55E+00 -2.26E+00 -7.35E+00 -6.69E-01   -1.95E+00 -6.79E+00 
SAD 1.90E-01 1.31E+00 -2.83E+00 2.70E+00 3.48E+00   -3.34E+00 
 
3.83E-02 1.56E+00 -4.41E+01 3.98E+00 1.95E+00   -3.73E+00 
MBT 3.53E+00 4.65E+00 5.17E-01 6.05E+00 6.82E+00 3.34E+00   
 
3.46E+00 4.90E+00 5.32E+00 6.58E+00 6.79E+00 3.73E+00   
  Fossil fuel depletion (FFDP) (MJ) 
 
Fossil fuel depletion (FFDP) (MJ) 
BAU   2.00E+07 3.07E+06 -2.08E+07 -9.38E+06 -1.31E+07 -6.07E+07 
 
  1.70E+07 9.96E+07 -1.61E+07 -5.94E+06 -1.29E+07 -4.74E+07 
AcoD -2.00E+07   -1.69E+07 -4.08E+07 -2.94E+07 -3.31E+07 -8.07E+07 
 
-1.70E+07   1.53E+07 -3.39E+07 -2.20E+07 -2.82E+07 -6.32E+07 
INSINK -3.07E+06 1.69E+07   -2.38E+07 -1.25E+07 -1.62E+07 -6.37E+07 
 
-9.96E+07 -1.53E+07   -2.23E+07 -5.75E+06   -5.15E+07 
COMP 2.08E+07 4.08E+07 2.38E+07   1.14E+07 7.62E+06 -3.99E+07 
 
1.61E+07 3.39E+07 2.23E+07   1.04E+07 3.70E+06 -2.75E+07 
HCOMP 9.38E+06 2.94E+07 1.25E+07 -1.14E+07   -3.76E+06 -5.13E+07 
 
5.94E+06 2.20E+07 5.75E+06 -1.04E+07   -4.92E+06 -4.17E+07 
SAD 1.31E+07 3.31E+07 1.62E+07 -7.62E+06 3.76E+06   -4.75E+07 
 
1.29E+07 2.82E+07 -8.91E+06 -3.70E+06 4.92E+06   -3.58E+07 
MBT 6.07E+07 8.07E+07 6.37E+07 3.99E+07 5.13E+07 4.75E+07   
 
4.74E+07 6.32E+07 5.15E+07 2.75E+07 4.17E+07 3.58E+07   
  Ozone layer depletion (ODP) (kg of CFC-11 eq.) 
 
Ozone layer depletion (ODP) (kg of CFC-11 eq.) 
BAU   2.86E+01 3.15E+01 2.89E+01 3.24E+01 2.86E+01 8.11E+01 
 
  2.90E+01 -2.96E+01 2.55E+01 3.39E+01 3.04E+01 7.75E+01 
AcoD -2.86E+01   2.89E+00 3.29E-01 3.81E+00 -1.16E-02 5.25E+01 
 
-2.90E+01   -3.03E+00 -5.47E-01 3.96E+00 -7.58E-03 5.31E+01 
INSINK -3.15E+01 -2.89E+00   -2.56E+00 9.23E-01 -2.90E+00 4.96E+01 
 
2.96E+01 3.03E+00   -3.08E+00 1.25E+00 -2.60E+00 5.12E+01 
COMP -2.89E+01 -3.29E-01 2.56E+00   3.48E+00 -3.40E-01 5.22E+01 
 
-2.55E+01 5.47E-01 3.08E+00   4.43E+00 1.08E-01 5.49E+01 
HCOMP -3.24E+01 -3.81E+00 -9.23E-01 -3.48E+00   -3.82E+00 4.87E+01 
 
-3.39E+01 -3.96E+00 -1.25E+00 -4.43E+00   -4.16E+00 4.87E+01 
SAD -2.86E+01 1.16E-02 2.90E+00 3.40E-01 3.82E+00   5.25E+01 
 
-3.04E+01 7.58E-03 2.60E+00 -1.08E-01 4.16E+00   5.27E+01 
MBT -8.11E+01 -5.25E+01 -4.96E+01 -5.22E+01 -4.87E+01 -5.25E+01   
 
-7.75E+01 -5.31E+01 -5.12E+01 -5.49E+01 -4.87E+01 -5.27E+01   
  Human toxicity (HTox) (kg 1,4-DB eq.) 
 
Human toxicity (HTox) (kg 1,4-DB eq.) 
BAU   -3.39E+05 2.69E+05 -2.15E+05 8.85E+05 -4.95E+05 -8.35E+06 
 
  1.84E+05 -5.42E+07 -7.37E+05 4.85E+05 -9.19E+05 -1.12E+07 
AcoD 3.39E+05   6.08E+05 1.24E+05 1.22E+06 -1.56E+05 -8.01E+06 
 
-1.84E+05   -6.24E+05 -1.68E+06 8.58E+05 -5.07E+05 -1.05E+07 
INSINK -2.69E+05 -6.08E+05   -4.84E+05 6.16E+05 -7.64E+05 -8.62E+06 
 
5.42E+07 6.24E+05   7.09E+05 -7.37E+06 -3.84E+07 -1.36E+07 
COMP 2.15E+05 -1.24E+05 4.84E+05   1.10E+06 -2.80E+05 -8.14E+06 
 
7.37E+05 1.68E+06 -7.09E+05   1.13E+06 6.93E+05 -9.26E+06 
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HCOMP -8.85E+05 -1.22E+06 -6.16E+05 -1.10E+06   -1.38E+06 -9.24E+06 
 
-4.85E+05 -8.58E+05 7.37E+06 -1.13E+06   -1.31E+06 -1.02E+07 
SAD 4.95E+05 1.56E+05 7.64E+05 2.80E+05 1.38E+06   -7.86E+06 
 
9.19E+05 5.07E+05 3.84E+07 -6.93E+05 1.31E+06   -8.76E+06 
MBT 8.35E+06 8.01E+06 8.62E+06 8.14E+06 9.24E+06 7.86E+06   
 
1.12E+07 1.05E+07 1.36E+07 9.26E+06 1.02E+07 8.76E+06   
  Photochemical oxidation (POP) (kg of C2H4 eq.) 
 
Photochemical oxidation (POP) (kg of C2H4 eq.) 
BAU   8.00E+02 8.27E+02 1.05E+03 1.35E+03 8.23E+02 2.34E+03 
 
  7.90E+02 1.94E+03 1.07E+03 1.38E+03 8.93E+02 2.39E+03 
AcoD -8.00E+02   2.69E+01 2.47E+02 5.49E+02 2.24E+01 1.54E+03 
 
-7.90E+02   -9.73E-01 2.67E+02 5.95E+02 5.32E+01 1.59E+03 
INSINK -8.27E+02 -2.69E+01   2.20E+02 5.22E+02 -4.56E+00 1.52E+03 
 
-1.94E+03 9.73E-01   1.80E+02 6.55E+02 5.93E+02 1.51E+03 
COMP -1.05E+03 -2.47E+02 -2.20E+02   3.02E+02 -2.25E+02 1.30E+03 
 
-1.07E+03 -2.67E+02 -1.80E+02   2.98E+02 -2.56E+02 1.27E+03 
HCOMP -1.35E+03 -5.49E+02 -5.22E+02 -3.02E+02   -5.27E+02 9.95E+02 
 
-1.38E+03 -5.95E+02 -6.55E+02 -2.98E+02   -4.75E+02 1.00E+03 
SAD -8.23E+02 -2.24E+01 4.56E+00 2.25E+02 5.27E+02   1.52E+03 
 
-8.93E+02 -5.32E+01 -5.93E+02 2.56E+02 4.75E+02   1.50E+03 
MBT -2.34E+03 -1.54E+03 -1.52E+03 -1.30E+03 -9.95E+02 -1.52E+03   
 
-2.39E+03 -1.59E+03 -1.51E+03 -1.27E+03 -1.00E+03 -1.50E+03   
  Acidification (AP) (kg of SO2 eq.) 
 
Acidification (AP) (kg of SO2 eq.) 
BAU   9.45E+03 -5.92E+02 -1.00E+04 -6.43E+03 -6.91E+03 -3.60E+04 
 
  7.66E+03 7.81E+04 -7.30E+03 -4.25E+03 -6.59E+03 -2.71E+04 
AcoD -9.45E+03   -1.00E+04 -1.95E+04 -1.59E+04 -1.64E+04 -4.55E+04 
 
-7.66E+03   9.25E+03 -1.55E+04 -1.15E+04 -1.35E+04 -3.42E+04 
INSINK 5.92E+02 1.00E+04   -9.45E+03 -5.83E+03 -6.32E+03 -3.55E+04 
 
-7.81E+04 -9.25E+03   -8.86E+03 -1.23E+03 9.85E+03 -2.66E+04 
COMP 1.00E+04 1.95E+04 9.45E+03   3.62E+03 3.13E+03 -2.60E+04 
 
7.30E+03 1.55E+04 8.86E+03   3.20E+03 9.73E+02 -1.79E+04 
HCOMP 6.43E+03 1.59E+04 5.83E+03 -3.62E+03   -4.85E+02 -2.96E+04 
 
4.25E+03 1.15E+04 1.23E+03 -3.20E+03   -9.14E+02 -2.28E+04 
SAD 6.91E+03 1.64E+04 6.32E+03 -3.13E+03 4.85E+02   -2.91E+04 
 
6.59E+03 1.35E+04 -9.85E+03 -9.73E+02 9.14E+02   -2.13E+04 
MBT 3.60E+04 4.55E+04 3.55E+04 2.60E+04 2.96E+04 2.91E+04   
 
2.71E+04 3.42E+04 2.66E+04 1.79E+04 2.28E+04 2.13E+04   
  Eutrophication (ETP) (kg of PO4 eq.) 
 
Eutrophication (ETP) (kg of PO4 eq.) 
BAU   2.47E+04 2.67E+04 2.89E+04 3.24E+04 2.82E+04 5.33E+04 
 
  2.83E+04 1.08E+05 4.82E+04 4.75E+04 3.26E+04 6.90E+04 
AcoD -2.47E+04   1.98E+03 4.25E+03 7.72E+03 3.48E+03 2.86E+04 
 
-2.83E+04   6.14E+03 1.87E+04 2.19E+04 4.92E+03 4.31E+04 
INSINK -2.67E+04 -1.98E+03   2.27E+03 5.74E+03 1.50E+03 2.66E+04 
 
-1.08E+05 -6.14E+03   1.99E+04 2.97E+04 5.47E+04 3.91E+04 
COMP -2.89E+04 -4.25E+03 -2.27E+03   3.47E+03 -7.69E+02 2.44E+04 
 
-4.82E+04 -1.87E+04 -1.99E+04   7.13E+01 -1.86E+04 2.20E+04 
HCOMP -3.24E+04 -7.72E+03 -5.74E+03 -3.47E+03   -4.23E+03 2.09E+04 
 
-4.75E+04 -2.19E+04 -2.97E+04 -7.13E+01   -3.23E+03 2.17E+04 
SAD -2.82E+04 -3.48E+03 -1.50E+03 7.69E+02 4.23E+03   2.51E+04 
 
-3.26E+04 -4.92E+03 -5.47E+04 1.86E+04 3.23E+03   2.58E+04 
MBT -5.33E+04 -2.86E+04 -2.66E+04 -2.44E+04 -2.09E+04 -2.51E+04   
 
-6.90E+04 -4.31E+04 -3.91E+04 -2.20E+04 -2.17E+04 -2.58E+04   
  Global warming potential (GWP) (kg of CO2.eq) 
 
Global warming potential (GWP) (kg of CO2.eq) 
BAU   5.93E+06 4.66E+06 1.60E+06 3.31E+06 3.24E+06 3.80E+06 
 
  5.63E+06 5.93E+06 1.32E+06 3.43E+06 3.51E+06 4.99E+06 
AcoD -5.93E+06   -1.27E+06 -4.33E+06 -2.62E+06 -2.69E+06 -2.13E+06 
 
-5.63E+06   1.13E+06 -3.93E+06 -1.75E+06 -2.27E+06 -4.82E+05 
INSINK -4.66E+06 1.27E+06   -3.07E+06 -1.35E+06 -1.42E+06 -8.63E+05 
 
-5.93E+06 -1.13E+06   -3.30E+06 -5.75E+05 1.76E+06 -2.40E+05 
COMP -1.60E+06 4.33E+06 3.07E+06   1.72E+06 1.65E+06 2.20E+06 
 
-1.32E+06 3.93E+06 3.30E+06   1.57E+06 1.30E+06 3.59E+06 
HCOMP -3.31E+06 2.62E+06 1.35E+06 -1.72E+06   -6.95E+04 4.89E+05 
 
-3.43E+06 1.75E+06 5.75E+05 -1.57E+06   -9.94E+04 1.39E+06 
SAD -3.24E+06 2.69E+06 1.42E+06 -1.65E+06 6.95E+04   5.58E+05 
 
-3.51E+06 2.27E+06 -1.76E+06 -1.30E+06 9.94E+04   1.50E+06 
MBT -3.80E+06 2.13E+06 8.63E+05 -2.20E+06 -4.89E+05 -5.58E+05   
 
-4.99E+06 4.82E+05 2.40E+05 -3.59E+06 -1.39E+06 -1.50E+06   
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CHAPTER 9 SUPPLEMENTARY MATERIAL 
BUDGET AND TRANSFER COSTS – GLOBAL 
 
Global          
Item Rate Unit Detail Reference 
Supperannuation 9.50% of 
hourly 
rate 
 Legislated rate 
Purchase Electricity_Case 
1 
 $                     0.16  kWh high use industrial Market data 2016 
Purchase Electricity_Case 
2 
 $                     0.17  kWh high use industrial Market data 2016 
Diesel_Case 1  $                     1.06  L excludes excise Market data 2016 
Diesel_Case 2  $                     1.08  L excludes excise Market data 2016 
Landfill Levy_Case 1  $                   62.15  Mg  Legislated rate 
Landfill Levy_Case 2  $                135.70  Mg  Legislated rate 
Sale of wholesale 
electricity_Case 1 
 $                   0.046  kWh  Australian Energy Market Operator 
Sale of wholesale 
electricity_Case 2 
 $                   0.052  kWh  Australian Energy Market Operator 
Green certificate  $                   85.00  MWh  Green markets average for 2016 
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BUDGET AND TRANSFER COSTS – COLLECTION PROCESS 
 
Collection         
Item Rate Unit Detail Reference 
Diesel (VIC)  $                     1.06  L Market price state specific subtract excise AIP pricing 
Diesel (NSW)  $                     1.08  L Market price state specific subtract excise AIP pricing 
Diesel required Modelled   Edwards et al. 2016 
Labour (Total) Modelled  Modelled per system   
Labour (Driver) Modelled  $33.13 / hour (Payscale, 2017) 
Labour (Runner) Modelled  $25/ hour (Payscale, 2017) 
Labour (Admin) Modelled  $26.55/ hour, 0.3 admin staff required per truck (Payscale, 2017) 
Labour (Management) Modelled  $35.5 / hour, 0.15 management staff required 
per truck 
(Payscale, 2017) 
Runner per truck_Case 1 0.5 p Peri-urban Assumption 
Runner per truck_Case 2 1 p Inner urban  Assumption 
Labour (benefits) Modelled  9.5% of total labour Legislated rate of superannuation 
Truck (Capital) Modelled  Annuity of $400,000 capial expenditure over 
truck lifetime using Eq 4 
Martinez et al 2015 
Trucks required Modelled   Edwards et al. 2016 
Truck lifetime Modelled  Using 540,000 km as average lifetime  Edwards et al. 2016 
Truck O&M  $          14,000.00  truck  Freight metrics 2017 
Truck insurance  $             5,000.00  truck  Garbage truck insurance 2017 
Wheelie bin cost  $                   48.71  p Bulk savings Wheeliebins online 2017 
Kitchen caddy cost  $                   11.21  p Bulk savings Wheeliebins online 2017 
Bin replacement  10% annually  Assumption 
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In-sink macerator  $                183.60  p Bulk savings Bunnings warehouse 2017 
In-sink installation  $                   63.90  p Bulk savings (Payscale, 2017) 
In-sink replacement  10% annually  Assumption 
Home composter  $                   51.75  p Bulk savings (Compostinghome 2017) 
Composter replacement  10% annually  Assumption 
Advertising_continual  $                     0.80  hh on-going waste management advertsing costs Hyder consulting 2012 
Advertsing_new  $                     2.50  hh Implemented for one year only Hyder consulting 2012 
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BUDGET AND TRANSFER COSTS – PRE-TREATMENT  
1.1.6 MECHANICAL 
 
Mechanical sorting pre-
treatment 
        
Item Rate Unit Detail Reference 
Capital  $        384,598.00  p Annuity of $5.6 Mil, over 25 years (scaled for a 
150,000 Mg/a capacity plant) 
Jefferies (The Ross 3.0) Inside waste 
magazine Dec 2016 p 38 Ong, J 
Labour (Total)  $    1,319,650.10  p (scaled for a 150,000 Mg/a capacity plant)  
Floor Manager  $        234,686.00  2 
workers 
(scaled for a 150,000 Mg/a capacity plant) (Payscale, 2017) 
Line worker  $        792,997.10  15 
workers 
(scaled for a 150,000 Mg/a capacity plant) (Payscale, 2017) 
Operator  $        132,000.00  2 
workers 
(scaled for a 150,000 Mg/a capacity plant) (Payscale, 2017) 
Maintenance engineer  $          90,742.00  1 
worker 
(scaled for a 150,000 Mg/a capacity plant) (Payscale, 2017) 
Office management   $          69,225.00  1 
worker 
(scaled for a 150,000 Mg/a capacity plant) (Payscale, 2017) 
Labour (benefits)  $        125,366.76  annually 9.5% of total labour Legislated rate of superannuation 
Site lease  $        337,500.00  annually (scaled for a 150,000 Mg/a capacity plant)  
Maintenance & supplies  $          11,537.94  annually 3% Martinez et al (2015) 
Replacement costs & 
insurance 
 $                576.90  annually 0.15% Martinez et al (2015) 
Electricity use Modelled  Depends on system using factor of 29 kWh/Mg 
throughput 
Edwards et al 2017 
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Water use Modelled  Depends on system using factor at 0.97 m3/Mg 
throughput 
Edwards et al 2017 
Diesel use Modelled  Depends on system using factor at 1.89 L/Mg 
throughput 
Edwards et al 2017 
Disposal to landfill Modelled  Range depends on system. Including levy $161-
$178 Case 2, $97-$101 Case 1 
Edwards et al 2017 
 
1.1.7 IN-SINK AND SEWER 
 
INSINK pre-treatment         
Item Rate Unit Detail Reference 
Sewer access charge  $                     2.02  kL Household sewer costs Yarra valley water 
Labour at water utility  $          66,000.00  annually Additional cost per 5000 Mg of FW collected  
Electricity at treatment 
plant 
Modelled  1,875 kWh/Mg of BOD removed Sydney Water 
Materials   $                     0.01  kL   
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BUDGET AND TRANSFER COSTS – TREATMENT  
1.1.8 SLUDGE DIGESTION 
 
Sludge digestion         
Item Rate Unit Detail Reference 
Capital   $        227,430.00  p Annuity determined from $3.2 Mil over 25 years 
(scaled for a 8,500 m3/a capacity plant) 
Strand & Associates 2010 
Labour  $        274,085.00  annually 8,500 m3/a capacity plant Expert's qualified assessment 
Operator  1 
worker 
8,500 m3/a capacity plant (Payscale, 2017) 
Maintenance  $          90,742.00  1 
worker 
8,500 m3/a capacity plant (Payscale, 2017) 
Manager  $        117,343.00  1 
worker 
8,500 m3/a capacity plant (Payscale, 2017) 
Labour (benefits)  $          26,038.08  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 15.4 
kWh/Mg throughput 
 
Maintenance, materials, 
supplies, insurance 
 $          35,100.00  annually 8,500 m3 capacity plant Strand & Associates 2010 
Disposal Modelled  Depends on biosolids generated at $17.9/Mg 
biosolds 
Strand & Associates 2010 
Combined heat and 
power 
Modelled  Depends on biogas generated and electricity 
output at  $0.02/kWh 
Sydney water 
Electricity sales and 
green certificates 
Modelled  Depends on biogas generated and electricity 
output  
 
Biosolids handling   $                     1.99  Mg of biosolids  
Joel Edwards PhD Thesis  Appendix – Page 307 
 
Biosolids sales  $                          -       
     
 
1.1.9 CO- DIGESTION 
 
Co-digestion (these are in addition to costs for sludge 
digestion) 
    
Item Rate Unit Detail Reference 
Additional capital*   $                446.88  p Annuity of new pumps, pipes, control 
equipment ($113,400) over 25 years. Cost item 
for AcoD only, exclude from INSINK (scaled for a 
8,500 m3/a capacity plant) 
Strand & Associates 2010 
Additional labour   $          66,000.00  1 
worker 
Additional operator   
Labour (benefits)  $             6,270.00  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 15.4 
kWh/Mg throughput 
 
Maintenance, materials, 
supplies, insurance 
 $          44,793.00  annually 8,500 m3 capacity plant Strand & Associates 2010 
Disposal biosolids Modelled  Depends on biosolids generated at $17.9/Mg 
biosolds 
Strand & Associates 2010 
Biosolids sales  $                   10.00   Assumed to be equivalent to low quality 
compost  
 
Combined heat and 
power 
Modelled  Depends on biogas generated and electricity 
output at  $0.02/kWh 
Sydney water 
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1.1.10 FW ONLY DIGESTION 
 
FW digestion (SAD)         
Item Rate Unit Detail Reference 
Capital   $    2,047,112.95  p Annuity determined from $30.4 Mil over 25 
years (scaled for a  60,000 Mg/a capacity plant) 
(Moriarty 2014) 
Labour  $        274,085.00  annually 8,500 m3/a capacity plant Expert's qualified assessment 
Operator  $          66,000.00  1 
worker 
8,500 m3/a capacity plant Expert's qualified assessment 
Maintenance  $          90,742.00  1 
worker 
8,500 m3/a capacity plant Expert's qualified assessment 
Manager  $        117,343.00  1 
worker 
8,500 m3/a capacity plant Expert's qualified assessment 
Labour (benefits)  $          26,038.08  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 25.8 
kWh/Mg throughput 
 
Maintenance, materials, 
supplies, insurance 
 $        300,450.00  annually 8,500 m3/a capacity plant Expert's qualified assessment 
Disposal biosolids Modelled  Depends on biosolids generated at $17.9/Mg 
biosolds 
Strand & Associates 2010 
Biosolids sales  $                   10.00   Assumed to be equivalent to low quality 
compost  
 
Combined heat and 
power 
Modelled  Depends on biogas generated and electricity 
output at  $0.02/kWh 
Sydney water 
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1.1.11 MBT   
 
Mechanical biological 
treament 
        
Item Rate Unit Detail Reference 
Capital   $    4,552,501.20  p Annuity determined from $66.8 Mil over 25 
years (scaled for a  182,000 Mg/a capacity plant) 
(Tauvel 2006)  
Labour  $    1,313,745.73  annually  182,000 Mg/a capacity plant (DEFRA 2013) 
 Line worker   $        528,664.73  5 
workers 
 182,000 Mg/a capacity plant (DEFRA 2013) 
 Plant manager   $        117,343.00  2 
workers 
 182,000 Mg/a capacity plant (DEFRA 2013) 
 Operator   $        132,000.00  2 
workers 
 182,000 Mg/a capacity plant (DEFRA 2013) 
 Maintenance engineer   $        362,968.00  4 
workers 
 182,000 Mg/a capacity plant (DEFRA 2013) 
 Management    $          69,225.00  1 
worker 
 182,000 Mg/a capacity plant (DEFRA 2013) 
 Admin   $        103,545.00  2 
workers 
 182,000 Mg/a capacity plant (DEFRA 2013) 
Labour (benefits)  $        124,805.84  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 77.4 
kWh/Mg throughput 
 
Maintenance, materials, 
supplies, insurance 
 $    2,672,640.00  annually  182,000 Mg/a capacity plant Expert's qualified assessment 
Disposal biosolids Modelled  Depends on biosolids generated at $17.9/Mg Strand & Associates 2010 
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biosolds 
Biosolids sales  $                   10.00   Assumed to be equivalent to low quality 
compost  
 
Combined heat and 
power 
Modelled  Depends on biogas generated and electricity 
output at  $0.02/kWh 
Sydney water 
     
 
 
1.1.12 COMPOSTING GW ONLY 
 
Composting (garden 
waste only) 
        
Item Rate Unit Detail Reference 
Capital   $        321,247.52  p Annuity determined from $4.7 Mil over 25 years 
(scaled for a 40,000 Mg/a capacity plant) 
(Haaren et al 2010) 
Labour  $        725,141.26  annually 40,000 Mg/a capacity plant Expert's qualified assessment 
Line workers  $        475,798.26  9 
workers 
40,000 Mg/a capacity plant Expert's qualified assessment 
Operator  $        132,000.00  2 
workers 
40,000 Mg/a capacity plant Expert's qualified assessment 
Plant manager  $        117,343.00  1 
worker 
40,000 Mg/a capacity plant Expert's qualified assessment 
Labour (benefits)  $          68,888.42  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 0.2 kWh/Mg 
throughput 
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Diesel (including 
transport to farm gate) 
Modelled  Depends on system using factor of 4.0 L/Mg 
throughput 
 
Maintenance, materials, 
supplies, insurance 
 $          47,148.75  annually 40,000 Mg/a capacity plant Expert's qualified assessment 
Disposal of contaminants 
to landfill 
Modelled  Range depends on system. Including levy $161-
$178 Case 2, $97-$101 Case 1 
Edwards et al 2017 
Compost sales Modelled  Depends on system. Compost price $11/Mg 
woodchips $17.5/Mg 
Expert's qualified assessment 
 
 
1.1.13 COMPOSTING FW AND GW  
 
Composting (garden 
waste and food waste) 
        
Item Rate Unit Detail Reference 
Capital   $        381,955.71  p Annuity determined from $4.7 Mil over 25 years 
(scaled for a 40,000 Mg/a capacity plant) 
(Haaren et al 2010) 
Labour  $    1,174,340.10  annually 40,000 Mg/a capacity plant Expert's qualified assessment 
Line workers  $        792,997.10   40,000 Mg/a capacity plant Expert's qualified assessment 
Operator  $        264,000.00  4 
workers 
40,000 Mg/a capacity plant Expert's qualified assessment 
Plant manager  $        117,343.00  1 
worker 
40,000 Mg/a capacity plant Expert's qualified assessment 
Labour (benefits)  $        111,562.31  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 0.2 kWh/Mg  
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throughput 
Diesel (including 
transport to farm gate) 
Modelled  Depends on system using factor of 0.2 kWh/Mg 
throughput 
 
Maintenance, materials, 
supplies, insurance 
 $          56,058.75  annually 40,000 Mg/a capacity plant Expert's qualified assessment 
Disposal of contaminants 
to landfill 
Modelled  Range depends on system. Including levy $161-
$178 Case 2, $97-$101 Case 1 
Edwards et al 2017 
     
 
 
1.1.14 LANDFILL 
 
Landfill         
Item Rate Unit Detail Reference 
Capital   $  12,746,374.37  p Annuity determined from $88 Mil over 9 years 
(scaled for a 1,000,000 Mg/a capacity plant) 
Case 1 data and (Duffy 2016) 
Labour  $  15,314,397.54  annually 1,000,000 Mg/a capacity plant Access economics (2009) 
Site workers, earth 
moving, monitoring  
 $    9,780,297.54  150 
workers 
1,000,000 Mg/a capacity plant Access economics (2009) 
Engineer, consultants, 
design 
 $    1,218,750.00  25 
workers 
1,000,000 Mg/a capacity plant Access economics (2009) 
Admin, office, sales  $    3,016,650.00  65 
workers 
1,000,000 Mg/a capacity plant Access economics (2009) 
Manager  $    1,298,700.00  20 
workers 
1,000,000 Mg/a capacity plant Access economics (2009) 
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Labour (benefits)  $        929,128.27  annually 9.5% of total labour Legislated rate of superannuation 
Electricity  Modelled  Depends on system using factor of 2.8 kWh/Mg  
Diesel Modelled  Depends on system using factor of 1.2 L/Mg   
Maintenance, materials, 
supplies, insurance 
 $        322,596.74  annually 1,000,000 Mg/a capacity plant Expert's qualified assessment 
Gas collection system  $    2,371,200.00  annually 1,000,000 Mg/a capacity plant (Duffy 2016) 
Leachate collection and 
treatment system 
 $    4,742,400.00  annually 1,000,000 Mg/a capacity plant (Duffy 2016) 
Combined heat and 
power 
Modelled  Depends on biogas generated and electricity 
output at  $0.02/kWh 
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